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Abstract 

This thesis aimed to develop methodologies for identifying biodiversity 

conservation priorities in fragmented landscapes while considering meta-population 

dynamics and species' habitat connectivity. The research encompassed several key 

aspects of biodiversity conservation in degraded landscape as mapping biotope and 

species corridors connecting them. 

To begin, the study focused on delineating landscape elements using the concept 

of ecotopes, which are the smallest homogeneous units within a cartographic system. 

A novel approach utilizing spectral information and topography enhanced the 

ecological homogeneity of ecotope delineation. These ecotopes proved suitable for 

modeling biotope distribution, which is crucial for understanding landscape 

conservation priorities and guiding field inventories. 

Subsequently, a biotope modeling framework was developed to accurately predict 

the presence of multiple biotopes within a region by incorporating vegetation 

dynamics. The concept of Potential Natural Vegetation (PNV) was utilized, 

assigning biotopes to PNV categories. This approach resulted in a robust 

presence/absence dataset for calibration and exhibited significant improvements in 

model sensitivity compared to traditional methods. The importance of PNV 

modeling in capturing the historical ecological envelope of biotopes was 

underscored. 

Moving forward, the research explored the mapping of species corridors, using the 

case of the wildcat as an example. Various approaches were compared, including 

expert knowledge and modeling methods based on species observations. A data-

driven approach utilizing presence-only data outperformed others in terms of 

efficiency, while all approaches identified the same critical corridors, emphasizing 

the importance of maintaining connectivity. Graph analysis revealed different 

central patches crucial for landscape connectivity, suggesting the data-driven 

approach when accurate data are available and the knowledge-driven approach when 

understanding of species habitat is well established. 

The study then extended to modeling multiple species habitat networks to ensure 

landscape connectivity for species with different connectivity needs. A knowledge-

driven approach was employed by considering fragmentation-sensitive focal species 

and their associated life history traits. Cluster analysis grouped species based on 

sensitivity to fragmentation, facilitating species choice to perform graph-based 

analyses for prioritizing connectivity stakes.  

In conclusion, this thesis developed methodologies for identifying biodiversity 

conservation priorities in fragmented landscapes. The findings contribute to 

understanding and promoting landscape connectivity and emphasize the importance 

of incorporating such ecological considerations in landscape planning and 

management. 
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Résumé 

Cette thèse a pour objectif de développer des méthodologies pour identifier les 

priorités de conservation de la biodiversité dans des paysages fragmentés en tenant 

compte de la dynamique des méta-populations et de la connectivité des habitats des 

espèces. La recherche a englobé plusieurs aspects clés de la conservation de la 

biodiversité dans les paysages dégradés, tels que la cartographie des biotopes et des 

corridors d'espèces les reliant. 

Pour commencer, l'étude s'est concentrée sur la délimitation des éléments du 

paysage en utilisant le concept d'écotopes, qui sont les plus petites unités homogènes 

d’un système cartographique. Une nouvelle approche utilisant des données 

spectrales et la topographie a amélioré l'homogénéité écologique de la délimitation 

des écotopes. Ces écotopes se sont révélés adaptés pour modéliser la distribution des 

biotopes, ce qui est crucial pour comprendre les priorités de conservation du paysage 

et guider les inventaires sur le terrain. 

Ensuite, une approche de modélisation des biotopes a été développé pour prédire 

avec précision la présence de plusieurs biotopes dans une région en intégrant 

l’aspect dynamique des communautés végétales. Le concept de Végétation Naturelle 

Potentielle (VNP) a été utilisé pour regrouper les biotopes par contexte écologique. 

Cette approche a permis d'obtenir un ensemble de données de présence/absence 

robustes pour la calibration des modèles et a présenté des améliorations 

significatives de la sensibilité du modèle par rapport aux méthodes traditionnelles. 

L'importance de la modélisation des VNP pour saisir l’enveloppe écologique 

historique des biotopes a été soulignée. 

Par la suite, nous avons exploré la cartographie des corridors d'espèces, en utilisant 

l'exemple du chat sauvage. Différentes approches ont été comparées, notamment les 

connaissances d'experts et les méthodes de modélisation basées sur les observations 

d'espèces. Une approche basée sur les données de présence seule s'est avérée plus 

performante en termes d'efficacité, tandis que toutes les approches ont identifié les 

mêmes corridors critiques pour maintenir la connectivité du réseau. L'analyse des 

graphes a révélé différents points centraux cruciaux pour la connectivité du paysage, 

suggérant l'approche basée sur les données lorsque des données précises sont 

disponibles et l'approche basée sur les connaissances lorsque la compréhension de 

l'habitat des espèces est bien établie. 

La recherche s'est ensuite étendue à la modélisation de réseaux d'habitats de 

plusieurs espèces afin de garantir la connectivité du paysage pour des espèces ayant 

des besoins de connectivité différents. Une approche basée sur les connaissances a 

été utilisée en tenant compte des espèces focales sensibles à la fragmentation et de 

leurs traits de vie associés. L'analyse statistique par cluster a regroupé les espèces en 

fonction de leur sensibilité à la fragmentation, facilitant le choix des espèces pour 
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effectuer des analyses basées sur les graphes afin de prioriser les enjeux de 

connectivité.  

En conclusion, cette thèse a développé des méthodologies permettant d'identifier 

les priorités de conservation de la biodiversité dans les paysages fragmentés. Les 

résultats contribuent à la compréhension et à la promotion de la connectivité des 

paysages et soulignent l'importance de prendre en compte ces considérations 

écologiques dans la planification et la gestion des paysages. 
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1. Of landscapes and men 

1.1. Biodiversity loss: impacts and causes 

The current biodiversity loss we are facing represents an important threat as much 

important as climate change in spite of the low current media coverage (Cardinale et 

al., 2012). It negatively impacts the way ecosystems produce biomass, recycle 

nutrients and decompose. In other words, poorly diversified ecosystems perform 

less. Diverse ecosystems are more stable, insure their well-functioning through time 

and are more productive (Cardinale et al., 2012). As we depend on ecosystem 

products such as food, wood or medicines, we also depend on diversified 

ecosystems. This urgent topic caused the emergence of ecosystem services concept 

which encompass all goods and services provided by ecosystems to humans. 

Pollination, food production, hedges protection from floods and landslides and many 

more services important for human well-being (MILLENNIUM ECOSYSTEM 

ASSESSMENT (PROGRAM), 2005). More recently, teams of researchers are 

studying the link between biodiversity loss and pandemic emergence. The increasing 

frequency of infectious disease outbreaks such as wildlife disease and zoonose can 

be attributed to climate change, biodiversity loss, habitat degradation and increasing 

rate of wildlife-human contact (Schmeller et al., 2020). Given the profound 

implications of biodiversity loss for humanity, it has become imperative to promptly 

tackle this imminent peril. 

Main drivers of biodiversity loss were identified by researchers and there are five 

of them (IPBES, 2019), ordered by decreasing impacts:  

• change in land and sea use, 

• direct exploitation of organisms, 

• climate change, 

• pollution, 

• invasive alien species. 

Change in land and sea use is considered as the most important driver of 

biodiversity loss worldwide and the expansion of agriculture is one of the main 

reasons in terrestrial ecosystems. One third of them are now dedicated to crop or 

livestock production. Along with the expansion of urban areas, all these land-use 

changes are made to the detriment of natural ecosystems such as natural forests, 

grasslands and wetlands (IPBES, 2019). These changes in land use leads to a 

phenomenon that we all witness. Every day, we walk along roads or railroads to go 

to work, to do our shopping and to eat in the evening. On the ground, it is difficult to 

realize the impact these movements have on the landscape. However, a very small 

country has managed to make this phenomenon visible from space: Belgium. With a 

dense network of highways that are lit up all night long, Belgium has quickly 
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become a landmark for astronauts living on the ISS. By crossing the territory from 

one side to the other with its luminous features, the Belgian highways cut the 

territory and the terrestrial ecosystems. The large forests are thus cut into parts that 

will be very quickly nibbled by the expansion of intensive agriculture until only 

small natural areas remain, isolated from each other. This phenomenon which takes 

place throughout the world is called: landscape fragmentation. This alteration of 

landscapes due to human activities exerts a significant influence on species 

populations and the fundamental functioning of ecosystems, thereby threatening  

biodiversity. 

1.2. Definitions and components of landscapes 

Many disciplines study landscapes and there are as many different definitions. If 

we focus on common features, landscapes are characterized by the arrangement of 

different elements - called “patches” - and the variety of those elements creates 

heterogeneity in a defined area (Wiens, 2002). In a conservation perspective, 

landscape is for instance composed of vegetation community and/or different land-

cover. Those different patches, their spatial arrangement and their relations can be 

analysed to characterize the landscape (Wiens, 2002). Here is everything that is 

commonly used to define the landscape. In ecology, the concept of landscape is 

commonly interpreted as a scale. A landscape is therefore composed of different 

ecosystems and multiple landscapes could be encompassed in a biome (Forman, 

R.T.T. & Godron, M., 1986; Noss, 1991). This use of the landscape term as a scale 

portrays how humans love to order everything hierarchically. This view is clear 

when focusing on the different sub-topic in ecology. Community ecology focuses on 

the interaction between multiple species that can be studied separately in population 

ecology while the individual can be studied in autecology. The term landscape can 

also be used to refer to a holistic approach of ecology to find solutions to better 

manage natural resources (Soulé et al., 1991; Wiens, 1997). Finally, the last use of 

the landscape term in ecology of conservation is to emphasize on the effect of spatial 

patterns on ecological processes (Wiens, 1995; Wiens et al., 1993). This 

independently of the size of the studied area but more about the characteristics of the 

studied organism (Haila, 1999; Mac Nally, 1999). This can concern a region of 

thousands of kilometres square for large mammals but also a dozen ponds for 

amphibians. The concern of this approach is about how landscape structure can 

affect mechanisms influencing elements of conservation value such as populations 

or biodiversity. This is the approach we will follow to understand how landscape 

fragmentation affects landscape patterns and therefore species populations and 

biodiversity. 

But “spatial patterns” and “heterogeneity” may remain nebulous concept if we do 

not go further in understanding the features characterizing landscapes that are 

needed to understand what fragmentation is and how to measure it. Three features 

are generally used to characterize landscape. First, we have the composition 
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designating the nature of the elements composing landscapes. Then, the structure of 

the landscape is how those elements are arranged in space. Finally, the processes 

refer to the flows of organisms, material or disturbance within the landscape mosaic 

(Wiens, 2002). Landscape processes are more complicated to depict and measure as 

it relies on multiple and complex relationships. On the contrary, multiple features 

and measure can be easily extracted from maps or image of landscapes to describe 

its composition and structure (Wiens, 2002). We have measures that focuses on 

patches characteristics such as size, shape, perimeter or contrast. And others 

focusing on the mosaic such as the number of patches, patches diversity, patch size 

frequency distribution, edge density and many more. All these measures with the use 

of spatially referred biological data are the core of understanding and assess how 

landscape affects ecological processes. However, this implies that we characterize 

landscapes with elements that have defined border. Yet, those borders such as 

vegetation classifications are born from scientist’s mind after long debates (Bailey, 

1996; Monmonier, 1996). But these do not exist in nature where environmental 

variation occurs along a gradient. It is therefore important to keep in mind that maps 

and other representations are a simplification of the reality based on available data 

and knowledge and that results, and conclusion should be presented in consideration 

of this bias (Monmonier, 1996). 

1.3. Landscape changes 

1.3.1. Classification of landscape changes 

Some natural events have always altered the landscape to a greater or lesser extent, 

such as volcano eruptions, fires or long-term climate change (Bradstock et al., 2002; 

Croizat, 1960; Franklin, 1985; Thomas et al., 2004). However, only human activities 

have had such an impact on the landscape that causes enough habitat loss and 

landscape fragmentation to lead to a significant loss of biodiversity (Kerr and 

Deguise, 2004; Saunders, 1987). Significant landscape changes can take different 

forms because their reasons are also very different. However, landscape change has 

followed similar patterns around the world and can therefore be classified. The first 

classification of landscape modification was established by Forman (1995) who 

identifies 5 main categories of changes that affect the landscape in its spatial 

configuration: perforation, dissection, shrinkage, fragmentation and attrition 

(reducing the absolute number of patches) (Figure 1.1). The impact of these different 

modifications has been experimentally studied on insects and it has been shown that 

their populations react significantly differently depending on the type of spatial 

patterns they face (Collinge and Forman, 1998). Insect species richness falls 

significantly in a landscape affected by the reduction while it increases in a 

fragmented landscape. This can be explained by a refuge effect of species located in 

the area impacted by the changes. Individuals moving toward less impacted areas 

increase species richness in remnant patches. Other authors have also worked to 

describe changes in the landscape. They have developed a classification of these 
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changes by adding a temporal component influenced by an ever-increasing impact of 

human modifications over time (McIntyre and Hobbs, 1999). The landscape can thus 

be intact, then variegated, then fragmented and finally relictual (Figure 1.2). In this 

model, the authors suggest that the greater the human modifications, the less intact 

habitat remains. They also add that landscape elements obtain sharper boundaries as 

a result of human modification. These two models used to describe landscape 

changes can be seen in complementary ways. Indeed, both identify that landscape 

changes tend to create discontinuities in the remaining habitats and result in a 

decrease in the amount of vegetation. Vegetation patches are therefore increasingly 

distant from each other, connectivity between patches is decreasing and the edge 

surrounding the patches tends to increase. 

 

Figure 1.1: Visual examples of the 5 main type of landscape changes: Perforation (1), 

dissection (2), shrinkage (3), fragmentation (4) and attrition (5). Inspired from Forman 

(1995). 
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Figure 1.2: The evolution of human impacts on landscapes through time: Intact (1), 

variegated (2), fragmented (3) and relictual (4). Figure inspired from S. McIntyre & Hobbs 

(1999) 

1.3.2. Distribution and dynamic of landscape changes 

A particularity of landscape modifications that strongly impact the observed 

patterns comes from the fact that these modifications are not random. Man will tend 

to implement production activities in the most productive areas (Landsberg, J., 

1999). The remaining habitat patches will therefore tend to be limited to less 

productive areas such as steep slopes, poor soils, those where the rock is outcropping 

or too wet areas (Hall, 1988). This non-random trend of landscape change will then 

have different impacts on biodiversity. Firstly, species growing on productive soils 

will be more likely to become scarcer as a result of habitat loss since they cannot 

survive in more extreme conditions (Braithwaite, 2004; D. B. Lindenmayer et al., 

1991). It also implies that species abundance records in current landscapes are 

potentially far from what existed before human activities (Seabloom et al., 2002). 

This is the case for some previously abundant plant species that will only be found 

in low numbers in hedgerows in agricultural landscapes where they persist (Godwin 
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H., 1975). This implies that it is important to keep representative elements of the 

ancestral landscape in productive areas (Lindenmayer and Burgman, 2005). Even if 

these elements may seem strongly degraded or having too small surfaces. Finally, it 

is important to take into account this non-random character of landscape changes 

when studying their effect on species populations (Fischer and Lindenmayer, 2007; 

Hobbs and Yates, 2003). Indeed, factors other than landscape fragmentation or patch 

size may impact species distribution. Some species may be absent from some 

relictual patches because they simply do not persist under these conditions. It is 

therefore important to understand the needs of species in depth before studying the 

impact of landscape changes on their populations. 

 

Figure 1.3: Evolution of forested area in France, England and the USA from the 1814 to 

2020. 

Another important aspect to consider when studying landscape change is the 

dynamics of these changes and the dynamics of ecosystems. The first example that 

comes to mind when we talk about landscape change is the degradation of large 

forest areas that are fragmented and reduced to small patches. However, this is not 

the evolution encountered everywhere on earth. In many parts of the world such as 

in the USA or in Europe, forest areas have increased for over a century (Figure 1.3). 

But these new forest areas, however, do not host as much biodiversity as natural old-

growth forests and it will take a long time before they reach similar levels (Hall et 
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al., 2002). The potential of these forests to support biodiversity will be further 

reduced if they are given over to silvicultural plantations. European landscapes have 

been managed by humans for a long time, which led to the concept of socio-

ecosystems. Human activities have maintained ecosystems that fostered unique 

biodiversity, which now require protection from intensified agricultural and forestry 

practices. Therefore, it is important to consider the distinctiveness of these 

ecosystems and the species' needs when managing the landscape. (Aanderaa et al., 

1996; Ratcliffe and Peterken, 1995). Ecosystems managed by humans can also be of 

paramount importance for critically endangered species such as the open cork oak 

plantation for the nearly extinct Lynx pardinus (Ferreras, 2001). 

Drivers of landscape changes in Europe 

As previously presented, the situation of the European landscape is complex. This 

is mainly due to an important cultural heritage of ancient agricultural practices that 

have shaped the landscape into a mosaic hosting an important biodiversity. The main 

source of landscape change in Europe is therefore its homogenization. Two main 

causes can be identified (Fry and Gustavsson, 1996). Firstly, the old agricultural and 

forestry practices have been pushed aside to the point of becoming marginal and 

have given way to an extreme intensification of raw material and food production. 

This phenomenon then leads to a second one. Agricultural and forestry areas with 

low productivity and high biodiversity occupied large areas. As they became more 

productive, they therefore tended to decrease in size, to specialize to the extreme, to 

become more intensive and therefore hosting less biodiversity. As a result of this 

homogenization, the landscape has lost its multi-functionality. There is therefore 

limited flexibility and few opportunities for recreational tourism and nature 

conservation due to the lack of available space. 

This land management has had a significant impact on European landscapes. In the 

Netherlands, the forests located in alluvial plains lost 90% of their surface area 

between 1900 and 1980. Over the same period, the country lost 80% of its 

hedgerows (Jongman & Leemans, 1982). In Provence (France), the abandonment of 

silvo-pastoral practices have led to a simplification of the landscape structure which 

is nevertheless very important for many species such as chiropterans (Hubert, 1991). 

Add to this the disappearance of agricultural areas in the urban fringe that has given 

way to other urban functions such as business park (Lucas and van Oort, 1993). This 

urban expansion has led to the creation of impermeable soils, barriers, and roads. 

The same holds true outside urban areas. The development of transportation 

infrastructure has also increased barriers for species in the landscape. This reduction 

of species' habitats, favoring intensive agriculture and forestry, along with the 

presence of impermeable barriers, is known as landscape fragmentation, as 

described by Forman. (1995). 
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1.4. Effect of landscape changes on species populations 

dynamics 

1.4.1. First theories and concepts 

To fully understand how landscape fragmentation affects species populations, we 

need to develop some conceptual frameworks used in ecology. The first concept is 

known as the habitat patch size – species richness relation. It has been repeatedly 

observed by naturalists in islands or patch of habitat that more the area sampled 

increases, more species are found in it (Gotelli, 1995; Rosenzweig, 1995; Wilcox, 

1980). The best-known example is the one of West Indies Island where multiple 

ecologists have studied this relation for numerous taxa (Wilcox, 1980). In all cases, 

they described a positive relationship between island area and species richness. To 

explain this observation, three important theories have been expressed. The first 

explanation to this phenomenon called passive sampling hypothesis says that if you 

increase the sampled area, you are more likely to observed individuals (Arrhenius, 

1921; Connor & McCoy, 1979; Williamson, M., 1981). If you increase your chances 

to see individuals, you therefore increase your chances to see new species. The 

habitat heterogeneity hypothesis suggests that bigger areas are more likely to contain 

a wider range of habitat types (Boecklen, 1986; MacArthur and Wilson, 2001; 

Rosenzweig, 1995; Williamson, M., 1981). Thus, more habitat type will host more 

species and increase species richness.  

The theory of island biogeography completes previous concept an states that 

species richness increases on larger islands due to a balance between the 

colonization and extinction rates of the island's populations. (MacArthur and 

Wilson, 2001). This hypothesis originated from studies of ant and bird populations 

on tropical islands, where an increase in species richness corresponded to larger 

island sizes. Ecologists explain this phenomenon by proposing a balance between 

the rates of extinction and colonization experienced by species on the island. The 

colonization rate is primarily influenced by the distance of the island from the 

mainland, as species tend to disperse more easily to nearby islands. On the other 

hand, the extinction rate is influenced by the island's size, with smaller islands 

having a lower capacity to support large populations and thus being more vulnerable 

to extinction events. The equilibrium population size on each island is reached when 

the extinction rate intersects with the colonization rate (Figure 1.4). Based on this 

theory, larger islands close to the mainland are more likely to have higher species 

richness, while smaller remote islands are more likely to have lower species 

richness. Although initially observed on oceanic islands, this theory has been applied 

to fragmented terrestrial ecosystems with some modifications. 
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Figure 1.4: Persistence of specie populations depending on extinction rates and 

colonization rates. Figure inspired from Collinge (2009). 

The first modification comes from the rescue effect theory (Brown and Kodric-

Brown, 1977). The classical theory of island biogeography explains that the rate of 

colonization within islands is only influenced by the distance between the islands 

and the mainland. Although, these islands may be particularly close to the mainland 

as it is often the case with terrestrial ecosystems between large patches of habitat 

that function as springs and smaller patches undergoing immigration. In this case, 

the migration flow is so great that it may be greater than the extinction rate. This 

high rate of colonization therefore makes it possible to come to the rescue of remote 

populations before they reach a critical threshold of extinction. In this particular 

case, the extinction rate is no longer influenced only by the size of the islands but 

also by the distance between the islands, also affecting the species richness pattern. 

The appropriation of these theories on terrestrial ecosystems quickly led to the 

emergence of the concept of corridors (Diamond, 1975). These linear zones of 

vegetation/habitat connecting habitat patches to each other would reduce the 

distance between patches and improve the rates of immigration leading to a rescue 

effect to counterbalance extinction rates and thus increase species richness within 

fragmented landscapes. Small remote populations connected to bigger population 

would therefore be less vulnerable to extinction. This solution was therefore very 

quickly proposed for conservation purposes (A. F. Bennett, 1990; Saunders & 

Hobbs, 1991; Simberloff & Cox, 1987). However, when applied to terrestrial 
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habitats surrounded by a landscape of the same nature, it is interesting to also take 

into account the effect that the landscape matrix can have on species populations. In 

this case, species richness within habitat patches is no longer explained solely by 

colonization and extinction dynamics but also by other components of the landscape 

(R. T. Forman, 1995; J. A. Hilty et al., 2006; Murphy & Lovett-Doust, 2004; Wiens, 

1996). Certain landscape features can indeed have a positive effect on species 

richness such as landscape heterogeneity, habitat diversity and the size of patch core 

areas (R. T. Forman, 1995).  

1.4.2. Metapopulation theory 

The island biogeography theory and its modification made prediction of how 

isolation and patch size affects species richness of the local population. However, 

landscape level usually hosts multiple populations of the same species in interaction 

to each other. Levins (1969) conceive the metapopulation theory that explains how 

local population can undergo local extinction and colonization while the 

metapopulation persists if rates of extinction are balanced by colonization. The way 

the different populations are structured within the fragmented landscape will have an 

impact on the observed meta-population dynamics. For the same landscape 

composed of the same isolated habitat patches, it is possible that populations differ 

functionally. Different types of metapopulation have been studied in theory and 

practice (Figure 1.5). The classical representation of the metapopulation theory 

defines that even if patches can differ in size, quality and isolation they still have the 

same probability of extinction and colonization. Furthermore, each of these patches 

undergo fully independent dynamics. A possible variation of this theory is to state 

that the probability of extinction is not the same within patches. Patches with larger 

populations are less susceptible to extinction, while patches with smaller populations 

may experience local extinctions, but still persisting indefinitely. These mainland-

island metapopulations (Harrison et al., 1988) echo the concept from biogeographic 

island theory, except that the designation as mainland or island depends on habitat 

quality and not necessarily on patch size. Another possible configuration of 

metapopulations is the patchy population, which is not a metapopulation per se but 

rather a single, very large population that occupies different patch habitats. This is 

the case for populations of species that must distribute themselves in different 

patches to meet their food needs. Finally, a fourth variation of the metapopulation 

theory is that of the "non-equilibrium" metapopulation. It appears when the habitat 

patches are so isolated from each other that colonization phenomena are non-

existent. The small populations that die out are never replaced. Finally, it is 

important to note that different configurations can exist in the same landscape 

(Harrison, 1991; Harrison and Taylor, 1997). Conservation biologists must clearly 

identify the different variations of metapopulation theory because the solutions 

needed depend on the specific configuration being dealt with. A mainland-island 

configuration requires a high degree of protection on the patch hosting the mainland 

population. But the protection effort must be distributed in a balanced way in the 
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case of a classical configuration where all the patches are equally important to 

maintain the metapopulation. This metapopulation theory has long been applied by 

the scientific community to study population dynamics in fragmented landscapes. 

Researchers have identified that failed colonization leading to local extinctions were 

due to patches of habitats isolated from each other. It became clear that creating 

corridors, stepping stones or managing the landscape matrix to make it more 

permeable to movement could reduce the impacts of human-induced fragmentation 

(Fahrig and Merriam, 1985; Hansson, 1991; Harrison, 1991). 

 

Figure 1.5: Different possible states of metapopulation according to landscape situations. 

A classical situation (1). Mainland-island metapopulation (2). Patchy population (3). Non-

equilibrium metapopulation (4). 

1.5. Effects of fragmentation on habitat patches 

1.5.1. Habitat loss and degradation 

The different theories presented above emphasize the importance of immigration 

and extinction processes on population dynamics. Obviously both processes are 

affected by habitat loss and fragmentation. Habitat destruction and degradation is 

indeed a major element impacting the survival of local populations. The need for 

habitat is vital for species that require an environment that meets their needs for food 
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and reproduction (Fahrig, L., 1999; C. D. Thomas et al., 2004). It is therefore logical 

that the very first impact of landscape changes on species is obviously the 

disappearance of this vital habitat (Fahrig, 2003). However, it is important to specify 

that each species has specific habitat needs (Morrison et al., 2012). The habitat of 

one species is not necessarily a favorable habitat for another. The loss of vegetation 

is therefore not a universal criterion for measuring the loss of species habitat 

(Armesto et al., 1998; Braithwaite et al., 1993). Indeed, some species need forest 

environments, others live in open environments while others live at the edge of two 

contrasting environments (L. Brooker, 2002; M. Brooker & Brooker, 2001). This is 

why the notion of favorable habitat is essential in conservation biology to correctly 

identify the habitat areas of each species. However, the destruction of a habitat patch 

does not necessarily mean the death of the population. It is also necessary to 

consider the spatio-temporal processes that these habitats undergo. The presence of a 

part of these habitats can only exist by the destruction of another such as the forest 

fires maintaining in the past certain open environments like the savanna today 

(Agee, 1996; Bradstock et al., 2002). Ecosystems are in constant evolution, and a 

return to first successions of vegetation community is sometimes essential for certain 

species. At the extreme of the temporal scale, some species are sometimes totally 

dependent on temporary habitats that remain only part of the year. This is the case 

for example for the Natterjack Toad which needs temporary ponds in which 

predators are absent in order to complete their short reproduction cycle. Its historical 

habitat was once the river flood plains, which after flooding left a network of small 

temporary ponds that dried up over time (B. Banks & Beebee, 1988; Denton & 

Beebee, 1994). Today, the rivers being mostly canalized, the species which is now 

protected has found refuge in the quarries in activity where the extraction activity 

creates temporary ponds (Sanuy et al., 2000; Schlüpmann, 1995).  

In contrast to habitat loss, habitat degradation is also a major factor in the decline 

of species populations, but is much less visible at first glance. In addition, habitat 

degradation is more likely to occur when human activities are carried out, resulting 

in a long decline in habitat quality that will lead to its disappearance (Ambuel & 

Temple, 1983; New, 2000; Saunders et al., 2003). Habitat degradation is therefore a 

slower and more pernicious phenomenon that can have devastating long-term effects 

if not identified early enough. Habitat degradation has been widely studied around 

the world, and two main factors have been identified to maintain an animal 

population within its habitat. These two factors are food and shelter and both can be 

degraded by human activity (Elton, 2001; Morrison et al., 2012). Modern forestry 

tends to cut down old trees which unfortunately have cavities that are a refuge and 

nesting place for many species that reduces presences of proper shelters (Saunders et 

al., 2003; Saunders and Ingram, 1987). Intensive agricultural practices using 

pesticides kill prey and therefore the food source of many insectivores. Finally, the 

main problem with habitat degradation is that it is not easily detectable. The habitat 

has not been totally lost, so the species remains present. But for how long? It is 

therefore possible that an anthropogenic factor is slowly driving a species to 
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extinction and that it is detected once the dynamics cannot be reversed (D. B. 

Lindenmayer & Fischer, 2013). This is the case for species with very slow 

reproductive cycles on which the effects of degradation are not easily measurable 

and where it is already too late to do anything (Forshaw, 2002). This time lag 

between habitat degradation and its effect on the species population is what is more 

commonly called the extinction debt (McCarthy et al., 1997; Tilman et al., 1994). 

1.5.2. Characteristics of habitat fragments  

Habitat size 

As noted above, much of the early work on habitat size (island and terrestrial) and 

fragmentation focused primarily on the relationship between habitat fragments size 

and species richness. Research has shown that the probability of extinction increases 

with decreasing fragments size in multiple species taxa (Blake and Karr, 1987; Cane 

et al., 2006; Crooks et al., 2001; Cutler, 1991; Lindenmayer et al., 2000) and 

herbaceous plants (Guirado et al., 2006). This widely demonstrated positive 

correlation between habitat size, and species richness has long served as a basis for 

guiding nature conservation initiatives. To understand the parameters explaining the 

species-area pattern, many authors have studied the response of individuals to the 

decrease in fragments size. 

It turns out that some species are more tolerant of reduced habitat size. This could 

be explained by particular life history traits (Deng and Zheng, 2004; Ewers and 

Didham, 2006). Indeed, the ability to disperse is an important trait. Some species 

with a low dispersal ability will be more sensitive to habitat reduction because they 

will not be able to move enough to find a more favorable habitat (Hokit et al., 1999). 

This sensitivity to habitat loss could also be explained by landscape characteristics. 

A large meta-analysis was conducted on 25 studies involving 134 bird, mammal and 

insect species (Fahrig, 1998). This study demonstrated the link between habitat loss 

on species populations, landscape factors and life history attributes such as species 

preferred habitats, migratory or sedentary nature, taxonomic group, trophic level, 

geographic position, and percentage of suitable habitat remaining in the landscape. 

For example, edge species are positively impacted by the reduction in patch size, 

while core species suffer from it. On the contrary, when the size of the patch 

increases, the relationships are reversed for these species. The more generalist a 

species is, the less sensitive it seems to be to the reduction of habitat fragments. 

Resident species are more sensitive than migrant species. Finally, species from 

Europe and Africa show a weaker response than those from North and South 

America. This last point may seem surprising but would be explained by a longer 

presence of man and his activity in Europe and Africa (Bender et al., 1998). All 

these factors influence the survival of species populations because they directly 

influence the basic processes of population maintenance which are births, deaths, 

immigration and emigration. It has indeed been shown that some species see their 

birth rate decrease when their habitat is reduced (Porneluzi et al., 1993). In the same 
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way, mortality rates may also increase in small habitats where resources are scarce 

(Villafuerte et al., 1997). 

Isolation  

Although the relationship between habitat size and species richness now seems 

obvious from the studies presented above, the effect of patch isolation on species 

populations is less clear and not always consistent. Some studies have found that 

patch isolation had less effect on population densities or species richness than patch 

size or even no effect at all (Bruun, 2000; Fernández-Juricic, 2004; Krauss et al., 

2004). Other studies have shown an equal or greater impact of isolation than patch 

size (Deng and Zheng, 2004; Francesco Ficetola and De Bernardi, 2004; Parris, 

2006; Piessens et al., 2004). These conflicting results are principally due to the 

difficulty of measuring patch isolation as opposed to patch size. 

Correctly measuring the isolation of fragments therefore allows us to identify 

important relationships between this isolation and species richness in the landscape. 

Piessens et al. (2004) has made the experience by studying plant populations in a 

network of residual heathland fragments in Belgium. It turned out that species 

richness was strongly influenced by patch size but even more so by different 

measures of patch isolation. These results also clearly showed a spatial and temporal 

rescue effect. Species that dispersed relatively easily were able to maintain viable 

populations within nearby habitat patches through emigration and immigration, thus 

preventing population extinction. In addition, species with low life expectancy seeds 

were more sensitive to isolation than species producing a high life expectancy seed 

bank. This last point underlines the existence of a temporal rescue effect. In general, 

it appears that the species most sensitive to isolation are the most sedentary species 

(such as vascular plants) and those that require different habitats to complete their 

life cycle (such as amphibians). 

Edge effect 

Changes in the landscape due to human activity also have an effect on the shape of 

habitat fragments in the landscape (Sharpe et al., 1981). More complex shapes 

generally have a larger perimeter to area ratio (Figure 1.6). This greatly increases the 

area of the interface between the fragment and the landscape matrix. These 

fragments are therefore more prone to edge effects (Laurance, 2000; Siitonen et al., 

2005). Edges between natural ecosystems often host significant and sometimes 

unique biodiversity (Whitham et al., 1991). However, an abrupt edge between a 

landscape fragment and an area dedicated to intensive human activity tends to 

increase negative edge effect (R. T. Forman, 1995; Sargent et al., 1998). This edge 

effect can be defined in two categories (Harper et al., 2005). The abiotic effects are 

mainly related to the microclimatic modifications that will be measured within the 

edge and in the patch. Biotic effects refer to changes in ecological processes, 

community modifications and species interactions.  
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Figure 1.6: Visual representation of the effect of fragment shape on the edge area. For a 

same edge of 20m inside fragments of the same area, the more complex the fragment shape 

is the more the edge is important. 

In general, the more disturbed the matrix is, the more negative the edge effect will 

be on the communities within the fragments(Chen et al., 1992). For instance, 

clearcutting at the edge of the forest will enhance reproduction and growth of mature 

forest trees along the edge (Chen, 1991). However, these steep edges will see their 

microclimatic conditions change to the benefit of invasive grasses or exotic invasive 

species disrupting the plant communities (Honnay et al., 2002; Yates et al., 2004). 

Microclimatic conditions also strongly influence animal populations to such a 

point that some species are considered as "heart of the forest" species (Margules et 

al., 1994; Marini et al., 1995). This is the case for many birds that do not find a 

sufficient amount of food in the edges (Huhta et al., 1999; Zanette and Jenkins, 

2000). In addition to access to food, many species also avoid edges due to the 

presence of predators which will then negatively influence their reproduction rate 

(Chalfoun et al., 2002; Marini et al., 1995). Different predators have been studied in 

the context of edges. These include corvids, small mammals and mustelids as well as 

foxes and badgers (Andrén and Angelstam, 1988; Huhta et al., 2004; Small and 

Hunter, 1988; Tellería and Santos, 1992). The edge is therefore a habitat suitable to 

biodiversity if it is natural and soft and if it fits properly in the landscape. However, 

its management must be correctly applied to favor the development of rare species 

living there while keeping the balance of communities living in the heart of the 

fragments, in the edge and in the matrix (Baur and Jaggi, 1999; Peterken and 

Francis, 1999). 
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1.6. Observed effect of fragmentation on individuals 

1.6.1. Change in biology, behavior and species interactions 

Changes in the landscape can have significant effects on the behaviour and 

biology of species. For example, breeding patterns are impacted by habitat size. 

Studies have shown that bird populations in smaller habitat patches have shorter 

breeding seasons, produce lighter eggs, and have smaller and fewer broods 

compared to populations in larger habitat patches (Hinsley et al., 1999; Zanette et 

al., 2000). These populations also produce offspring with lower growth rates and 

reduced survival chances (Saunders, 1980). Similar observations have been made for 

other species groups (Peacock and Smith, 1997). 

Changes in species behaviour due to landscape changes also affect species 

interactions. Reducing habitat patch size can potentially intensify competition 

between species, although this relationship remains theoretical and understudied 

(Matthysen et al., 1995). Some studies show no change in feeding behaviour or 

niche overlap with patch size, while others demonstrate increased aggression and 

competition. Predation and parasitism are also exacerbated in altered landscapes, 

with certain predator species thriving in human-altered environments (May and 

Norton, 1996; Robinson et al., 1995). Positive interactions are endangered due to 

increased human activity. Many plants are losing their pollinators and many 

scientists tend to say that many ecosystems are facing a pollinator crisis that may 

lead to their decline (Kearns et al., 1998). Another relatively well-known mutualistic 

relationship between plants and animals is seed dispersal. Many plants are 

zoochorous, meaning that they depend on animals for dispersal. However, it has 

been found that these dispersal phenomena tend to decrease in fragmented 

environments where the remaining fragments are small while the rate of dispersal is 

higher in large patches (Galetti et al., 2006). 

Dispersal of individuals plays a crucial role in species distribution and abundance 

(Chepko-Sade and Halpin, 1987). Landscape fragmentation greatly affects dispersal 

processes, limiting the number and distance of dispersal events. This has 

consequences for the emigration, colonization, and metapopulation dynamics, 

leading to increased species extinction rates (Banks et al., 2005; Hanski, 1994; 

Matthysen et al., 1995; Stow and Sunnucks, 2004). Fragmentation also hampers 

reproductive success by reducing the chances of individuals meeting and forming 

mating pairs, resulting in inbreeding within small patches and decreasing the 

survival of subsequent generations (Banks et al., 2005; Madsen et al., 1999). 

Landscape fragmentation can even lead to changes in the biological traits of 

species. For instance, some arthropods have increased in size to cope with more 

severe drought events in small habitat patches where the edge occupies a significant 

portion of the patch, affecting microclimate conditions (Weishampel, 1997). 
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1.6.2. Parasite, Pathogen and Disease Emergence 

The increase in disease outbreaks has been attributed to various factors such as 

climate change, invasive species, and water pollution (Anderson et al., 2004; Derraik 

and Slaney, 2007; Hrudey and Hrudey, 2007). However, there is growing evidence 

that changes in the landscape configuration also contribute to the emergence of 

parasites and pathogens (Ostfeld et al., 2005). The complex relationships between 

hosts, vectors, and pathogens play a crucial role in disease emergence. Landscape 

changes, including human activity and habitat loss, make the landscape more 

complex, impacting the abundance and diversity of hosts and vectors. Decreased 

spatial connectivity affects the dispersal and transmission rates of hosts, vectors, 

pathogens, and diseases. Habitat loss and degradation can weaken populations, 

making them more susceptible to pathogens due to stress and reduced immune 

response (Ostfeld et al., 2005). 

While diseases and pathogens are not the main threats to biodiversity, there have 

been cases of species extinction caused by pathogen outbreaks. The modification 

and degradation of landscapes reduce species abundance and richness, leading to an 

increase in hosts and pathogens. Habitat modification tends to homogenize species 

communities, resulting in higher pathogen prevalence (Ostfeld and Keesing, 2011). 

Species-rich communities have a lower risk of pathogen contamination due to a 

dilution effect, reducing encounters and transmission between hosts, limiting host 

abundance, and improving recovery through mutualistic relationships (Keesing et 

al., 2006). 

The spatial configuration of the landscape can isolate certain populations, 

potentially protecting them from specific pathogens. However, poor management 

decisions, such as protected areas surrounded by human settlements, can lead to 

contamination of isolated populations. Domestic animals can act as incubators for 

pathogens that are dangerous for wildlife and humans, highlighting the need for 

proper management (Vial et al., 2006; Woodroffe and Frank, 2005). 

Intensive human activities and habitat degradation directly contribute to the 

development of certain diseases. For example, fertilization of sugarcane in Belize 

has been linked to increased risk of exposure to malaria due to eutrophication and 

favorable habitat for mosquito vectors (Rejmánková et al., 2006, 1998, 1996). 

Eutrophication of water bodies from intensive livestock activities has also been 

associated with severe amphibian limb malformations (Johnson et al., 2002). 

Models using epidemiological data have helped understand the spatio-temporal 

patterns of epidemics. They have shown that less frequent movements like dispersal 

and migration have little impact on disease transmission compared to frequent 

movements within a species' home range. Overall, the positive impact of corridors 

on species populations outweighs the losses due to disease and pathogen dispersal 

(Hess, 1996). 
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2. Landscape Connectivity  

2.1. Definitions 

The concept of connectivity is universally recognized as a critical aspect in the 

study of landscape changes (Taylor et al., 1993). While there are multiple 

approaches to characterizing connectivity, it is important to differentiate between its 

functional and structural components. Functional connectivity refers to the 

movement of genes, gametes, propagules, or individuals across the landscape 

(Rudnick et al., 2012; Weeks, 2017). It therefore refers to realized connectivity. On 

the other hand, structural connectivity assesses landscape permeability based on the 

arrangement of vegetation features and patches, which can potentially influence 

species movement (Hilty et al., 2019). Until know, by referring to landscape 

component and characteristics, we focused on structural connectivity which depict a 

potential. 

However, the term "connectivity" and its association with other terms encompass 

various themes that entail distinct implications (Bunnell, 1999). First, we have 

habitat connectivity, which is defined as the connectivity between different patches 

of favourable habitat for a species. It is therefore the opposite of habitat isolation. 

Second, we have landscape connectivity, which is an entirely anthropocentric view 

and concerns the connectivity of different vegetation or land-cover types across the 

landscape. Finally, we have ecological connectivity, which concerns the 

connectivity of ecological processes across different scales of study. These different 

types of connectivity are related to each other. Reducing habitat connectivity for a 

species that performs a primary ecological function such as seed dispersal will also 

reduce ecological connectivity (Galindo-González et al., 2000). This reduction in 

connectivity will have serious implications for a range of plant species that depend 

on animals for dispersal (Cascante et al., 2002). However, it is important to note that 

not all these terms are synonymous and opposite effects can occur. One can improve 

landscape connectivity and improve habitat connectivity for some species but not for 

others. In other words, landscape connectivity can be improved from a human 

perspective, but this does not correspond to an increase in habitat connectivity for 

certain species (Lindenmayer and Fischer, 2013).  

2.2. Negative impacts on landscape connectivity 

Landscape connectivity is one of the main elements for studying vegetation 

patterns in the landscape along with other attributes such as composition and 

configuration. Like these two other attributes, landscape connectivity can be 

assessed using many indices (Gustafson, 1998; Moilanen and Nieminen, 2002). 

Most of these indices are based on the same principles of distances between patches, 

the number of physical connections between them and sometimes the size and/or 

shape of patches (Schtickzelle and Baguette, 2003). 
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It can therefore be assumed that landscapes that still have connections between 

isolated patches have better landscape connectivity and are therefore more likely to 

maintain viable populations of various species (Brown and Kodric-Brown, 1977; 

Haddad and Baum, 1999). In contrast, a decrease in landscape connectivity will have 

a multitude of negative effects on these populations. This has been illustrated for 

many taxa. This is particularly true for forest birds that are unable to cross open 

areas (Bierregaard et al., 1992; van Dorp and Opdam, 1987). Similarly, species 

located in patches surrounded by an unfavorable matrix are more likely to suffer 

extinction than populations located in a matrix with better landscape connectivity 

(Laurance, 1991; Viveiros de Castro and Fernandez, 2004). A particularly well-

known case of decreased landscape connectivity is the presence of roads intersecting 

habitat patches. These dissections in the landscape have the effect of profoundly 

altering the landscape patterns and thus greatly reduce habitat connectivity for many 

species (Spellerberg, 1998). The impact of roads on habitat connectivity has been 

demonstrated for many different taxa such as invertebrates (Haskell, 2000), small 

and large mammals (Burnett, 1992; Epps et al., 2005; Forman and Deblinger, 2000). 

Even small roads can have a significant impact on some species (Bright, 1998). In 

addition, beyond the impact on connectivity, roads are sources of long-term 

mortality due to vehicle collisions (Bennett, 1991; Trombulak and Frissell, 2000). 

This is particularly important for roads that cut across important migration routes, 

such as the seasonal migration of amphibians during the mating season, which may 

have to cross roads to reach their breeding grounds (Hels and Buchwald, 2001). 

The decrease in landscape connectivity is not necessarily the result of a change in 

land-cover. The different uses that humans assign to certain areas can have a direct 

effect on landscape connectivity. For example, intensive agricultural plains can alter 

the sedimentation processes of amphibian habitats, thus decreasing landscape 

connectivity (Gray et al., 2004). A significant decrease in landscape connectivity can 

also have a strong cascading effect on ecological connectivity. Food webs (Holyoak, 

2000), organic matter decomposition processes (Klein 1989), seed dispersal 

(Cordeiro and Howe, 2003), and pollination (Paton, 2000) can all be severely 

altered. 

2.3. Fostering landscape connectivity 

On the other hand, some landscape features are favorable to landscape 

connectivity. These are corridors, stepping stones and a "soft" matrix (Figure 1.7). 

Corridors are physical links between patches of native vegetation (Bennett, 1998). 

These corridors can improve landscape connectivity for some species but not all 

(Beier and Noss, 1998; Hewittson, 1997; Thomas, 1990). Numerous studies have 

been conducted to understand the effect of corridors on species populations and it 

has been found that population density of some species are significantly higher in 

patches connected by corridors than in others (Haddad and Baum, 1999). In general, 

many benefits are attributed to corridors. They facilitate the movement of species by 
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providing suboptimal habitat between suitable habitat patches (Palomares et al., 

2000). They can also serve as habitat and host populations within them (Bennett, 

1998; Mönkkönen and Mutanen, 2003). They improve dispersal success (Kirchner et 

al., 2003; MacMahon and Holl, 2001) and can also decrease mortality during 

dispersal (Beier, 1993). They can limit local extinctions by promoting recolonization 

(Burbrink et al., 1998; Fahrig and Merriam, 1985). They facilitate gene flows 

between populations (Aars and Ims, 1999) and thus reduce the risks of genetic drift 

and inbreeding (Newman and Tallmon, 2001). Finally, they contribute to increasing 

species richness within patches and on a landscape scale (Gilbert et al., 1998; Harris 

and Scheck, 1991).  

In general, corridors are most useful for species that cannot use the landscape 

matrix for movement and for species that can only move within their optimal habitat 

(Berggren et al., 2002; Martin and Karr, 1986). The corridor can also act as a 

directional barrier by intercepting the movement of species and redirecting them 

away from the matrix (Levey et al., 2005). This is a phenomenon that can be used, 

for example, to prevent species from crossing a road and to guide them toward a 

wildlife crossing. Stepping stones represent a network of small patches of native 

vegetation scattered across the landscape that provides improved habitat 

connectivity for a number of species (Dramstad et al., 1996; R. T. Forman, 1995). 

Finally, the "soft" matrix is a matrix whose vegetation cover and structure resembles 

that of the patches. This improves habitat connectivity for species for which 

vegetation cover is essential to their movement (Lindenmayer and Franklin, 2002; 

Metzger, 2001; Rosenberg et al., 1997). 
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Figure 1.7: The three main types of landscape feature improving landscape connectivity: 

corridor (1), stepping stones (2), soft matrix (3). 
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3. Managing Landscape to Mitigate Landscapes 

Changes and Fragmentation 

3.1. Protect and restore habitat patches 

As discussed above, habitat patch size is one of the primary factors influencing 

population density and species richness within the landscape. Large patch sizes and 

a variety of habitat types are therefore important in reducing the negative effects of 

landscape change on species and communities (Lindenmayer and Fischer, 2013; 

MacArthur, 1964; Preston, 1962). The priority for terrestrial ecosystem conservation 

is to protect as much of the existing habitat as possible (Margules and Pressey, 

2000a). This helps to maintain native vegetation, which limits the possible loss of 

populations of species that depend on them (Fahrig, 2003). This allows to keep a 

variety of habitat useful for generalist species while keeping habitats of specialist 

species. Finally, protecting a maximum of surface area will make it possible to 

maintain large population sizes that will be less sensitive to negative external 

disturbances (Lindenmayer and Franklin, 2002; Noss and Cooperrider, 1994). It is 

also important to protect the existing vegetation cover because some vegetation 

community require sophisticated restoration programs with high economic costs 

(Margules and Pressey, 2000b). Numerous studies have also shown the importance 

of maintaining a network of nature reserves at the landscape scale in order to 

provide sufficient habitat for species (Noss and Harris, 1986; Soulé and Terborgh, 

1999). 

In addition to protection, some of the more heavily modified landscapes require 

restoration efforts so that the patches can regain their former structural, ecological 

and functional characteristics (Franklin et al., 1981). Two aspects of restoration 

should be considered: the improvement of conditions within an existing patch or the 

creation of a new patch with native vegetation. In many cases, changing the 

management of the ecosystem will allow a natural return to a structural complexity 

that approximates the original habitats (Lindenmayer et al., 2003). For example, in 

grazed grassland ecosystems, a decrease in livestock density allows for the 

redevelopment of vegetation dynamics that approximates the original ecosystems 

present before intensive human activities (Jansen and Robertson, 2001; Spooner et 

al., 2002). In other cases, active restoration is necessary because natural regeneration 

has not occurred or because of the absence of a viable seed bank in the soil, or 

because species important to the maintenance of ecological processes have 

disappeared (Covington, 2003; Linder and Östlund, 1998). Restoration of important 

structural elements for biodiversity should also be a priority to rapidly improve the 

biological value of a habitat patch (Tews et al., 2004). Examples of such structures 

are temporary water bodies or standing dead trees with cavities. In addition to the 

improvement of existing patches through ecological restoration, it is also worthwhile 

to prioritize the enlargement of existing natural areas in order to increase their 
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surface and their potential to host biodiversity (McCarthy and Lindenmayer, 1999). 

At the extreme, a complete restoration of the vegetation cover resulting in the 

creation of a new habitat patch is necessary following a destructive human activity 

such as mining or major land clearing (Martin et al., 2004). This type of restoration 

is much more complex as it depends on many factors such as soil conditions, target 

species and communities, and potential competition with invasive plants (Bennett et 

al., 2000). 

3.2. Managing matrix 

As explained above, the matrix plays an important role in patch-corridor-matrix 

systems because it represents the major part of the landscape and has a strong 

influence on ecological processes (R. T. Forman, 1995). In general, a “soft matrix” 

is characterized by a vegetation structure similar to that of patches which will 

produce more benefits for native species (Lindenmayer and Fischer, 2013). These 

include increased habitat availability, improved landscape connectivity and reduced 

edge effects. Studies have shown that a landscape matrix with a similar vegetation 

structure to that of native patches supports a greater number of native species in both 

agricultural and forested landscapes (Dunn, 2004; Thompson et al., 2003). Vertical 

structure has an enormous influence on landscape connectivity and management 

measures to maintain these vertical structures can facilitate the dispersal of animals 

and plants (Hokit et al., 1999; Wiens, 1997). Examples of this include retaining trees 

during forest harvesting or when the vegetation cover around patches of native 

vegetation is altered (Forest Ecosystem Management Assessment Team, 1993). 

Finally, as demonstrated above, the negative impact of edge effects is greater when 

the transition between the patch and the matrix is abrupt. Maintaining a patch-like 

vegetation structure around the patches therefore reduces the importance of the edge 

effect (Rodríguez et al., 2001; Tubelis et al., 2004). Management measures for the 

spatial arrangement of matrix elements can also be considered to minimize the 

effects of the matrix on species habitats. For example, in managed forests, the spatial 

arrangement of clearcuts can be optimized to reduce the negative impact of clearcuts 

through matrix arrangement. Indeed, grouping clearcuts in large blocks rather than 

scattering them across the landscape can limit the magnitude and extent of negative 

edge effects (Yates et al., 2004). 

A complementary strategy to reduce negative edge effect is to maintain or restore 

buffer zones around ecologically sensitive areas. Typically, buffers are intended to 

limit the negative impacts of disturbance regimes on an ecosystem or to maximize 

species richness in a protected area (Baker, 1992; Spackman and Hughes, 1995). 

However, it should be noted that each buffer can be different depending on the 

disturbance regime it is trying to counter. To limit the effects of the wind, the buffer 

must be several hundred wide (Harris, 2013; Saunders et al., 1991). The width of the 

buffer can also change significantly depending on the species being targeted 

(Darveau et al., 1995; Kilgo et al., 1998). 
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3.3. Protect and restore ecological corridors 

In addition to properly managing the landscape matrix, providing corridors or 

stepping stones that link habitat patches together are effective ways to improve 

landscape connectivity. However, corridors for some species can also have negative 

impacts on other species. Managing wildlife corridors is therefore complex and 

requires asking the right questions. For example, it is important to identify which 

species move without the need of corridors and which do (Berggren et al., 2002; 

Mabry and Barrett, 2002). Does the corridor serve only as a travel area or will it 

serve as a habitat area? What types of movement are targeted by the corridors 

(commuting, dispersal or migration)? How might the corridor be influenced by 

surrounding human activities (Rosenberg et al., 1997)? Several studies have shown, 

for example, that specialist species, those living in habitat that are highly sensitive to 

edge effects, or taxa that disperse poorly, may not be able to use all types of 

corridors. In contrast, generalist species that disperse very easily and are not very 

sensitive to edge effects do not need corridors to survive (Lindenmayer D. B. et al., 

1993). Similarly, it is likely that if the alteration of the landscape is too great, a 

corridor within that landscape will lose its functionality (Tilman, 1987). In much the 

same way that corridors are managed as habitat patches, it is always best to first 

conserve existing landscape connectivity before thinking about restoring it to a 

greater or lesser extent. Stepping stones can act as a complement to wildlife 

corridors for more mobile taxa (such as bats and butterflies) that can disperse more 

easily across the matrix but are not able to move long distances to isolated patches 

(Bennett, 1998; Law et al., 1999; Lumsden et al., 1994). Corridors and stepping 

stones can also help provide additional habitat for species that are not sensitive to 

patch size. Even small areas of native vegetation are therefore useful. In areas of 

intensive human activity, small patches of habitat are all that are left. They require 

special protection and management because of their relictual nature (Saunders, 1987; 

Schwartz and van Mantgem, 1997). 

3.4. Improve landscape heterogeneity 

Finally, heterogeneous landscapes due to human activity tend to support more 

native species than homogeneous landscapes of human origin. Ecosystems are 

indeed naturally heterogeneous (Whelan et al., 2002). Natural disturbance regimes 

produce a mosaic of landscape elements corresponding to different stages of 

vegetation succession depending on the time of the disturbance. Species generally 

live and complete their life cycles under different environmental conditions. 

Providing a heterogeneous landscape that is close to a mixture of different natural 

environmental conditions is therefore beneficial to the native species assemblage 

associated with the landscape. To be more effective, landscape heterogeneity must 

be applied across different gradients of environmental conditions present within the 

landscape while providing natural disturbances of varying types and intensity 
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(Fischer et al., 2005). This landscape heterogeneity is, for example, essential in 

European agricultural landscapes to maintain the few species that have survived in 

these intensive landscapes (Benton et al., 2003; Tscharntke et al., 2005). 

3.5. Conclusion 

To summarize, concepts and theory in landscape ecology identify five major 

principles that should be incorporated into nature conservation to reduce the decline 

of species sensitive to landscape fragmentation. These are:  

• maintain or increase the size of hosting biodiversity patches to increase 

species richness and reduce the risk of extinction in the long term,  

• adjust the structural characteristics of the matrix and its composition to 

reduce its negative impact on patches and landscape connectivity,  

• reduce the negative effect of edges using buffers,  

• improve landscape connectivity using linking elements such as wildlife 

corridors or stepping stones,  

• and finally maintain or improve landscape heterogeneity. 

The way nature conservation integrates those principles are presented in the next 

section. 

3.6. Conservation controversies 

3.6.1. SLOSS 

It has been shown that as the size of a patch increases, so does its species richness. 

It is therefore natural to assume that a large reserve will support more species than a 

set of small reserves whose surface area is the same as the large one. However, this 

assumption may only be true for homogeneous patches with the same type of 

vegetation cover (Quinn and Harrison, 1988; Wilson and Willis, 1975). Indeed, we 

know that if the set of small patches presents the heterogeneity of vegetation type 

and thus different species compositions, the cumulative species richness will be 

higher than a single large homogeneous patch (Diamond, 1975). Indeed, 

heterogeneity plays an important role on species richness patterns as it has been 

demonstrated for different ecosystems such as grasslands and forests (Simberloff 

and Gotelli, 1984). In both cases, it has been shown that for equal areas, clusters of 

small reserves hosted more species than in the large reserve. This has been 

demonstrated several times with different taxa such as vascular plants (Virolainen et 

al., 1998), grassland butterflies (Tscharntke et al., 2002), day-active butterflies and 

grasshoppers (Peintinger et al., 2003) and pond-dwelling animals (Oertli et al., 

2002). However, the basis for assessing whether a large patch is preferable to a set 

of small patches depends strongly on what is being measured to make the 

comparison. Some species populations are unable to persist in patches that are too 

small because of their size, home range demand, or dispersal patterns. A set of small 
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reserves can indeed host a greater species richness but a large patch would reduce 

the probability of extinction of a population, especially for mammals (McCarthy and 

Lindenmayer, 1999; Newmark, 1986; Picton, 1979). A study on American national 

parks has indeed shown that the largest parks have maintained a greater number of 

species over time than have smaller parks (Newmark, 1987). In conclusion, it can be 

said that the option chosen in the SLOSS (Single Large Or Several Small) debate 

will depend primarily on conservation objectives. Whether to maximize species 

richness or to reduce the risk of extinction will differ. In the best case scenario, a 

mix of large and small reserves is the best solution (Wiersma and Urban, 2005). 

However, it is rare to be able to build a management strategy from scratch, and it is 

therefore relevant to assess which strategy to choose depending on the conservation 

issues we face. 

3.6.2. Land-sharing or lands-sparing?  

Another up-to-date debate in land-management for nature conservation concerns 

the land-sharing versus land-sparing strategies. Well debated among ecologists, this 

theory is based on the actual land scarcity and proposes two land management 

options to protect and increase biodiversity while still keeping sufficient productive 

areas (Fischer et al., 2014). The land-sharing option offers a generalized wildlife-

friendly human activity where production lands and natural areas are overlaying 

while land-sparing split strictly those two allowing a high-yield nature-proof 

agriculture while biodiversity is restrained in protected areas (Green et al., 2005). 

In the past, lots of scientists used a trade-off analysis to find the balance between 

farming and conservation. The most used framework is the one proposed by Green 

et al. (2005) and is globally based on the production goals of the country and the 

analysis of the relation between the species sensitivity to a gradient of agricultural 

yields. For instance, a growing number of studies are indicating that a significant 

number of species are even absent from low-intensity farmland supposing that the 

best strategy is the land-sparing. This, especially in developing countries where a lot 

of species fleeing agricultural areas are still present and that increasing yields could 

protect remaining intact habitat. In the case of countries with long histories in 

agriculture, it’s not so simple and the land-sparing strategy relies on the possibility 

to increase the yield in suitable area and restore less productive agricultural lands 

into natural areas (Green et al., 2005; Jones-Walters, 2007). If we focus on plant 

diversity, the choice is more shared and it seems that land-sparing could be the best 

strategy in crop-dominated landscape and that land-sharing is the best choice when 

the landscape becomes more complex (Egan and Mortensen, 2012).  

But this framework isn’t perfect despite its strength, indeed it is strongly focused 

on food production and some scholar would welcome some improvement to it. Also 

the framework doesn’t take into account any socio-cultural aspect (Fischer et al., 

2014). Many scientists argue that a big threat for biodiversity is the loss of 

connection between people and nature leading to a preference for the land-sharing 

option (Folke et al., 2011; Miller, 2005).  
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Recently, Kremen (2015) suggest that the debate of choosing between those two 

management strategies will lead only to undesirable options for nature conservation. 

She proposes that a "both-and" strategy where natural area patches (land-sparing) 

are only useful if they are linked together by a wild-friendly matrix (land-sharing). 

Thus, the real question must not be anymore: "Which strategy is the best in that 

case?" But rather: "What kind of agricultural practice can promote both biodiversity 

and yields?"(Kremen, 2015). If we focus on the case of El Salvador, a country with a 

lot of pressure on nature and almost no forest left, it seems that the only efficient 

choice is to apply a "both-and" strategy because the only solution to maintain 

biodiversity is to reconnect the landscape with a wildlife-friendly matrix and protect 

all of its remaining natural patches (Crespin and García-Villalta, 2014).  

3.6.3. Conclusion 

The conclusion of those two debates is that no choice must be made and that a 

mixture of land-sharing, land-sparing, small and large nature reserves can coexist. 

We must strictly protect existing areas of biodiversity interest through land-sparing 

either they are small or large and go toward a land-sharing strategy in intensive 

landscape were reducing landscape fragmentation is needed to reconnect fragmented 

populations. To implement this statement in landscape management, we must follow 

a framework proposing a gradient of nature protection degree including 

progressively sustainable primary production in less sensitive areas. 

4. Toward Ecological Networks 

4.1. History of ecological network 

Historically, the establishment of protected areas was the primary focus for in situ 

conservation to counter the decline of species populations and natural ecosystems. In 

response, the area under protection status was increasing steadily worldwide 

(Figure 1.8). In addition, protected areas are now supported by the increasing 

designation of OECMs (Other Effective Area-Based Conservation Measure). These 

other areas dedicated to nature conservation offer long-term sustainable management 

methods that have a favorable impact on biodiversity without necessarily being 

subject to a strict protection status (Hilty et al., 2020). Nevertheless, biodiversity 

decline continues to accelerate at a global scale. Protected areas are not always 

effective in conserving biodiversity, either because they are poorly located or 

because of inadequate management (Jones et al., 2018; Venter et al., 2018). Indeed, 

many protected areas are isolated from each other (Wittemyer et al., 2008). Various 

advances and theories in landscape ecology have demonstrated the high risk of 

extinction in isolated ecosystems. Researchers have shown that the protection of 

species, populations and ecosystems can only be achieved if protected areas are 

functionally connected (Resasco, 2019; Trombulak and Baldwin, 2010). It is 

therefore widely accepted that protected areas approach alone cannot address the 
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decline in biodiversity (Hilty et al., 2019) further burying a pure land-sparing 

strategy.  

 

Figure 1.8: Global trends in protected areas coverage on land and in the ocean in the world 

from 1990 to 2018 extracted from Hilty et al. (2020). Projected growth from 2018 to 2020, 

according to commitments from countries and territories. ABNJs: Areas Beyond National 

Jurisdiction (i.e. those more than 200 nautical miles from the coast); EEZs: Exclusive 

Economic Zones (i.e. marine areas under national jurisdiction that are less than 200 nautical 

miles from the coast). 

The integration of landscape ecology theory into nature conservation and land-use 

planning has led to the development of the concept of ecological networks. This 

concept has many definitions but could be defined as a set of homogenous 

ecosystems linked together through flows of organisms into a spatially coherent way 

and interacting with the surrounding landscape matrix (Opdam et al., 2006). The 

IUCN has a more operational definition stating: “A system of core habitats 

(protected areas, OECMs and other intact natural areas), connected by ecological 

corridors, which is established, restored as needed and maintained to conserve 

biological diversity in systems that have been fragmented”(Hilty et al., 2020). The 

main strategy behind ecological networks is to conserve and re-establish natural 

corridors to facilitate the spatial conductance of the landscape and the linkage 

between core areas sheltering species populations. These corridors can take various 

forms such as linear elements of the landscape or in a more halted way like stepping 
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stones (Jongman et al., 2004). The goal is no longer only to maintain high 

patrimonial population but focus on a regional level to ensure the future of 

populations, interesting sites and ecosystems dynamics (Dufrêne, 2005; Melin, 

1997).  

The potential negative impacts of this kind of strategy were heatedly debated 

among ecologists and conservationists (Anderson and Jenkins, 2006; Hilty et al., 

2019). Negative effects noted included increased predation, invasive species and 

disease dispersal (Weldon, 2006). However, it turns out that the benefits are far 

greater than the negative effects identified (Hilty et al., 2019). Ecological networks 

then became the dominant operational strategy to face biodiversity loss (Jongman et 

al., 2004). 

The last decades of the 20th century saw a strong development of ecological 

networks in nature conservation with many examples developed by public 

authorities and institutions in Europe, America and Australia (Bennett and 

Mulongoy, 2006). In Europe a quasi-global approach has emerged in reaction to the 

recent development of the Convention on Biological Diversity. This policy was 

carried out with the help of the creation of different European directives and allowed 

the development of the NATURA 2000 network and the Pan-European Biological 

and Landscape Diversity Strategy (Jones-Walters, 2007; Jongman et al., 2011). 

Numerous scientific studies and national initiatives ranging from the adaptation of 

their conservation policies to the creation of ecological networks. Today, many 

ecological networks are the basis of regional and national policies of European 

countries (Amsallem et al., 2010a; Sordello, 2018; Sordello et al., 2013a). 

4.2. Zonation of Networks 

The way to conceptualize this strategy can widely differ from a region to another 

depending of the ecological but also political context (Jongman et al., 2004). The 

ecological network framework is usually based on a zonation corresponding to 

different purposes of the landscape units and it appears that the different components 

of the networks widely differ depending the author (Bennett and Mulongoy, 2006; 

Bernier and Théau, 2013; Melin, 1997). But a common basis can be highlighted 

resulting to three main components (Figure 1.9):  

• Core areas, devoted to nature conservation and the protection of 

biodiversity. They allow to protect a target species or an ecosystem of 

interest. They act in the network as sources of species and as shelters.  

• Corridors, serving to enhance the connectivity of the landscape to ensure the 

population dynamics and good-functioning of the ecosystem by maintaining 

tangible linkage between core areas. They are not necessarily linear and can 

take various forms such as stepping stone (relay patches).  

• Buffer zones, surrounding the network, they are destined to protect it by 

mitigating negative externalities like pollution (pesticides, eutrophication). 
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Figure 1.9: The common ecological network scheme 

To this framework, some authors add more components like 

development/sustainable-use areas where intensive management is discarded in 

favor of sustainable management. These areas could play both the role of buffer 

zones or corridors (Bennett and Mulongoy, 2006; Melin, 1997). Some of them 

distinguish fine-scale ecological elements like hedges and isolated trees in meadows 

from the corridors and consider it as a particular area called " ecological gridding 

"(Melin, 1997). These solutions aim to soften the matrix and make it more 

permeable to species movements. 

These different elements of ecological networks echo the principles to be 

integrated in nature conservation to address landscape fragmentation. With its core 

areas hosting biodiversity, its linkage areas identifying corridors, soft matrix areas 

and stepping stones in the landscape, its buffer areas or development areas that try to 

make the matrix more permeable to species movements and reduce negative edge 

effect. This framework integrates components that could easily allow 

implementation of both land-sharing and land-sparing strategy through a gradient of 

protection degree with core areas with maximal protection degree and development 

areas including sustainable production activities. 
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5. Developing Tools to Guide Ecological Network 

Mapping Initiatives 

As previously discussed, an effective ecological network is composed of two main 

elements: core areas that protect biodiversity and ecological corridors that provide 

connectivity within the study landscape. Conservation objectives for ecological 

networks can target different issues such as focal species, key biodiversity areas, 

populations or habitat areas. The configuration of the final ecological network is 

intended to optimize the different conservation objectives that have been established 

(Hilty et al., 2020). 

Different approaches exist to cover multiple conservation issues in complex 

landscapes. First of all single species can be studied based on their conservation 

value, the interest of its habitat or its capacity to reflects connectivity needs of 

multiple species such as focal species (Brennan et al., 2020; Brodie et al., 2015; 

Epps et al., 2005). Indeed, focal species are species that have connectivity needs 

similar to a group of species, so creating an ecological network that meets their 

needs will also meet the connectivity needs of many other species(Brennan et al., 

2020; Pliscoff et al., 2020). The use of focal species is therefore a widely used 

network mapping strategy since decades and has been successful. In parallel, key 

biodiversity issues are very often linked to particular ecological conditions 

supporting habitats that host important biodiversity dependent on them (Jongman et 

al., 2011; Laita et al., 2010). Thus, many ecological network mapping initiatives are 

organized around different networks targeting conservation issues dependent on 

particular ecosystems and the species living there (Jongman et al., 2011). These 

different thematic networks can target connectivity issues in forests (Laita et al., 

2010), peatlands (Grzybowski and Glińska-Lewczuk, 2020) or wetlands (McIntyre 

et al., 2014). The mapping of ecological networks components is therefore highly 

dependent on targeted objectives and on the selected approach. A variety of 

approach could be followed to map (multi-) species habitat, ecosystems and 

corridors supporting a single species or aggregating connectivity need of multiple 

species. 

5.1. Mapping core areas 

Different approaches exist to identify core areas of ecological significance that 

must be connected by ecological corridors. The areas identified first are generally 

those that have already been assessed and granted protection status. In addition to 

areas with protection status, other areas of biodiversity interest may have already 

been identified in maps and can also be used. Secondly, various mapping analyses 

cross-referencing different criteria established by expert assessments can be used to 

identify areas of major interest that have not yet been identified (Hoctor et al., 2000). 

These analyses can be supported by different data such as land use maps, aerial 

photos or cadastral maps (An et al., 2020; Hoctor et al., 2000).  
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Other authors will identify the habitat areas of the species using species 

occurrence data. Long considered as of paramount importance, species occurrence 

data have always been used to map biodiversity issues and guide conservation 

actions accordingly (De Ornellas et al., 2011). However, systematic sampling 

requires qualified agents, is particularly time consuming and therefore need 

important funding. Therefore, such sampling focuses on some areas and take time to 

be updated (Grantham et al., 2009). As a result, current biodiversity related studies 

are increasingly relying on citizen science and naturalist observation platforms 

(Petersen et al., 2021). Those datasets are continuously updated, observations can be 

validated by experts and highly precise observations are becoming more current 

thanks to easily accessible geolocation using smartphones. Although those data are 

complementary to systematic sampling because they can cover wider areas and are 

better updated, there are not exempt of biases(Kadmon et al., 2004; Tye et al., 2017). 

For instance, naturalists often visit area of high biodiversity concerns neglecting 

others and the absence of systematic sampling does not allow to identify true 

absences (Botts et al., 2011; Tulloch et al., 2013). Species occurrence data are also 

sensitive to location errors as people often encode the occurrence where they are and 

not necessarily where the species was. Moreover, animal species have a specific 

problem as they are moving species. Their presence is therefore not necessarily 

related to the presence of their habitat. Fortunately, other information’s and 

approaches can be used to put these data to good use. 

Land-cover and land use data are important to map and infer biodiversity pattern 

or processes (Falcucci et al., 2007). Those data are largely used to study species 

distributions and helped to understand how land use changes negatively affects 

species populations (Sahraoui et al., 2017). Associated with abiotic data such as 

topography and climate, land-cover data and species occurrence can be used to 

calibrate species distribution models (SDMs) (Wilson et al., 2013). With some good 

practices and specific algorithm, modelling approaches can be adapted to available 

data and their biases. Those good practices refer to the preferred use of validated 

data and those with an accuracy concordant to study aims. The choice of predictors 

is also important as variable distribution and autocorrelation impact model quality 

(Guisan et al., 2017). Moreover, the selection of a set of uncorrelated variables with 

little redundancy is an important step of data processing before modeling (Guisan et 

al., 2017). Due to the increasing availability of opportunistic naturalist observation 

data characterized with no true absence, presence-only algorithms have been 

developed such as Maxent (for maximum entropy) (Phillips et al., 2006). This model 

creates in the study area a random set of pseudo-absence that are compared to 

presence to identify potential presence following the principle of entropy. Although 

that the algorithm is quite complex, results are often convincing and is therefore 

largely used by the biodiversity conservation related scientific community (Kramer-

Schadt et al., 2013). However, when true absences are available, presence/absence 

model are still more recommended (Guisan et al., 2017).  
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But models remain models and do not depict reality. How model’s results are used 

is of paramount importance and their limits must be clearly understood before 

guiding conservation practices. SDMs can be used to compensate for sampling 

issues by identifying potential presence of species in less sampled areas that can be 

confirmed with localized systematic sampling (Peterman et al., 2013).  

Species distribution models can be used as it is when the primary purpose of the 

network is to connect habitat patches of the species in question (Duflot et al., 

2018a). However, as previously mentioned, the conservation objectives of 

ecological networks sometimes go beyond the species alone and also include the 

whole ecosystem type. Ecosystem types are often simplistically derived from land 

use maps, which are generally limited to units differentiating only open and forest 

land-cover or the coniferous or deciduous character of a forest (Hoctor et al., 2000). 

In order to match as closely as possible ecological conditions on which certain 

species depend, it is necessary to move towards biotope mapping. Along species 

occurrence data, community level data also exists. Indeed, vegetation community are 

used for a long time to define biotopes that compose species habitats (Delescaille et 

al., 2021; Löfvenhaft et al., 2002). Many countries perform biotope surveys and 

therefore dispose of map allowing their monitoring (Sukopp and Weiler, 1988; 

Vihervaara et al., 2012). These biotope maps can be seen as a refined and species 

related land-cover classification. Those data are therefore powerful to identify high 

biological stakes areas.  

Biotope mapping and their protection is at the heart of European nature 

conservation policies such as Habitat Directive (Weber and Christophersen, 2002). 

For that reason, biotopes mapping is performed by qualified team to be the most 

accurate possible allowing to differentiate all biotopes. But they unfortunately 

cannot cover an entire country as they are time consuming surveys. Therefore, most 

biotope maps have the same biases that species occurrence data due to unbalanced 

sampling effort. To fill unmapped areas, scientists have turned to SDM approaches 

that can also help to identify stakes of species dependent of specific biotopes 

(Álvarez‐Martínez et al., 2018; Horvath et al., 2019). Indeed, many example of 

calcareous grasslands and peatland modelling to identify new areas hosting a 

specific biodiversity exist (Burnside et al., 2002; Horvath et al., 2019). The use of 

presence-only and presence/absence datasets for modelling is also a redundant 

question in biotope modeling. Some authors prefer using the Maxent algorithm with 

presence-only data while other consider the presence of other biotopes as absence of 

the targeted one (Álvarez‐Martínez et al., 2018). But many question can be raised as 

ecological conditions suitable for biotopes can be present in considered absence 

even by using other biotope presences as absences.  

Indeed, vegetation communities are dynamic through time. Pioneer communities 

give way to different stages of succession until they reach a stage of pseudo-

equilibrium named “climax” (Niering, 1987) (Figure 1.10). Various successional 

patterns can occur due to natural or artificial disturbances, such as processes that 

restart the succession, regressive dynamics, or locking into specific stages (Blasi et 
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al., 2004; Rees et al., 2001; Woodward, 2009).  Humans actively maintain various 

stages within vegetation successions, which results in a complex coexistence of 

biotopes at different developmental stages, all sharing similar ecological conditions. 

Consequently, accurate modeling of biotope distribution becomes intricate, as 

building presence/absence calibration datasets gain in complexity. 

 

Figure 1.10: Example of vegetation succession dynamic (© Illustration : Florence 

Dellerie). 

A practical solution involves the concept of Potential Natural Vegetation (PNV). 

PNV refers to the vegetation that would develop in a specific ecological zone if 

human intervention ceased, assuming stable climatic conditions (Gallizia Vuerich et 

al., 2001; Tuxen, 1956). It defines ecological conditions necessary for associated 

succession stages, regardless of the natural vegetation stage (Loidi and Fernández-

González, 2012; Prach et al., 2016). PNV allows the definition of landscape units 

with similar ecological contexts that were initially used to guide sylviculture, 

conservation, and landscape planning (De Keersmaeker et al., 2013). Mapping PNV 

may also play a vital role in designing ecological networks by delineating the 

maximum potential distribution of vegetation succession. These maps can serve as 

the foundation for ecosystem-oriented ecological networks, providing essential 

backbones for their establishment. Furthermore, these maps offer valuable guidance 

for conservation and restoration efforts, ensuring both network coherence and 

ecological integrity. Consequently, integrating the PNV concept into biotope 

distribution models holds significant promise. This integration can enhance the 
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consistency of presence/absence calibration datasets and significantly improve 

model accuracy.  

However, PNV mapping primarily focuses on differentiating ecological contexts 

such as abiotic factors, favoring the presence of biotopes belonging to the same 

vegetation succession. This approach alone does not suffice to identify the specific 

stage of vegetation succession that characterize biotopes. Accurate identification of 

these stages is crucial for mapping biotopes outside surveyed regions. To bridge this 

gap, a meticulous analysis of vegetation physiognomy is imperative to distinguish 

various stages of vegetation succession. Additionally, considering the dynamic 

nature of vegetation cover, it is essential that any mapping technique adopted is 

easily updatable. Fortunately, advancements in Geographic Object-Based Image 

Analysis (GEOBIA) and automated segmentation algorithms have paved the way for 

the creation of easily updatable vectorized land-cover maps. Current methodologies 

commonly employ the concept of ecotopes, defined as the smallest homogeneous 

landscape unit within a cartographic system (Radoux et al., 2019). Ecotopes are 

currently delineated using different remotely sensed data. For instance, digital height 

models are used to distinguish open areas from forests. Moreover, incorporating 

environmental predictors in the segmentation process could help ecotopes 

approximate biotope limits and therefore differentiate them within predicted PNV. 

Consequently, combining ecotopes with PNV modeling offer a viable solution for 

approximating biotopes distribution beyond surveyed areas. 

To prevent confusion regarding the various mapping units used in this thesis, the 

following definitions are employed : 

• Biotope: An environmental area, such as a forest or wetland, characterized 

by specific environmental conditions and a distinct species community 

(Löfvenhaft et al., 2002). 

• Habitat: The area where species or a population can survive and 

reproduce, often comprising a mosaic of biotopes necessary for the 

species' life cycle (Löfvenhaft et al., 2002). 

• Ecotopes: The smallest ecologically distinct landscape features within a 

landscape mapping and classification system (Radoux et al., 2019). 

A biotope signifies a specific landscape element defined by precise ecological 

conditions. In contrast, an ecotope, while not reflecting ecological reality, aids in 

identifying distinct landscape elements based on segmentation predictors. 

Information derived from PNV modeling allows for the prediction of species 

community presence. By combining ecotope delineation and PNV predictions, a 

more accurate approximation of biotopes can be achieved. These biotopes serve as 

fundamental components for constructing species habitats or identify cohesive 

ecosystems, enabling the identification of core areas critical for conservation efforts 

(Figure 1.11). 

Finally, it is crucial to exercise caution in the usage of terms such as habitat and 

biotope, especially in light of the European Habitat Directive, which lacks a clear 
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distinction between these terms (Loidi, 1999). The directive provides a list of 

habitats of interest corresponding to specific plant communities, aligning with our 

definition of biotopes. Therefore, it is essential to specify that the habitats mentioned 

in the directive are to be understood as biotopes, ensuring consistent interpretation 

throughout this thesis. 
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Figure 1.11: Distinction between concepts of habitat, biotope and ecotope. An illustrative 

example using the case of the wildcat, a forest species hunting in open areas bordering 

forests. Ecotope do not necessarily matches with biotope and habitat limits as its 

segmentation depends on predictors used. 
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5.2. Identifying ecological corridors 

Reconnecting protected areas and other areas of conservation interest has become 

a priority for biodiversity conservation. To this end, many researchers have studied 

how to measure, model and map connectivity over the last twenty years. A wide 

variety of approach have been developed to consider functional and structural 

connectivity. Identifying elements that support population connectivity by directly 

measuring the movement of individuals across the landscape is an effective method 

for identifying functional corridors (Hilty et al., 2019; Sawyer et al., 2009; Seidler et 

al., 2015). However, this can be very time consuming to track sufficient numbers of 

individuals over the long term, so other approaches have been developed (Rudnick 

et al., 2012). Some study focal species to identify areas of connectivity for a 

represented species group (Weeks, 2017). Genetic approaches can also be used but 

are generally limited to preliminary steps to identify the status of a population and 

whether it is fragmented or not (Proctor et al., 2012).  

Concerning structural connectivity, multiple approaches have emerged to identify 

areas of the landscape through which species can move. Some trivial approaches 

rely on the expert opinion on the species studied to draw corridors using landscape 

information such as land-cover or land use. Others apply GIS processing to identify 

areas hosting species that are sufficiently close to each other using buffers 

corresponding to the dispersal capacity of the studied species (Amsallem et al., 

2011). Beside these simple but often used approaches in applications of the 

ecological network concept, other approaches based on modeling are particularly 

studied by the scientific community but are far more complex. (Hilty et al., 2020).  

Beside the important use of species or biotope models to map biodiversity 

conservation stakes, modeling landscape connectivity require to implement complex 

concept to identify ecological corridors. Many approaches have been developed such 

as least cost paths, circuit theory, graph theory, Resistant Kernel, Reserve design and 

individual-based-modeling (McRae et al., 2008; Rudnick et al., 2012; Theobald, 

2006; Urban and Keitt, 2001). Least cost path (LCP) is the most widespread and can 

be performed using both expert knowledge and data at different proportion. To 

model corridors, this approach needs the location of habitat patches that must be 

connected and a matrix representing the landscape in term of cost for movement for 

the considered species. Then the LCP between two patches is identified by the path 

with the least cumulated cost (Figure 1.12). Some authors use only expert 

knowledge to identify patches that must be connected and assign a cost for 

movements to each class of a land-cover map (Stevenson-Holt et al., 2014). At the 

opposite, we find authors modelling species suitable habitat to identify patches and 

use this model to infer the cost matrix by identifying less suitable areas as the 

costliest (Duflot et al., 2018a). Each of these approaches has its pros and cons and 

no consensus has been found while those approaches are still being compared.  
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Figure 1.12: Schematization of LCP modeling between two vegetation patches: the matrix 

is represented with cells depicting the most costly land-cover in darker orange and the less 

costly ones in lighter orange. The LCP, shown as a black line, represents the path connecting 

the two vegetation patches with the least accumulated cost. 

Amidst the myriad techniques employed in biodiversity conservation and 

landscape connectivity modeling, an essential aspect pertains to the definition of 

corridor and its distinction from a least cost path. Various definitions of corridors 

have evolved over time. In the early stages of landscape connectivity 

conceptualization, corridors were perceived as tangible landscape features, serving 

as physical links between patches of native vegetation (Bennett, 1998). This 

definition gained significance in operational planning, where demarcating zones and 

ecological network features was essential. For instance, the European Environment 

Agency defines ecological corridors as "thin strips of vegetation used by wildlife, 

potentially enabling the movement of biotic factors between two areas" (“EEA 

Glossary — European Environment Agency,” n.d.). However, from a species-centric 

perspective, corridors are not confined to specific vegetation features in the 

landscape. Species movements are intricate processes shaped by both abiotic factors 

(such as topography) and biotic interactions (including predation and competition) 

(Costa-Pereira et al., 2022). Therefore, our definition of corridors should be widened 

to areas where potential individual movements may occur (Foltête et al., 2021). 

Fortunately, these considerations are now being integrated into corridor definitions 

for landscape planning guidance. For example, Hilty et al. (2020) define ecological 

corridors as "clearly defined geographical spaces governed and managed over the 

long term to maintain or restore effective ecological connectivity." This definition 

offers the advantage of considering a broad area conducive to supporting species 

movements without restricting it to specific landscape features. 
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In contrast to corridors, LCP is always represented as a line traversing the least 

resistant matrix category between two habitat patches. LCP modeling stands as one 

of the most widespread and useful tools in habitat network mapping. However, its 

sole representation does not accurately capture the realistic and unique movements 

of species. Therefore, careful attention should be given to its representation before 

categorizing it as an ecological corridor.  

6. Research questions and structure of the thesis 

6.1. Objectives and research questions 

Various studies have shown the importance of preserving and enhancing landscape 

connectivity to counteract the negative effects of landscape fragmentation. This 

notion has become of paramount importance in nature conservation and is 

increasingly integrated into landscape management through various biodiversity 

conservation strategies. This has given rise to the concept of ecological networks, 

which is rapidly becoming a key approach to conserving landscape connectivity. 

Many researchers aim to better map habitat network and understand dynamics of 

species population in fragmented landscapes.  But few studies seek to understand the 

potential effect on results of multiples choices made at different step of habitat 

network analysis from the identification of habitat patches to real-case conservation 

actions. The present work focuses on three factors greatly influencing habitat 

network analysis that correspond to the three main research question of this work: 

RQ1: How do we represent ecological network elements? 

This research question dwell on the representation of smallest landscape units that 

can be used to represent elements of ecological networks : biotopes. Indeed, species 

habitat are defined as the set of biotopes the species need to complete its life cycle. 

Therefore, biotopes are the brick used to construct the landscape as it is perceived by 

the species. RQ1 is addressed in Chapter 2 and 3. In those two chapters, we 

focused on two aspect of biotopes mapping: a) representing their limits b) and their 

distribution. 

RQ2: How to best evaluate landscape resistance to species movements? 

This research question aims at investigating the different possibilities to translate the 

landscape as a resistance map to model species paths. The question is about the use 

of knowledge versus data to identify habitat but also to translate a land-cover map to 

a resistance to species movement matrix. Few studies have compared these two 

approaches (Stevenson-Holt et al., 2014) and none compared them based on 

connectivity analysis aiming to identify connectivity issues. This question is 

addressed in Chapter 4. 

RQ3: How can be applied habitat network mapping to complex landscape 

reality having multiple ecosystem and species stakes?   
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This question concerns the application of habitat network mapping considering 

multiple stakes that are present in complex landscapes. This question is addressed in 

Chapter 5 where we tested the concept of focal species to take account of multiple 

species with similar connectivity needs. We also modeled multiple focal species to 

get a range of connectivity needs to evaluate the fragmentation of an entire 

ecosystem and propose conservation actions. Two different ecosystems were also 

considered to evaluate potential overlap in connectivity issues and arising 

management measures. With this study, our purpose is to present a reproductible 

method to tackle connectivity issues at regional scale taking into account landscape 

complexity.  

6.2. Structure of the Thesis 

After presenting landscape connectivity stakes (Chapter 1), the present study is 

split in five parts (Figure 1.13):  

Chapter 2. Representing landscape components 

This chapter investigate the concept of ecotope which is considered as the smallest 

homogenous unit of the landscape and how it can summarize ecological feature at 

landscape level and help to delimit biotopes (Article 1 – Published) (RQ1a). 

Chapter 3. Identify high biological value areas through vegetation dynamic 

series concept. 

This chapter will address the modeling of potential biotope distribution to 

complete actual biotopes mapping suffering of sampling biases (RQ1b). These 

models also allow to identify landscape areas where habitat patches can be restored. 

We present a methodological approach including the PNV concept in biotopes 

modeling approaches (Article 2 – Published). 

Chapter 4. Modeling and analyze species habitat network. Comparing 

approaches. 

This chapter dwell on the comparison of two different approaches used to create 

the species movement resistance matrix (RQ2): the use of expert opinion and the use 

of species occurrence datasets.  We compare the divergence in the different results 

for the wildcat. Different analysis to identify LCP, their respective importance for 

the connectivity of the network and their obstacle were performed (Article 3 – 

Published). 

Chapter 5. Modeling habitat networks for multiple species using 

fragmentation-sensitive focal species  

The aim of this chapter is to analyze the application of the focal species concept to 

map networks of species habitats that meet the connectivity needs of multiple 

species. In addition, we are interested in mapping networks of multiple focal species 

dependent on two major ecosystems with opposing connectivity stakes. We aimed to 

identify if the concept of focal species is efficient when applied to a larger scale and 
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to more specific applications (RQ3). In a second step, it is also to see if the 

connectivity issues of two opposite ecosystems overlap or not.  

Chapter 6. Discussion, Perspective and Conclusion 

This chapter takes up the various research questions of the thesis and discusses 

how they were answered. This is followed by a general discussion of various aspects 

common to the different chapters and about the application of thesis results. A 

perspective section proposes to re-contextualize the concept of ecological networks 

in the face of new initiatives applying related concepts such as green infrastructure. 

Based on a review of scientific literature, we analyzed the inclusion of the concept 

of ecosystem services in the mapping of habitat and biotope networks for the 

purpose of building green infrastructure to see if the concept of ecological network 

can be used for green infrastructure mapping or if it has become obsolete. Then a 

general conclusion of the thesis completes this manuscript. 
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Figure 1.13: Conceptual framework of the thesis with links between chapters 
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1. Preamble  

In this chapter, we conducted an evaluation of the concept of ecotopes as a means 

to map ecologically distinct units of the landscape. Our focus initially lay on the 

segmentation process of ecotopes, utilizing topographic data to enhance the 

delineation of vegetation cover and environmental characteristics, such as soil 

attributes. To assess segmentation performance, we analyzed the homogeneity of 

soil characteristics, such as drainage, or land-cover classes, within ecotopes. 

Additionally, we investigated the influence of topographic variables in 

segmentation, taking into consideration the results of biotope distribution models 

using ecotopes as the modeling unit. 

Subsequently, we proceeded to compare ecotopes with other landscape 

representations to perform ecological analyses for landscape conservation. We 

compared raster grids with ecotopes for biotope distribution modeling, and 

hexagonal grids with ecotopes for habitat network modeling. During this 

comparison, we evaluated biotope modeling performances and structural differences 

in habitat networks. 

The first section of this chapter is adapted from : Radoux, J., Bourdouxhe, A., 

Coos, W., Dufrêne, M., Defourny, P., 2019. Improving Ecotope Segmentation by 

Combining Topographic and Spectral Data. Remote Sensing 11, 354.  

2. Improving Ecotope Segmentation by Combining 

Topographic and Spectral Data 

2.1. Introduction 

2.1.1. Context 

In order to mitigate biodiversity loss and destruction of ecosystems with heritage 

value around the world, we have to know where biodiversity hotspots and threatened 

areas are located. Facing the actual threats and due to a big extinction rate, the 

urgency leads to a race to become aware and map theses area before they don’t exist 

anymore. This logic was followed at many scales. Worldwide, biodiversity hotspots 

were identified and outlined in order to prioritize conservation actions (Mittermeier 

et al., 2011; Myers et al., 2000).  

At the European scale, two directives have defined the need for the conservation 

of habitats and species with the adoption of appropriate measures. They allow to 

give a protection status for species and biotopes of interest, but also defining 

protected areas corresponding to species habitats or group of biotopes. Within this 

Pan-European ecological network known as “Natura 2000 network” of special areas 
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of conservation, natural habitats will be monitored to ensure the maintenance or 

restoration of their composition, structure and extent (Ostermann, 1998).  

Monitoring the evolution of the territory (land-cover, habitats of species, biotopes, 

. . .) is an essential activity to identify major changes, economic, social and 

environmental issues but also to assess the impact of public policies and private 

initiatives. This monitoring is held by each country and requires a large amount of 

data, mainly obtained through field surveys having a high financial and time cost. 

These mapping results are used to mitigate problems such as conservation measures 

of the kind at national and local level(Loidi, 1999), planning and development of 

green infrastructure (Wells et al., 2011), agro-environmental assessments (Donald 

and Evans, 2006), landscape changes monitoring (Bryn, 2008; Bunce et al., 2008), 

ecological forest management (Pokharel and Dech, 2011) or identification of 

ecosystem services (Egoh et al., 2012; Maes et al., 2012). However, existing maps 

are often limited to categorical land-cover characterization which does not provide a 

precise legend for habitat and biotope types and are hardly interoperable. Innovative 

remote sensing products could, however, facilitate the status monitoring and the 

detailed characterization of large areas, even sometimes for fine scale quality 

indicators (Spanhove et al., 2012). While it does not replace field data collection, 

remote sensing integration could thus be a first step towards a more cost effective 

monitoring of natural habitats (Vanden Borre et al., 2011). 

Because of the limitations of remote sensing, habitat suitability mapping and 

biotope prediction models are necessary to fill the gaps of field observation for 

biodiversity monitoring. Nevertheless, remotely sensed data are of paramount 

importance in providing some spatially comprehensive information that is necessary 

to the prediction over large regions (Guisan and Zimmermann, 2000; Osborne et al., 

2001). In this context, models are often based on regular grids linked with 

permanent structured inventories. However, with the democratization of 

geopositioning devices and the rise of citizen science, the precision of the 

observation has tremendously increased. An alternative approach to grid based 

habitat and biotope prediction could therefore emerge with a landscape partitioning 

into ecologically meaningful irregular polygons. 

2.1.2. Remote Sensing for Ecotope Mapping 

Previous studies showed that irregular polygons were supportive of habitats model 

that outperformed the standard grid-based approach with more than half of the 

investigated species (Delangre et al., 2017). This partition of the landscape into 

spatially consistent regions can be related to the concepts of ecotopes (Ellis et al., 

2006) or of land use management units (Gerçek, 2017). Ecotopes are the smallest 

ecologically distinct landscape features in a landscape mapping and classification 

system. Mapping ecotopes therefore enables the measurement of ecological patterns, 

process and change (Chan and Paelinckx, 2008) with much more details than 

categorical land-cover classes or continuous field of a single class land-cover 

feature. 



Chapter 2 : Representing Landscape Components 

51 
 

Ecotope maps are often created by overlaying a large number of components, such 

as physiotope (topographic and soil features) and biotope (vegetation) layers (Haber, 

1990; Haber et al., 1990). As a result, ecotope maps are classified into hundreds of 

types and dozens of groups by combining biological and geophysical variables 

(HONG et al., 2004). Furthermore, the different scales and precision of the 

boundaries of the overlaid thematic layers may create many artifacts which need to 

be handled with advanced conflation rules.  

Alternatively, Geographic Object-Based Image Analysis can be used to delineate 

spatial regions by grouping adjacent pixels into homogeneous areas according to the 

objectives of the study (Nemmaoui et al., 2018; Shen et al., 2017). For biodiversity 

research, image segmentation has been used to automatically derive homogeneous 

vegetation units based on spectral (Ruan and Ren, 2007) or a combination of 

spectral and structural (height) information(Delangre et al., 2017; Geerling et al., 

2009). These approaches helped to reduce the number of polygons and improved the 

matching of those polygons with entities derived from the field. 

On the other hand, GEOBIA was also used to delineate physiotopes, which can 

then be overlaid with land-cover polygons to derive meaningful spatial regions 

(Gerçek, 2017) or directly used to map aquatic habitats (Janowski et al., 2018). The 

delineation of physiotopes is a difficult task to assess because their definition 

depends on the purpose of the study (Guilbert and Moulin, 2017). Different 

GEOBIA methods have therefore been developed, based on curvature indices 

(Gerçek, 2017; Gerçek et al., 2011), decision rules using elevation and slope (Drăguţ 

and Eisank, 2012), network properties (Guilbert and Moulin, 2017) or a large set 

(70) of indices including slope, aspect and various texture indices (Janowski et al., 

2018). However, the methods designed for terrestrial landscapes focused on global 

to regional scales, where the relative position (ridge, side or valley) plays a major 

role for the classification and do not directly take the orientation of the slope into 

account. 

Our study aims at improving the large scale delineation of ecotopes applied on 

ecological modeling in Delangre et al. (Delangre et al., 2017). Our hypothesis is that 

this improvement can be achieved by simultaneously processing the topographic 

information from a LIDAR DEM and the vegetation structure information from 

optical image and LIDAR DHM. Topography is indeed a major driver of other 

abiotic components such as soil properties (which is more difficult to obtain at high 

precision) (Gessler et al., 2000; Kravchenko and Bullock, 2000)or insulation 

(depending on the orientation of the slope) (Sternberg and Shoshany, 2001). 

2.2. Data and Study Area 

The study area is located in the Walloon region (Southern part of Belgium). This is 

a very fragmented landscape including coniferous forests (mainly spruce and other 

sempervirent species), deciduous broadleaved forests (mainly oaks and beeches), 
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crop fields, natural and managed grasslands, peatlands, small water bodies, 

extraction areas as well as dense and sparse urban fabrics.  

There are no mountainous terrains in Belgium, but a topography that is mainly 

driven by a dense hydrological network. In order to test our hypothesis, the 

experimental study focuses on the ravine maple stands, which grow on relatively 

steep slope and rocky soil. This biotope is particularly sparse, but at least present in 

five of the biogeographical regions of Wallonia. A rectangular study area (Figure 

2.1) was delineated to include the majority of these biotopes present in Belgium. 

This region is relatively flat (slopes smaller than 7 percents) except in the valleys. 

 

 

Figure 2.1: Aerial orthophoto (left) and slope derived from the LIDAR images (right) on 

the study area. 

Two types of input data were available in the study area. First, a mosaic of ortho-

rectified aerial photographs upscaled to 2 m resolution and including four spectral 

bands; Second, a LIDAR point cloud dataset rasterized at 2 m resolution. 

The aerial photographs cover the entire study area. This coverage was done with 

several flights between March and April 2015. Image acquisition included four 

spectral bands (blue, green, red and near-infrared) at a spatial resolution of 0.25 m. 
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The images available for the analysis were already ortho-rectified, mosaicked and 

rescaled in bytes. In order to avoid too much local heterogeneity, which would affect 

classification process, the original images were resampled at 2 m resolution using 

the mean values of all contributing pixels. 

The LIDAR dataset was acquired in spring 2013 and 2014. The minimum 

sampling density is of 0.8 points per square meter. First and last returns were used to 

extract the ground elevation and the vegetation canopy height. In addition, this 

dataset required specific mathematical morphology analysis in order to remove some 

artifacts: a gray scale opening was applied in order to remove power lines. A digital 

elevation model (DEM) and a Digital Surface Model (DSM) of the vegetation were 

derived from the last and first returns, respectively. A Digital Height Model (DHM) 

was then obtained by subtracting the DEM from the DSM. 

In addition to the remote sensing data, a vector database describing the biotopes 

inside Belgian protected areas from the European network of natural sites 

(NATURA2000) was available. This database was produced by the Walloon 

administration for Nature and Forest based on expert knowledge and exhaustive 

field inventories (all polygons). It is considered as the best available information 

about ravine forests in Wallonia and was therefore used as a reference. In order to 

ensure and improve the reliability of this map, polygons with visible clear cuts on 

the 2015 othophotos were manually removed from this reference. 

2.3. Method 

The core of the proposed process is the simultaneous segmentation of the 

topographic, spectral and height information. The resulting image segments are then 

enriched by computing a set of attributes based on remote sensing and ancillary data. 

The potential of the proposed method to automatically delineate meaningful spatial 

regions is assessed based on two expected properties of the ecotopes: a large 

homogeneity and the ability to build high performance ecological models. These 

steps are summarized on Figure 2.2. 
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Figure 2.2: Overall flowchart of the proposed method. 

2.3.1. Automated Ecotope Delineation 

The three variables of interest to discriminate ecological function at the scale of 

the analysis are the land-cover, the topography and the soil type. However, the 

available soil type information was not precise enough and could be partly inferred 

by the topography. We therefore focused on variables that could be directly inferred 

by remote sensing: topography and land-cover. 

The multiresolution segmentation algorithm (Baatz and Schape, 2000) was used to 

automatically delineate ecotopes. This algorithm can be tuned by a set of four 

parameters: the scale, the weight of the raster layer, the shape and the compactness. 

The scale parameter defines the maximum acceptable value of the change of 

heterogeneity when merging two neighboring image-segments. Increasing the scale 

parameter therefore increases the size of the image-segments. The weight of the 

layers defines how much each raster layer will contribute to the heterogeneity 

difference of the merged image-segments as shown in Equation 1: 

 

Equation 1. 
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ℎ𝑑𝑖𝑓𝑓 = ∑ 𝑤𝐿

𝐿

(𝑛1(ℎ𝑚𝑒𝑟𝑔𝑒𝑑𝐿 − ℎ1𝐿) + 𝑛2(ℎ𝑚𝑒𝑟𝑔𝑒𝑑𝐿 − ℎ2𝐿)/ ∑ 𝑤𝐿

𝐿

 

 

where ℎ𝑑𝑖𝑓𝑓 is the total heterogeneity difference after merging based on the raster 

layers, 𝑤𝐿 is the weight of each raster layer, ℎ𝑚𝑒𝑟𝑔𝑒𝑑𝐿 is the heterogeneity of image-

segments 1 and 2 for layer L; 𝑛1 and 𝑛2 are the number of pixels in image-segments 

1 and 2; ℎ2𝐿 and ℎ2𝐿 are the heterogeneity indices of image-segments 1 and 2. Then, 

the shape parameter defines the proportion of the heterogeneity index that is based 

on the shape of the image-segment. Increasing the shape parameter therefore reduces 

the contribution of a large heterogeneity difference after merging the image-

segment. The compactness parameter determines if this shape index should favor 

compact image-segments (similar to a disk) or smooth image-segments (similar to a 

rectangle). 

The efficiency of a segmentation combining LIDAR height and multispectral 

image had already been proven (Geerling et al., 2009). Our working hypothesis is 

that simultaneously combining the topographic information with the spectral values 

of the orthophotos and the DHM derived from the LIDAR would improve the 

delineation of the ecotopes. The segmentation results are therefore compared with 

different weights to the topographic information with respect to the other layers. For 

the sake of a fair comparison, the average size of the image-segments is fixed to 

approximately 2 ha (Two hectare on average corresponds to smallest ecological 

management units according to a group of users including biodiversity researchers 

and managers.) To do so, the composite image was first segmented with a scale 

parameter of 50, a shape parameter of 20% and a compactness of 100%. The shape 

parameter was then reduced to 10% and a larger scale parameter was obtained using 

binary search algorithm with a tolerance of 0.2% on the total number of polygons 

obtained on the reference image segmentation (that is 318,380). Apart from the size 

that was fixed after the first segmentation, no other optimization of the segmentation 

was performed. The only difference between the segmentation is therefore the 

weight of the topographic component that is being tested with values of zero (only 

spectral and structural information), 0.5, 1 and 2 (increasing the influence of 

topographic information). 

Including topography in segmentation required a transformation of the DEM data 

to highlight the different slope types and identify breaks. Because the segmentation 

algorithm is based on the minimization of the variance inside each image-segment, 

using DEM values would indeed tend to create many linear spatial regions along 

contour lines in areas of steep slopes, even if the slope is constant. Previous studies 

used the slope together with some curvature indices (Gerçek, 2017). This is 

interesting for pedomorphic mapping, but (i) it then relies on arbitrary window size 

to compute minimum and maximum curvature and (ii) both sides of ridge and valley 

lines are in the same segment despites different sun illumination. In the case of 

ecotopes, the slope and the aspect of the slope are therefore more closely related to 
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the functionnal homogeneity However, slope aspect could not be used by the 

segmentation algorithm because (i) it is undefined when the slope is null and (ii) it is 

a circular metric that jumps from 360 degrees to 0 degree for the same azimuthal 

direction. For those reasons, Janowski et al. (Janowski et al., 2018) used easting and 

northing instead of azimuth. For the ecotopes, two synthetic hillshade maps were 

derived along the North-South and the East-West transects using Equation 2, 

because this is the variable that is the most directly linked with the potential solar 

energy. 

Equation 2. 

 

ℎ𝑖𝑙𝑙𝑠ℎ𝑎𝑑𝑒 = 255 × ((cos(𝑆𝑍𝐴) × cos(𝑆𝑙𝑜𝑝𝑒))
+ (sin(𝑆𝑍𝐴) × sin(𝑆𝑙𝑜𝑝𝑒) ×  cos(𝑆𝐴𝐴 − 𝐴𝑠𝑝𝑒𝑐𝑡))) 

 

where 𝑆𝑍𝐴 and 𝑆𝐴𝐴 are the hypothetical sun zenithal and azimuthal angles, 

respectively, and 𝑆𝑙𝑜𝑝𝑒 and 𝐴𝑠𝑝𝑒𝑐𝑡 are derived from the DEM using a 3-by-3 

moving window. The use of 3-by-3 windows corresponds to local hillshade at a high 

spatial resolution (2 m), so that only pixels with similar hillshade values are likely 

grouped together by the segmentation algorithm. The shape parameter of 20% that is 

used in the segmentation process aims at preserving the compacity of the image 

segment when isolated pixels have a markedly different orientations than their 

surroundings, but image-segments are expected not to merge when there is a change 

of slope. 

In practice, synthetic hillshade maps were created by setting a large sun zenith 

angle (75°) for four sun azimuth angles (0°, 90°, 180°, 270°). The difference 

between the results of both pairs of opposite theoretical sun azimuth angles were 

then computed. Cast shadows were ignored in this process because the aim of the 

hillshade is only to provide a continuous topographic characterization. As can be 

seen on Figure 2.3, the values of the hillshade are equal on flat surfaces and on 

slopes oriented with 45° or 135° azimuths. In the case of flat areas, the value in two 

opposite directions is indeed equal, so that their difference is zero for all azimuths. 

In the other case, the values are either positive or negative and they are equal for the 

orthogonal direction because 45° is the bisector of those azimuthal angles. 
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Figure 2.3: False color composite of the hillshades along the North-South and East-West 

directions (left) and slope derived from the LIDAR images (right) on a subset of the study 

area. Shades of grey indicate that the hillshade values in the two orthogonal directions are 

equal while colored areas highlight the differences between the two directions. 

2.3.2. Quality Assessment 

For the sake of ecological models, image-segments are enriched based on the 

proportion of land-cover features that they contain as well as various soil and 

contextual attributes (Delangre et al., 2017). With all attributes being derived from 

external databases, the quality assessment focuses on the homogeneity of the image-

segments (which is a key feature for ecotopes) (Section 3.2.2) and the ability to run 

performant ecological models (Section 3.2.3). 

Due to the lack of other up-to-date high resolution land-cover map of the Walloon 

region at the time of the study, a high resolution pixel-based land-cover map was 

produced in order to characterize the ecotopes and build some of their homogeneity 

indices. While the production of this high resolution land-cover database is out of 

the scope of this paper, it is briefly described in Section 3.2.1. 

 

2.3.3. High Resolution Pixel-Based Land-cover 

A Bayesian classifier with automated training sample extraction method (J. 

Radoux and Bogaert, 2014) was used to classify 8 land-cover types: bare soil, 

artificial, grassland, crops, coniferous, broadleaved, water and shrubs. The input 

image was based on the same datasets as the segmentation: the 4 spectral bands of 

the aerial photograph and the height information extracted from LIDAR. The a priori 

probability was computed based on the frequency of each land-cover type within 

two height classes (below and above 50 cm). Because of the high reliability of the 

LIDAR DHM, this step was particularly useful to discriminate forests, shrubs and 

buildings from the other land-covers. The training dataset was compiled based on 

existing datasets covering the study area, including a 2007 land-cover map from the 

Walloon Region, Open Street Map data (OpenStreetMap contributors, 2017) and 
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forest inventory data from the Nature and Forest Department. The results were then 

consolidated with a crop mask in order to discriminate grassland and cropland. 

Furthermore, the classification of forest types was consolidated in the homogeneous 

region thanks to a classification of Sentinel-2 cloud-free images of early spring and 

mid summer 2016 (assuming that the forest type does not change from year to year 

and excluding clear cuts from the analysis). 

For the validation, a simple random sample of 700 points was photointerpreted on 

the orthophoto with a geolocation tolerance of 5 m and ambiguous points were 

verified on the ground. The estimated overall accuracy of the consolidated product 

(93% with a 95% confidence) was above the other products, therefore it was 

considered as our best reference in the frame of this paper. 

2.3.4. Homogeneity Measures 

In order to test the hypothesis of this study, different homogeneity indices have 

been computed. Those indices look at the homogeneity from land-cover (based on 

the high resolution land-cover layer), from the topography and from the soil types. 

They are compared with an arbitrary regular grid with the same cell area than the 

average polygon size, which provides a reference considering the segmentation 

ratio. Because of the specific interest towards a biotope that is mainly present in 

areas of steep slopes, the homogeneity indices were not only computed for all the 

study area, but also for a subset composed of the polygons with an average slope 

above 10 degrees.  

Giving more weight to the topographic bands could affect the homogeneity in 

terms of land-cover delineation. In order to control a potential loss of land-cover 

homogeneity, the average purity level was computed for each segmentation. The 

proportion of each land-cover class was computed inside each polygon based on the 

high-resolution pixel-based land-cover classification presented in Section 3.2.1. The 

purity index is then defined as the average of the maximum values of land-cover 

proportions of each image-segment. 

From the topographic point of view, the primary variable of interest is the slope. 

The slope was measured on a smoothed version of the 2 m DEM in order to remove 

micro-topography effects and to remove artifacts due to the noise of the dataset. 

Because the slope is a quantitative variable, its heterogeneity was estimated using 

the standard deviation (STD) inside each polygon. For the aspect of the slope, 

standard deviation could not be used because of the break between 0 and 360°. The 

azimuth values were therefore converted into nine categories, including in eight 

directions (North, North-East, East, South-East, South, South-West, West and 

North-West) plus one class for the flat areas (where the aspect is undefined). The 

purity index of these nine categories is then computed like in the case of the land-

cover. 

Finally, an independent data source was also considered: the soil map. The purity 

index for soil drainage classes and soil depth classes was used as an additional 

indirect indicator of the polygon homogeneity. Those two soil classes were derived 
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from the digital soil map of the Walloon region. The precision of this map 

corresponds to a scale of 1/25,000, which is coarser than the polygons delineation, 

but this uncertainty affects all polygon boundaries in a similar way. 

2.3.5. Biotope Models 

In addition to the homogeneity measures, a fitness to purpose analysis was 

implemented. The sensitivity of two state-of-the-art algorithms, namely Random 

Forest (RF) and Generalized Additive Model (GAM), has been tested for the 

detection of ravine maple forests. Each model was calibrated using the same 

workflow for each of the segmentation results. 

First, a large set of attributes have been derived from existing database and GIS 

analysis. This set includes bioclimatic variables interpolated from Worldclim 

(Hijmans et al., 2005), soil variables, topographic variables and land-cover variables 

obtained by zonal statistics within each ecotope. Those variables have been selected 

based on expert knowledge and their contribution to habitat suitability models have 

been assessed in a previous study (Delangre et al., 2017). Calibration and validation 

polygons were then selected by crossing the ecotope database with the polygons of 

the NATURA 2000 database. An ecotope was labeled as a ravine maple forest 

biotope if more than half of its area was covered by its equivalent in the Natura 2000 

cartography. To obtain a presence/absence dataset, ecotopes matching with ravine 

maple forests were considered as presence, while ecotopes matching with any other 

forest biotope were considered as an absence. 

Different quality indices were used to validate the model, including the Overall 

Accuracy (OA) and the Area Under the Curve (AUC) of the model as well as 

producer and user accuracy (PA and UA) of the optimal binary classification 

between ravine forest and other forest biotope. In order to evaluate the accuracy of 

the model to detect ravine forests among all other biotopes, another overall accuracy 

was calculated taking into account all surfaces covered by Natura 2000 surveys 

(OA_Tot).Those indices were computed for the validation polygons which have 

been separated from the rest of the dataset before the calibration step. In order to 

provide an unbiased estimate of the correctly classified areas, the ecotope polygons 

were used as sampling units and their areas were taken into account (Radoux and 

Bogaert, 2017). The optimal binary classification was automatically determined 

based on the best compromise between sensitivity and specificity. 

2.4. Results 

By design, approximately 318400 image-segments were automatically created in 

the study area (with a range of 500 polygons, that is less than 0.2 percent). A visual 

check did not catch any macroscopic errors, but revealed most of the topographic 

features hidden by the vegetation on the aerial image. Figure 2.4 shows a subset of 

the segmentation result, highlighting the impact of the topography on the image-

segments created inside patches of homogeneous land-cover. As expected, areas of 
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homogeneous slope are well delineated in addition to the land-cover induced 

partitioning. Furthermore, the limits of the ecotopes are consistent with the pattern 

of slope curvature, which were not used for the segmentation. 

Quantitative results related to the homogeneity of the image-segments are 

summarized in Tables 2.1 and 2.2. Overall, the advantage of automatically 

partitioned landscape against a regular grid of the same size is obvious. The results 

indeed show that the heterogeneity of the topographic attributes decreases and the 

separability of ecotopes increases when the partition of the landscape is determined 

by topography and land-cover. As shown in Figure 2.4, the results within the subset 

of polygons with a slope above 15 percent further highlight the differences where 

the terrain plays a bigger role in the definition of the polygons. 

Table 2.1: Homogeneity of the image-segment as a function of the segmentation weights. 

The grid is composed of squares with the same area as the average of image-segments. Large 

purity values and low average variance of the slope indicate a good segmentation. 

 0 ( No 

Topographic 

Layers) 

0.5 1 2 Grid 

Slope variance 4.21 4.00 3.90 3.83 4.82 

Aspect purity 94.4 94.4 94.5 94.5 94.3 

Soil depth purity 82.8 82.8 84 83.1 79.9 

Soil drainage purity 80.1 80.9 81.3 81.7 80.4 

Land-cover purity 75.9 76.5 76.6 76.4 72.2 

 



Chapter 2 : Representing Landscape Components 

61 
 

 

Figure 2.4: Image-segment boundaries (in red) overlaid on the curvature of the DEM at 10 

m resolution (left) and the orthophoto from the Walloon Region (right, copyright SPW 

2015). The images at the top (a,b) display the segmentation with the topographic bands 

(weight of 1); the images at the bottom (c,d) display the segmentation without the 

topographic bands. The green rectangle highlights an area where the land use boundaries 

follow the topography. 
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Table 2.2: Homogeneity of the subset of image-segments with a slope greater than 15 

percent. The grid is composed of squares with the same area as the average of image-

segments. Large purity values and low average of slope variance indicate a good 

segmentation. 

 

0 (No 

Topographic 

Layers) 

0.5 1 2 Grid 

Slope variance 10.6 8.1 7.1 6.2 11.6 

Aspect purity 93.7 95.2 95.9 96.4 93.7 

Soil depth purity 80.2 81.9 82.7 83.5 75.6 

Soil drainage purity 79.7 81.8 82.4 82.5 78.3 

Land-cover purity 69.4 75.0 75.4 76.4 64.8 

Mean area (m2) 20 466 17 379 16 432 15 577 19 016 

 

The analysis of the predictive model indicate that the ecotopes are appropriate 

mapping units to map ravine forest in the study area. The overall accuracy of the 

best model is indeed 99.9% (Table 2.3). However, this value does not completely 

reflect the errors of the model because ravine forests are rare in the study area and 

specific to the polygons with a majority of broadleaved trees. Additional indices 

measured on a subset of the ecotopes with a majority of broadleaved trees are 

therefore more relevant to compare the different scenarios. On this subset, the use of 

topographic information to delineate polygons had a significantly positive impact on 

the results of the models. This confirms the results obtained by homogeneity 

measures (Tables 2.1 and 2.2). However, the best prediction is achieved for the 

GAM model when the weight of the topographic information is equal to the weight 

of the spectral information and the performances of the model decrease with the 

weight of 2. 
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Table 2.3: Results of the different models of ravine forest predictions with respect to the 

weight of topography in the segmentation. Matches correspond to the number of ecotopes 

matching at more than 50 percent with biotopes survey polygons. The next rows show the 

different quality indices including the overall accuracy of ravine forest mapping in the study 

area (OATot), the Overall Accuracy (OA), Area Under the Curve (AUC), Producer Accuracy 

(PA) and User Accuracy (UA) of the ravine forests for each model based on ecotopes 

covered by a majority of broadleaved trees. 

 0 0.5 1 2 

Matches 17 60 87 109 

RF OA Tot 99.7 99.8 99.8 99.7 

RF OA 93.2 94.7 95.5 92.7 

RF AUC 79.6 97.1 96.8 94.3 

RF PA 77.9 97.0 95.3 92.7 

RF UA 8.90 18.9 25.3 16.1 

GAM OA Tot 99.8 99.8 99.9 99.8 

GAM OA 96.1 95.7 97.3 95.2 

GAM AUC 81.4 95.6 97.6 95.2 

GAM PA 77.2 93.1 97.0 92.7 

GAM UA 15.0 21.9 37.2 22.5 

 

The number of matching polygons increases when the segmentation uses more 

topographic components (Table 2.3). This is due to the fact that the polygon 

boundaries match the Natura 2000 boundaries closer than in the case without 

topographic contributions, but also because the polygons become on average smaller 

in rugged terrain when the topography is taken into account, as shown in Table 2.2. 

2.5. Discussion 

This study demonstrates that automated image segmentation simultaneously 

combining topographic information from LIDAR with the spectral information from 

optical sensors provides ecologically relevant polygons. Two facets of the results are 

discussed in this section: the technical quality of the results and the usefulness of the 

model for biodiversity studies. 

2.5.1. Consistency of the Polygons 

The objective of this paper was to build homogeneous polygons that would better 

match the concept of ecotopes than a delineation solely accounting for the land-

cover. While it was foreseen that the addition of topographic information to the 

segmentation process would reduce the topographic heterogeneity, the increased 

land-cover homogeneity was surprising. This could be due to the long term land 

management practices that optimized land use based on the topography (for 
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example, most crop fields are located on flat areas while steep slope are mainly 

covered by forests). Such patterns have been observed in the landscape, but the 

causality should be further investigated. 

The results of the model shows that including topographic information improves 

the correspondence between ecotopes polygons and the field mapping of ravine 

forest biotope. The increased number of matches is partly due to the reduction of the 

average polygon size inside rugged terrain (about 25% for the weight of 2). The 

reduction of the size is however not sufficient to explain the large increase in the 

number of matches. This could be better explained by the fact that presence of 

biotope is highly dependent on the topographic situation. Indeed, contrasted 

situations such as south or north hillside leads to very different abiotic features. 

Furthermore, even a small difference of slope leads to different water intakes leading 

also to different vegetation communities. 

Even if the model weren’t created in the best conditions due to the scarcity of the 

biotope, we can stress that we see a large leap in the AUC of the models (more than 

16% for both RF and GAM) by adding topographic data in the segmentation 

process. Concerning the model accuracy, the big increase observed by adding 

topographic data is consistent with the improvement observed by the heterogeneity 

indices. However, we can see that the indices of the models don’t follow the same 

trend than the heterogeneity indices and are less correlated with the level of 

contribution of topographic data. This is probably due to the fact that we model a 

rare biotope with scarce presence data. Thus, the overall quality of the models is 

sensitive to the polygons selected in the calibration/validation process.  

In this study, the average size was selected according to user requirements and 

fixed in order to fairly compare the contributions of the models. However, the size 

could also be optimized based on data driven features (Drăguţ et al., 2010; Radoux 

and Defourny, 2008) In this case, the weight of the topography, the vegetation 

height and the spectral values of the images should be considered to determine an 

optimal size. However, the observed difference between the trend in terms of 

ecotope purity and the trend of the fitness-to-purpose analysis should be further 

investigated as a potential issue to the use of a single optimization criteria.  

On the other hand, landscape and landform analysis very much depends on the 

scale of the process being addressed and a hierarchical approach could help to 

extract additional characteristics from the landscape. For instance, elevation and 

curvature are important features at coarser scale to identify ridges or valleys. 

However, ridges and valley landforms include two sides facing opposite directions, 

which is not homogeneous in terms of insulation. The use of hillshade at local scale 

obviously placed the emphasis on potential insulation, but it also split image-

segments in places of strong positive or negative curvature, which contributed to the 

improvement of characteristic soil properties. Identifying pattern from another scales 

could however be necessary to cover the processes that occur in more mountainous 

areas. 
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2.5.2. Usefulness of Biotope Models 

The high (above 95% for both GAM and RF) AUC of the best models shows that 

models based on ecotope polygons are very consistent. However, despite the high 

specificity and sensitivity of the models, the user accuracy of the ravine forest class 

is very low. This low user accuracy can be explained by three different factors. 

First, the ravine forests are rare in the study area. As a result, even a very small 

proportion of false positive had a strong impact on the user accuracy. Nevertheless, 

the absolute number of forest remains small, so that the models could help field 

prospecting by narrowing the search area to fewer than five percents of the total 

surface of forests. 

Second, the models were used to test a concept and compare different 

segmentation strategies, but they could be tuned for other specific purposes. The 

selected optimization criteria, based on the sensitivity and the specificity, favored a 

solution that maximized the sensitivity because the specificity computed on a large 

proportion of absences was rapidly very high (above 97%), then slowly increased. 

This type of optimization is particularly useful for restraining the surveyed area in 

order to exhaustively map a specific biotope. Another threshold for binary 

classification could seek an optimum between producer’s and user’s accuracy based 

on the F-Score. With this alternative, the UA would be 0.63 and the PA would be 

0.65, which is a good compromise for a generic result but less interesting for the 

identification of unknown biotopes of high biological interest. 

Third, the model is limited by the available data, which does not replace field 

based observations. For instance, typical ferns in the understory are not visible by 

remote sensing. On the other hand, the ecotope might include all conditions for the 

development of maple ravine forests, but a different type of forest could have 

developed because of historical land management of the ecotope. From this point of 

view, a substantial proportion of the false positives could be considered priority 

zones for biotope restoration. 

Nevertheless, values of user accuracy that we are discussing about are dependent 

of the correctly classified ravine forest among other broadleaved forests. If we take a 

look at total overall accuracy values, they show an excellent prediction of ravine 

forest in our study area therefore moderating the poor user accuracy previously 

discussed. 

Referring to the field data, forest communities don’t follow a logic of tangible 

frontier, but they look like a gradient of vegetation communities mixing with another 

one. Limits are vague, but the conceptual model of the geographic database uses 

crisp boundaries to represent those transition areas. This conceptual mapping model 

into the so-called spatial regions is not specific to the GEOBIA, but it is also 

performed on the field when a boundary has to be drawn. While about half of the 

boundaries are matching the boundaries of the reference polygons with precision 

close to 10 m, diverging delineation occurs on the other half of the boundaries 

(Example on Figure 2.5). An independent field campaign was unable to undoubtedly 
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and consistently arbitrate between the two datasets. Despite its limitations, the 

repeatability of the automated image segmentation makes it very useful in 

prospective studies or to guide interpretation on the field. However, the use of sharp 

boundaries could be an issue to represent gradients of vegetation or to be associated 

with punctual observations. It is therefore of paramount importance to remember 

that the proposed mapping strategy is a model used to represent the landscape in a 

way that closely matches the definition of biotopes from the field, but that there is 

no universal representation of nature. 

 

Figure 2.5: Divergences of delineation of ravine forest in the Natura 2000 database (green 

polygons) and the automated segmentation (red outlines). 

2.6. Conclusions 

This study demonstrates that hillshade layers can be used simultaneously with 

spectral information to improve the automated delineation of ecotopes in a GEOBIA 

framework. The AUC of predictive ecological models was improved by 15% when 

the ecotopes were delineatd using these topographic layers. Furthermore, the 

inclusion of topographic features in the segmentation process also improved the 

purity in terms of land-cover, probably due to the indirect impact of the topography 

on the land use in the study area. 
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The good results at small scale factor suggests that the proposed GEOBIA 

workflow could be tested at larger scale factor in combination with curvature indices 

in order to generate homogeneous landforms with minimal arbitrary decisions. 
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1. Preamble  

After evaluating the performance of delineating ecotopes with incorporating 

topographic data to obtain homogenous and ecologically distinct landscape units, we 

focused on mapping biotope potential distribution to serve as the most precise unit 

or mapping habitat patches to connect in a fragmented landscape. In this chapter, our 

primary objective was to propose an efficient approach for biotope distribution 

modeling that encompasses multiple biotopes across the entire territory while 

considering the temporal dynamics of vegetation in human-dominated landscapes. 

To accomplish this, we focused on the concept of potential natural vegetation 

(PNV), which considers vegetation communities belonging to the same vegetation 

succession and sharing ecological contexts as a unique mapping unit. 

We evaluated this approach by analyzing its modeling performance, comparing 

our results to distribution models that focus on individual biotopes separately, and 

utilizing floristic observation data for independent quality assessment. 

This chapter is composed of a preliminary analysis evaluating the use of ecotope 

as biotope modeling unit. The next section is a study about implementing PNV 

concept in biotope modeling approaches and is adapted from : Bourdouxhe, A., 

Wibail, L., Claessens, H., Dufrêne, M., 2023. Modeling potential natural vegetation: 

A new light on an old concept to guide nature conservation in fragmented and 

degraded landscapes. Ecological Modelling 481, 110382.  

2. Preliminary analysis 

2.1. Introduction 

Segmenting ecotopes offers a promising method for defining coherent landscape 

features and effectively synthesizing ecological information, as highlighted in 

previous study (Radoux et al., 2019). These ecotopes could serve as fundamental 

units for conducting ecological analyses like Species Distribution Models (SDMs). 

Available ecotope databases precisely delineate landscape feature (at a 2m scale), in 

contrast to their larger 2ha average size. This approach not only reduces the number 

of computing units but also has the potential to improve the predictive power of 

ecological models by optimizing computational efficiency and enhancing 

environmental homogeneity. While raster datasets are commonly employed in such 

analyses, they are often arbitrarily defined and lack ecological significance. 

Consequently, it is natural to question the efficacy of both approaches. A 

comparative evaluation of segmented ecotope datasets and traditional raster datasets 

is vital for determining their respective performance and reliability in ecological 

analyses, such as SDMs. A sensitivity analysis was previously conducted to compare 

the performance of raster and ecotope representations for SDMs. Various sizes were 

used to be compared as grain size affect model predictive power (Gottschalk et al., 
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2011; Guisan et al., 2007). The results revealed that, for the majority of the species 

species, ecotopes measuring 2 hectares on average outperformed raster 

representations of comparable size (Delangre et al., 2017). However, it is worth 

noting that the observed differences were not consistent across both representations. 

Given that biotope distribution models primarily rely on SDM approaches, it is 

imperative to conduct a comprehensive analysis comparing ecotope and raster data, 

especially in the context of biotopes characterized by specific species communities. 

The following analysis seeks to provide valuable insights into the most effective 

modeling approach in accurately predicting biotope distribution patterns before 

applying it more generally. 

2.2. Method 

2.2.1. Ecotope database 

The ecotope database used in this study is an environmental database composed of 

polygons representing ecotopes, the smallest homogeneous unit of the landscape. 

This database was produced in the framework of LifeWatch-WB project and covers 

whole Belgian territory (Radoux et al., 2019). The segmentation of ecotopes is 

performed by an algorithm using orthophotoplan, vegetation height and hillshade 

fixing a mean polygon size of 2 hectares. A multitude of environmental predictors 

are resumed at the ecotope scale such as land-cover, soils attributes, climatic 

conditions and many more.  

2.2.2. Modeling biotope distribution  

For biotope distribution modeling, we opted for a 10m resolution raster which has 

a finer grain size than ecotope to better catch environmental predictor variability and 

improve modeling performance. This raster size is far from ecotope delineation 

accuracy (2m) but is a compromise between sufficient delineation and keeping a 

dataset with a manageable size for modeling. 

To test this approach, we focused on a 1558 km² area located at the south of the 

city of Liège in eastern Belgium where a wide diversity of biotopes is present. 

 Two different calibration datasets are then constructed using Natura 2000  map. 

This map is composed of polygons delimiting biotopes, i.e. an environmental area 

characterized by particular environmental conditions and a specific community of 

species (Löfvenhaft et al., 2002). But, as biotope rarely follow tangible limits and is 

more a gradient of changing vegetation communities, polygons often describe 

complex of biotopes. Each polygon is therefore linked to one or multiple biotopes 

that are identified by an unique EUNIS (European Nature Information System) code. 

To facilitate the integration of this dataset we used biotope proportion inside Natura 

2000 polygons and the majority biotope was further considered. 

For this study, we focused on four forest biotopes: Medio-European acidophilous 

Fagus forests (EUNIS: G1.61), Medio-European acidophilous non-thermophilic 

Quercus forests (EUNIS: G1.87a), Acer and Tilia forests with Asplenium 
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scolopendrium (EUNIS: G1.A41a), and Sub-Atlantic calciphile Quercus - Carpinus 

betulus forests (EUNIS: G1.A17). To ensure the good differentiation between 

presence and absence of biotopes, only other natural biotopes of the same succession 

stage are considered as absence during modeling (i.e. natural forests biotopes).  

The environmental dataset uses a 10m resolution raster environmental dataset. 

This dataset is composed of 8 predictors: annual mean temperature, standard 

deviation of temperature, solar radiation the first day of spring, soil depth categories, 

presence of marginal soils, soil drainage categories, topographic relative position 

(TPI, topographic position index calculated in a 200m radius), and slope percentage. 

For the raster approach, biotope reference dataset was then used to attribute biotope 

EUNIS code to each cell of our environmental dataset with their center covered by 

Natura 2000 biotope polygons. 

The ecotope approach uses the same environmental dataset but summarized at the 

ecotope scale. Continuous predictors (annual mean temperature, standard deviation 

of temperature, solar radiation the first day of spring, normalized topographic 

relative position and slope percentage) are summarized based on mean value inside 

the ecotope. Categorical predictors (soil depth categories, presence of marginal soils 

and soil drainage categories) are splitted by each category and the proportion of each 

category inside the ecotope is measured. The EUNIS code from Natura 2000 biotope 

map is attributed to the ecotope if overlapping surface area between the two 

polygons concern at least 50% of the ecotope. 

The modeling approach uses a Random Forest algorithm and by splitting randomly 

the same dataset to obtain a calibration and validation dataset. Prediction accuracies 

are evaluated using four accuracy metrics (AUC, Overall Accuracy, Producer 

Accuracy and User Accuracy). The overall accuracy (OA) measures the proportion 

of correctly classified pixels (both presence and absence) compared to the total 

number of pixels used for validation. The producer accuracy (PA) assesses the 

proportion of reference pixels that are correctly classified, as evaluated from the 

perspective of the cartographer examining the model's predictions. The user 

accuracy (UA) gauges the proportion of accurately classified presence pixels in 

relation to the total number of predicted presences. This metric evaluates the model's 

ability to predict the presence of a biotope from the perspective of the map user. For 

these metrics, which are dependent on threshold values, the threshold that 

maximizes the F-score was utilized to convert the model's probability estimates into 

presence or absence predictions. The F-score is calculated as the harmonic mean of 

precision and recall. To ensure an impartial estimation of accurately classified 

landscape unit, ecotope polygons were utilized as sampling units, and their 

respective areas were considered inaccuracy metric calculation. 

2.3. Results 

Results of biotope model prediction for both approaches are available in Table 3.1. 



 

 
 

Table 3.1: Accuracy metrics resulting from modeling biotopes using ecotope segmentation or 10 meter resolution raster to summarize 

environmental data. AUC: Area Under the Curve, OA: Overall accuracy, PA: Producer accuracy, UA: User accuracy. 

 AUC OA PA UA 

Biotopes Ecotope Raster Ecotope Raster Ecotope Raster Ecotope Raster 

G1.61 0.90 0.99 0.87 0.97 0.80 0.84 0.44 0.87 

G1.87a 0.84 0.99 0.88 0.97 0.56 0.89 0.51 0.89 

G1.A17 0.95 0.99 0.90 0.96 0.88 0.90 0.75 0.94 

G1.A41a 0.90 0.97 0.94 0.98 0.66 0.67 0.34 0.66 
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We can observe that modeling directly using raster data perform largely better 

than summarizing information at the ecotope level. We see a mean increase of 33% 

for UA when using raster. This increase is far more important in UA than in other 

accuracy metrics. 

2.4. Discussion 

Our results of modeling biotope distributions showed improvements in accuracy 

metrics when using a raster approach. Improvement is more important in terms of 

UA which means that model predictions are more precise. Different factors may 

explain these differences.  

First, using ecotope data to gather information from another vectorized datasets 

using overlap thresholds limits the quantity of calibration data. At the opposite using 

rasterized environmental predictor and attribute calibration data to each cell with 

their center inside vectorized objects allow to increase the quantity and variability of 

predictor values. Therefore, the ecological envelope of biotopes may be better 

evaluated using raster data. However, this variability in predictor values may also 

increase the negative impact of border effect and even more when considering 

operator effects during biotope mapping. Rare biotopes are often present in specific 

marginal ecological context dependent of oro-hydrographic context. Therefore, their 

shape is often linear which increase confusion with neighboring ecological context 

not representative of modeled biotope. However, such effect did not negatively 

impact accuracy metric results for raster approach. 

The ecotope approach may encounter limitations due to the exclusion of certain 

ecological predictors during its automated segmentation process. Restricting the use 

of environmental predictors closely related to ecotopes could potentially narrow the 

disparity between the ecotope approach and other methodologies. However, this 

constraint may also curtail the model's predictive power by overlooking crucial 

predictors. Additionally, the threshold of 50% coincidence between ecotope 

delineation and biotope maps could impact model performance. This threshold aids 

in selecting biotope polygons that exhibit purity in terms of topography and land-

cover, thus potentially enhancing model accuracy by limiting the use of polygons 

representing a complex mixture of different biotopes. However, this might lead to a 

reduction in the number of calibration data, consequently decreasing model 

sensitivity (Figure 3.1). Adjusting the minimal threshold value may further influence 

the calibration data size and, consequently, the model's sensitivity and precision. 

Raising the threshold can result in reduced calibration data and diminished model 

sensitivity, while lowering the threshold may introduce environmental data distant 

from the ecological context of the model biotope, leading to decreased model 

precision. In our study, we selected a 50% threshold to strike a balance between 

sensitivity and precision. It is essential to acknowledge these considerations while 

employing the ecotope approach for predictive modeling and to be mindful of the 

potential trade-offs between sensitivity, precision, and model accuracy.  
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Figure 3.1: Ecotope polygon used to represent presence of  Sub-Atlantic calciphile 

Quercus - Carpinus betulus forests (G1.A17) for calibrating distribution model (orange) 

compared to actual distribution of the same biotope in Natura 2000 biotope map (hatched 

green). Ecotope segmentation is represented by black line. 

It is important to precise that categorical ordinal predictors must have been 

processed before their implementation in the ecotope database. Environmental 

predictors are therefore not identical between the two approaches. Moreover, grain 

size is not equivalent. Ecotopes have an average size of 2 hectares while 10m raster 

resolution have a 0.01ha size. Multiple authors have measured the importance of 

grain size on species distribution models with divergent results depending on the 

studied species (Graf et al., 2005; Li et al., 2006). Studies on the relationship 

between model accuracy and grain size have indicated minimal variations. However, 

a consistent pattern emerges, suggesting that reducing the grain size enhances the 

model's accuracy (Gottschalk et al., 2011; Guisan et al., 2007). This can be 

attributed to a more precise identification and differentiation of habitats, as well as 

the possibility to use more accurate observation data (Gottschalk et al., 2011). In our 

study, we opted for a raster resolution of 10 meters, striking a balance between 

improved delineation and manageable size. It is important to note that this resolution 

does not align with the accuracy of ecotope delineation, which stands at 2 meters. 

Consequently, we can argue that the utilization of a raster representation reduced the 

grain size without necessarily improving the distinction between landscape 
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elements. Nonetheless, this approach ultimately led to improved predictive model 

accuracy. 

Delangre et al. (2017) conducted a sensitivity analysis on the accuracy of SDMs 

for multiple species, considering various grain sizes of raster and ecotope 

representations. While there were small but statistically significant differences in 

accuracy metrics, no clear trends emerged to definitively recommend one 

representation type over the other. However, the study did confirm a general trend 

that finer grain sizes tend to yield better prediction results confirming the findings of 

previous studies (Guisan et al., 2007). It is worth noting that this study solely 

assessed model accuracy using the AUC metric, and other metrics could have been 

employed to further validate these trends. Metrics such as User Accuracy or 

Producer Accuracy have the potential to reveal differences in model accuracy that 

may not be evident when relying solely on AUC (Bourdouxhe et al., 2023). 

Moreover, confusion matrices offer a comprehensive solution by providing detailed 

insights into the distribution of errors. Derived from these matrices are numerous 

accuracy metrics, facilitating their interpretation based on the specific requirements 

of the study. Nonetheless, the utilization of confusion matrices is contingent upon 

two key factors: the ability to transform predicted values into discrete values and the 

presence of adequately balanced calibration data (Anderson et al., 2003; Peterson et 

al., 2008). 

Regarding biotope distribution modeling, the 10-meter raster resolution 

demonstrates significant improvements compared to the utilization of ecotope 

segmentation with an average size of 2 hectares. The 10-meter raster resolution 

strikes a favorable balance between fine grain size, ecological context delineation, 

and manageable data size. Hence, when precise calibration of data is crucial for 

well-defined areas, we advocate employing raster datasets for predictive modeling. 

In such instances, local contexts may lose some ecological significance, but the 

advantage lies in the absence of disadvantages associated with fine grain 

representation. Conversely, when modeling species, an excessively fine grain could 

potentially lead to certain drawbacks. For instance, it might not effectively represent 

complex species habitats that comprise diverse vegetation structures, or it might be 

uninformative when delineating forest gaps with isolated trees. Furthermore, there is 

a potential for vectorized data, such as ecotopes, to assist in synthesizing point-based 

observations into ecologically distinct entities. This approach holds promise in 

providing a means to represent ecological contexts more comprehensively and 

distinctly. However, it should be acknowledged that further research is needed to 

explore and validate the efficacy of this method fully. 

2.5. Conclusion 

In conclusion, this study demonstrated that using a 10-meter raster resolution 

improves the accuracy of biotope distribution models compared to ecotope 

segmentation with an average size of 2 hectares. The raster approach provides  a 
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balance between delineation of ecological contexts while maintaining manageable 

data size. However, ecotope segmentation remains relevant in certain situations, 

when local context has an ecological significance that exceeds the importance of 

better delineating ecological contexts. 
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3. Modeling potential natural vegetation: A new light 

on an old concept to guide nature conservation in 

fragmented and degraded landscapes  

3.1. Introduction 

The restoration of functional species habitat networks became a priority to tackle 

landscape fragmentation, one of the key factor of biodiversity loss (Hilty et al., 

2020a; IPBES, 2019; Resasco, 2019). This implies the use of multiple information 

sources involving the recording and mapping of species of interest, vegetation, 

ecological conditions, land use, pressures, management, dispersal barriers and many 

more. One key source of information is vegetation mapping using the biotope 

concept. A biotope is a landscape unit characterized by specific environmental 

conditions and supporting a characteristic community of species. A species habitat is 

considered as the set of biotopes it needs to complete its lifecycle (R. T. T. Forman, 

1995; Löfvenhaft et al., 2002). Biotope level can therefore be considered as the 

finest unit of landscape management for conservation purpose.  Biotopes are 

commonly described by the vegetation species assemblages depending on more or 

less precise ecological conditions (Davies et al., 2004). Generally, these ecological 

conditions are defined by topography, hydrography, climate, soil type and human 

management, justifying that biotope units are significant landscape features. 

However, as biotope surveys require skilled teams that sometimes have to cover 

large territories (Lillesand et al., 2008), biotope mapping is therefore limited by 

time-consuming surveys, which restricts their capacity to be up-to-date in a land-use 

change context. To circumvent these technical limitations, biotope modeling using 

available environmental predictors and remote-sensing data is increasingly being 

developed (Horvath et al., 2019; Maggini et al., 2006). This approach, derived from 

species distribution modeling (SDM), produces relatively accurate maps of the 

current or the potential distribution of biotopes when, taking into account land-cover 

or not (Álvarez‐Martínez et al., 2018; Horvath et al., 2019). Current and potential 

biotope distributions are also strategic information to design ecological networks. 

Biotope restoration can then target areas to increase species habitat patches and limit 

fragmentation impacts to compensate habitat loss due to human activities (Jones et 

al., 2021). 

The interest and quality of biotope distribution modeling (BDM) is however 

limited because several biotopes can occupy similar ecological conditions (soil, 

climate and topography)  during the vegetation successions. Indeed, plant 

communities characterizing biotopes evolve naturally from pioneer open biotopes to 

mature forest biotopes reaching one or several stages of equilibrium called climax 

(Niering, 1987). Different types of successional patterns are possible with dynamics 

of natural or artificial disturbances that, for example, restart the process of 

succession, regressive dynamics, lock-in at certain stages, etc (Blasi et al., 2004; 
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Rees et al., 2001; Woodward, 2009). BDM accuracy is thus disturbed by the 

competition between different biotopes belonging to the same succession in similar 

ecological conditions and the difficulty of having descriptive variables to 

discriminate the different stages. Some authors consider this issue by focusing only 

on climax stage biotopes (Horvath et al., 2019; Maggini et al., 2006). The presence 

of some stages/biotopes of a vegetation succession is also impacted by human 

management that restricts them to less productive areas such as the steepest slopes or 

the most superficial soils (Hall, 1988). The observed relationship between some 

biotope distribution and environmental conditions, therefore, can only be one part of 

the potential biotope ecological envelope . 

One pragmatic solution to consider temporal dynamics of ecosysems is to use the 

concept of “potential natural vegetation” (PNV). PNV concept was defined by 

Tuxen (1956) as ‘the vegetation that would develop in a particular ecological zone 

or environment, assuming the conditions of flora and fauna to be natural, if the 

action of man on the vegetation mantle stopped and in the absence of substantial 

alteration in present climatic conditions’ (Gallizia Vuerich et al., 2001). By 

convention, PNV therefore refer to climax vegetation but it designs the ecological 

conditions necessary for the development of the main stages of the associated 

succession (Loidi and Fernández-González, 2012; Prach et al., 2016). The concept 

of PNV makes it possible to define landscape units that share similar ecological 

contexts, regardless of the stage of natural vegetation succession (Leguédois et al., 

2011; Stumpel and Kalkhoven, 1978). This concept was used in the past to classify 

the landscape to guide nature oriented sylviculture, conservation and landscape 

planning (De Keersmaeker et al., 2013). Such PNV maps can also be used as one of 

multiple approaches to determine the conservation status or naturalness of areas by 

measuring the difference between PNV and current land-cover (Hemsing and Bryn, 

2012) or to identify gaps and completion of networks of protected areas such as 

Natura 2000 (Bohn and Gollub, 2006). PNV mapping can be seen as  an integrative 

approach that better considers vegetation dynamics, which is important for the 

design and connectivity of ecological networks and their management. It has the 

advantage of better delineating the maximum potential distribution of biotopes 

depending on the ecological context and therefore ensures network coherence. It 

also helps to guide the management of conservation and restoration actions based on 

natural disturbance to create a more heterogeneous landscape. 

However, the expected link between PNV typology and ecological conditions is 

well debated among experts (Chiarucci et al., 2010). Pioneer or intermediate 

biotopes are sometimes shared by different vegetation succession series. The 

dynamic drivers influencing a biotope to develop to a specific vegetation succession 

may be subtle variations in ecological factors and vegetation composition that are 

undetected in the field, the result of biological processes (competition and predation 

favoring certain species) or the impact of direct (management) or indirect (pollution, 

eutrophication, etc.) effects of present and past human activities. However, a lot of 

example of vegetation communities evolving to the expected climax exist thanks to 
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a better understanding of these successions (Loidi and Fernández-González, 2012; 

Prach et al., 2016).  

The most important prerequisites to map PNV are therefore (Loidi and Fernández-

González, 2012): 

1. a PNV typology that is sufficiently validated with quite exclusive biotopes 

belonging to each PNV,  

2. a validated mapping of the different biotopes belonging to each PNV  

3. a precise mapping of ecological factors which are supposed to play an 

essential and proximal role in biotope distribution. 

PNV mapping also benefited from the development of distribution modeling 

approaches and multiple examples of PNV modeling exist (Reger et al., 2014; 

Somodi et al., 2017). Recent studies addressed different topics such as the best 

modeling approach (Hemsing and Bryn, 2012), the representation of multiple 

overlapping modeled PNV (Somodi et al., 2017), the definition of PNV (De 

Keersmaeker et al., 2013) or the modeling of numerous PNV at larger (Liu et al., 

2009) and smaller scales (Longcore et al., 2018). When PNV and related vegetation 

communities are well identified, they are mainly based on national classification 

systems and models are calibrated on stable/climax forest or open areas stages 

reference data (Hemsing and Bryn, 2012). Building PNV based on species 

assemblage using floristic occurrence data is far more complex and raise many 

methodological questions (De Keersmaeker et al., 2013). The presence of 

characteristic species is highly dependent of natural sites condition and some PNV 

may not have any highly characteristic species (De Keersmaeker et al., 2013). The 

integration of multiple PNV predictions into a single map allows to better apprehend 

such useful results but current aggregation method are complex (Somodi et al., 

2017).  

In the other hand, single biotope modeling – i.e., peat bogs, calcareous grasslands, 

moors, etc. – is still being applied (Horvath et al., 2019). In the literature, PNV 

concept seems to be a closed study field as many biotopes modeling study cases do 

not even mention PNV concept (Álvarez‐Martínez et al., 2018; Horvath et al., 

2019).However and as mentioned earlier, modeling PNV present many advantages 

to produce accurate and useful prediction map of biotopes.  

In this paper, we propose a methodological framework which aims to be as most 

replicable as possible using biotopes classification systems and mapping used in all 

European countries. In contrast to last PNV modeling applications using stable 

forest stages, we suggest modeling PNV using multiples biotopes from the same 

vegetation succession to better cover the ecological envelopes of PNV in disturbed 

landscapes. Our methodological framework also proposes a simpler aggregation 

technique to deliver a unique map of all PNV considering also potential overlaps. 

We will also compare PNV modeling approach to individual biotope modeling and 
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assess performance of  both approaches. Finally, we also suggest an independent 

qualitative assessment of modeled PNV distributions using floristic occurrence data. 

3.2. Materials and methods 

3.2.1. Study area 

Wallonia is an administrative region covering southern Belgium (17 000 km2). It 

is characterized by a temperate climate with precipitation distributed throughout the 

year. However, the precipitation can double within the territory (from 800 to 1600 

mm/year) and its rate increases with altitude. The summit of the region is a high 

peaty plateau that culminates at 694 m above sea level. The Walloon region can be 

split into six principal parallel biogeographic zones that are well defined by a large 

gradient from recent to oldest geological substrates going from NW to SE. This 

explains a wide diversity of very different ecological contexts, ranging from boreo-

alpine peatlands to Mediterranean limestone lawns less than 30 km away (Dufrêne 

and Legendre, 1991).  

3.2.2. Methodological framework 

The proposed approach was carried out in four steps: 

1. Biotopes developing in the same ecological context were identified and 

referred to one specific PNV by using historic and recent expert 

knowledge to maximize the difference between PNV ecological 

contexts. 

2. PNV distributions were individually modeled using environmental 

predictors including topographic information, soil conditions and 

climatic parameters.  

3. To obtain a unique typology for the territory, possible PNV prediction 

maps were used as predictors to produce a classification to test the 

potential presence of the different PNV. 

4. Finally, overlaps between individually modeled PNV distributions were 

identified. These mixed PNV areas allowed us to identify where the 

proposed classification is more uncertain. 

The general workflow of our method is summarized in Figure 3.2. 
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Figure 3.2: Schematization of the general workflow for the proposed approach with the 

different results. 1. Biotopes are attributed to defined PNV. 2. Individual PNV are modeled. 

3.These individual predictions are used to produce a classification map. 4. Individual 

prediction maps are overlapped to identify potential areas with multiple PNV predicted.  

3.2.3. PNV construction 

The biotope classification and denominations used in this study are based on the 

EUNIS (European Nature Information System) classification for biotope types 

(Davies et al., 2004). EUNIS is a hierarchical classification describing every biotope 

and habitat present in Europe, from natural to artificial, and covering terrestrial, 

freshwater and marine ecosystems. The EUNIS classification was adapted to 

Wallonia by the public research agency in order to match regional variations 

(Dufrêne and Delescaille, 2005). Each biotope is characterized by a unique code.  

The PNV modeled in this study were identified to cover almost all ecological 

contexts of the region using phytosociological literature (Delescaille et al., 2021) 

complemented by expert opinion. The region has historically hosted several famous 

authors working on phytosociology and vegetation successions, who precisely 

described the different vegetation stages, their dynamics and links with ecological 

contexts making expert opinion highly robust (Duvigneaud, 1949; Herbauts and 

Tanghe, 1987; Noirfalise, 1984; Venseveren, 1969). Common and scarce biotopes 

were selected if there was sufficient data to model them and if they belong to only 

one vegetation succession. Some open biotopes such as sub-montane Vaccinium and 

Calluna heaths can evolve toward two different climax stages (medio-European 

acidophilous Fagus forests and medio-European thermophile acidophilous Quercus 

forests) and were therefore discarded. Biotopes corresponding to intensive 
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agricultural practices or exotic tree plantations were also eliminated as they are not 

linked to a particular ecological condition. All biotopes and PNV assignations are 

compiled in Table 3.2. For further details, Appendix 1 presents all biotopes 

belonging to a PNV even if they are present in multiple PNV. 



 

 
 

Table 3.2: List of biotopes considered in this study and their related PNV. Biotopes are referred to by their EUNIS classification adapted 

to Wallonia and Habitats Directive classification (asterisks indicate habitat of priority European interest). PNV are sorted by a humidity 

gradient of their ecological context from marshy to xeric.  

 

 1 

EUNIS 
Code 

Habitats 
Directive 
code 

Biotopes names Potential Natural Vegetation Code 

Area 
mapped in 
reference 
dataset 
(ha) 

D1.1 7110* Raised bogs 
Sphagnum Betula woods SB 485 

G1.51 91D0* Sphagnum Betula woods 

D5.21e  Beds of large Carex spp. 
Alnus swamp woods AS 229 

G1.4  Broad-leaved swamp woodland not on acid peat 

F4.11b 4010 Wet heathland with Vaccinium and Erica tetralix 

Quercus and Betula forests with 
Molinia  

QBM 1 510 
F4.13  Molinia caerulea wet heath 

G1.81 9190* Atlantic Quercus robur – Betula woods 

G1.911a 9190* Betula facies of Quercus robur forests 

F9.12 91E0* Lowland and collinear riverine Salix scrub 

Riparian and gallery woodland  RG 1 087 G1.1 91E0* 
Riparian and gallery woodland, with dominant 
Alnus, Betula, Populus or Salix 

G1.2 91E0*, 91F0 Mixed riparian floodplain and gallery woodland 

G1.A15a 9160 
Famennian Quercus – Carpinus betulus forests on 
schist  

Fammenian Quercus and 
Carpinus forests 

FQC 9 482 

G1.A1ba  
Atlantic neutrophile Quercus and Fraxinus 
forests on hydromorphic soils Neutrophile Quercus and 

Fraxinus forests on wet soils  
NQF 3 231 

G1.A1da 9160 
Sub-Atlantic neutrophile Quercus and Fraxinus 
forests on hydromorphic soils 

G1.A1aa  
Atlantic acidocline Quercus and Carpinus forests 
on hydromorphic soils Acidophilous Quercus and 

Carpinus forests on wet soils  
AQC 38 

G1.A1ca 9160 
Sub-Atlantic acidocline Quercus and Carpinus 
forests on hydromorphic soils 

G1.63 9130 Medio-European neutrophile Fagus forests 

Neutrophile Fagus forests NF 6 055 G1.A1bb 9130 
Atlantic neutrophile Quercus and Fraxinus 
forests substitute to Fagus 

G1.A1db 9130 
Sub-Atlantic neutrophile Quercus and Fraxinus 
forests substitute to Fagus  

G1.A41b 9180* Acer and Ulmus Ardennes forests 

Wet and shady ravine forests WSR 640 
G1.A41a 9180* 

Acer and Tilia forests with Asplenium 
scolopendrium 

G1.61 9110 Medio-European acidophilous Fagus forests 

Acidophilous Fagus forests  AF 42 199 

G1.62 9120 Atlantic acidophilous Fagus forests 

G1.82 9120 Atlantic acidophilous Fagus – Quercus forests 

G1.87a  
Medio-European acidophilous non-thermophilic 
Quercus forests 

G1.A1ab 9120 
Atlantic  acidocline Quercus and Fraxinus forests 
substitute to Fagus  

G1.A1cb  
Sub-Atlantic acidocline Quercus and Fraxinus 
forests substitute to Betula 

E1.26 6210* Sub-Atlantic semi-dry calcareous grassland 

Calcareous Fagus and Quercus 
forests 

CFQ 2 443 

E1.27 6210* Sub-Atlantic very dry calcareous grassland 

G1.66 9150 Medio-European limestone Fagus forests 

G1.71  
Western Quercus pubescens woods and related 
communities 

G1.A17 9150 
Sub-Atlantic calciphile Quercus – Carpinus 
betulus forests 

G1.87b  
Medio-European thermophile acidophilous 
Quercus forests 

Thermophile acidophilous 
Quercus forests 

TAQ 67 

G1.A15b  
Famennian xerophile Quercus – Carpinus betulus 
forests  

Xerophile Fammenian Quercus 
and Carpinus forests 

XFQC 133 
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Sub-Atlantic calciphile Quercus – Carpinus 
betulus forests 

G1.87b  
Medio-European thermophile acidophilous 
Quercus forests 

Thermophile acidophilous 
Quercus forests 

TAQ 67 

G1.A15b  
Famennian xerophile Quercus – Carpinus betulus 
forests  

Xerophile Fammenian Quercus 
and Carpinus forests 

XFQC 133 

8
6

 

M
ap

p
in

g
 lan

d
scap

e co
n

n
ectiv

ity
 ch

allen
g

es u
sin

g
 b

io
lo

g
ical d

ata an
d

 lo
cal eco

lo
g

ical k
n

o
w

led
g

e 

 



Chapter 3 : Identify High Biological Value Areas Through Vegetation Dynamic Series Concept 

87 
 

3.2.4. Environmental dataset 

Belgium has the particularity to be covered by a multitude of environmental 

datasets at high resolution. For instance, the country is covered by a soil dataset with  

detailed information on soil structure, composition and humidity at a precise scale 

(1/10 000) (Bah et al., 2007). More modern tools like digital elevation models based 

on LIDAR (light detection and ranging) are also available at high resolution (1m). 

These precise environmental informations make it possible to better capture the 

relationship between environmental predictor and vegetation assemblages than it 

could be with generic and larger scale dataset such as Soilgrids (Poggio et al., 2021). 

The environmental variables used as predictors to model PNV distributions were 

split into three categories: climatic variables, soil dependent variables and 

topographic variables. 

Bioclimatic variables were extracted from high-resolution (1 km²) climate data 

derived from the downscaling of EURO-CORDEX regional climate model (RCM) 

datasets representing the historical climate between 1971 and 2005 and covering all 

Europe (De Troch et al., 2020). EURO-CORDEX RCM is considered as more 

spatially coherent at fine-scale than widely used models such as Worldclim or 

Climate-EU (Chakraborty et al., 2021). This dataset proposes a subset of best 

climatic predictor for species distribution modeling and integrate original interesting 

climatic variable such as annual mean potential evapotranspiration. Soil related 

variables were principally extracted from the digital soil map of Wallonia (Bah et 

al., 2007; “Carte Numérique des Sols de Wallonie - Série,” 2015). Different soil 

types (Calcareous, Podzol, Organic, Sandy, Alluvial and Source) were stored as 

binary variables. Natural soil drainage (Drainage), hydric level (Hydric_lvl) and 

trophic level (Trophic_lvl) were extracted as ordinal variables. Natural drainage was 

subdivided into 5 ordinal classes directly derived from the soil –ap (dry and very dry 

soils; moderately dry and wet soils; wet soils with temporary water table; very wet 

soils with temporary water table; very wet and peaty soils).  

Two variables were derived from a dataset created to guide sylvicultural practices 

(Petit S. et al., 2017). Hydric level (Hydric_lvl) is a variable evaluating the humidity 

level of a soil based on the combination of natural drainage, soil texture and 

topographic position. Trophic level (Trophic_lvl) is also a variable quantifying the 

amount of nutrients available to the plants based on a dichotomous key using soil 

characteristics. These cartographic data are available online in open access 

(“Forestimator,” 2021). 

 Soil texture (Sand and Silt) proportions present in the soil were not available on 

maps but from another data source by performing a convolution between texture 

information from the Walloon digital soil map and the kriging of more accurate and 

latest field observation points (D’Or Dimitri, 2021). These are continuous variables 

with the proportion of sand and silt measured at a 50 m resolution.  

Finally, topographic continuous variables included elevation (Elevation), slope 

percentage (Slope_prc), topographic position index calculated in a 200 m radius 
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normalized from 0 to 100 (TPI) and the potential incident light energy in W/m² for 

the first day of spring (SunSpring). These predictors are derived from 1m LIDAR 

acquisition resampled at 10m and produced for the study purpose (“Relief de la 

Wallonie - Modèle Numérique de Surface (MNS) 2013-2014 – Hillshade,” 2015). 

The radiative subsector (Radiative_SS) and the potential water intake (Water_int) 

are categorical variables constructed with dichotomous keys based on relative 

position, slope and exposure to guide sylvicultural practices (Petit S. et al., 2017). 

They are also available online in open access (“Forestimator,” 2021). 

Predictors used in this study have different resolutions ranging from 1km for 

climate data to 10m for topographic ones. We chose to resample all predictors to 

10m resolution to match the finest resolution which is also a compromised between 

computing time during modeling and precision at a regional scale (study area of 

17 000 km2). Different approaches exist to consider multiscale relations between 

predictors. Some authors perform a first model at larger scale then use the results as 

a predictor to perform a second model at finest scale with other predictors (Source). 

More than increase complexity of our approach, this kind of method does not 

improve significantly model results to be chosen (Source).All predictors were 

therefore resampled and assembled in a raster stack of 10 m resolution. 

Autocorrelation was tested to conserve independent variables for modeling. 

Elevation and all climatic variables except the annual variation of precipitation 

(AnnualVariationPrecipitation) showed a Pearson correlation coefficient higher than 

0.7 or lower than –0.7 and were considered to be strongly correlated (Ratner, 2009). 

But bioclimatic variables are considered of high biological significance influencing 

plant and species distribution (Bede-Fazekas and Somodi, 2020). They were 

summarized by using the two main principal component axes resulting from a 

principal component analysis (PCA) (Climatic_pca_1 and Climatic_pca_2) to limit 

correlation but keep the maximum amount of information (88% and 10% of 

explained variance). This use of multivariate analysis to create a composite predictor 

has already been used and give convincing results in species and ecosystem 

distribution modeling (Ejrnæs, 2000; Santos et al., 2020; Simensen et al., 2020). 

Normality of each variable was tested and values were transformed if necessary.  

Slope percentage and annual variation of precipitation were transformed with a 

logarithmic function. In total, 19 environmental predictors were kept for modeling 

(Table 3.3).  



 

 
 

Table 3.3: List of environmental predictors used in this study and their descriptions.

Predictor alias Description Unit Range Native 
Resolution 

Transformation Source 

Climatic_pca_1  First principal component axis 
coordinate of climatic predictors 
and elevation 

- -500 – 709 1000 m (climatic) 
– 1 m (elevation) 

- (De troch et al., 2020) 

Climatic_pca_2 Second principal component axis 
coordinate of climatic predictors 
and elevation 

- -358 – 336 1000 m – 1 m 
(elevation) 

- (De troch et al., 2020) 

AnnualVariationPrecipitation Mean annual variation of 
precipitation between 1971 and 
2005 

Millimeter 7-23 1000 m Log(x+1) (De troch et al., 2020) 

Calcareous The presence of calcareous soil - 0-1 75 m - (Bah et al., 2007) 

Podzol  The presence of podzolic soil - 0-1 75 m - (Bah et al., 2007) 

Organic The presence of organic (peaty) soil - 0-1 75 m - (Bah et al., 2007) 

Sandy The presence of sandy soil (very 
high proportion of sand) 

- 0-1 75 m - (Bah et al., 2007) 

Alluvial  The presence of alluvial soil - 0-1 75 m - (Bah et al., 2007) 

Source The presence of source related soil - 0-1 75 m - (Bah et al., 2007) 

Drainage Classes of natural soil drainage:  
Dry and very dry soils;  
Moderately dry and wet soils;  
Wet soils with temporary water 
table;  
Very wet soils with temporary 
water table;  
Very wet and peaty soils  

- 1-5 75 m - (Bah et al., 2007) 

Hydric_lvl Includes 10 categories of soil 
humidity from xeric to marshy soils 
+ 3 categories of alternative water 
regime (moving water table)  

- 1-13 10 m - (Petit S. et al., 2017) 

Trophic_lvl Categories of trophic level from 
oligotrophic soils to carbonate soils 

- 1-6 10 m - (Petit S. et al., 2017) 

Sand Proportion of the sandy texture 
found in soil sample extrapolated 
with kriging 

- 0-0.88 50 m - (D’Or Dimitri, 2021) 

Silt Proportion of the silty texture 
found in soil sample extrapolated 
with kriging 

- 0-0.82 50 m - (D’Or Dimitri, 2021) 

Slope_prc The slope percentage  - 0-50 10 m Log(x+1) Created for the study 
purpose based on 
LIDAR data 

TPI Topographic position index. The 
relative position in terms of 
elevation of the pixel compared to 
other pixels in a 200 m radius  

- 0-100 10 m - Created for the study 
purpose based on 
LIDAR data 

SunSpring The potential incident light energy 
on the pixel for the first day of 
spring 

W/m²  16-3434 10 m - Created for the study 
purpose based on 
LIDAR data 

Radiative_SS Categories of different radiative 
sub-sectors identified by slope and 
exposure: 1 = cold sub-sector (from 
285° to 125° oriented slopes and 
valley bottom); 
2 = neutral sub-sector (plains, 
plateaus and gentle slopes); 
3 = hot sub-sector (from 125° to 
285° oriented slopes) 

- 1-3 10 m - (Petit S. et al., 2017) 

Water_int Categories of water intake: 1= 
areas without lateral water inflows 
(convex plateaus and slopes); 
2 = areas with variable water 
inflows (bottom of slopes, flats, 
valleys and concave areas); 
3 = areas with permanent water 
inflows (areas connected to the 

- 1-3 10 m - (Petit S. et al., 2017) 
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Predictor alias Description Unit Range Native 
Resolution 

Transformation Source 

Climatic_pca_1  First principal component axis 
coordinate of climatic predictors 
and elevation 

- -500 – 709 1000 m (climatic) 
– 1 m (elevation) 

- (De troch et al., 2020) 

Climatic_pca_2 Second principal component axis 
coordinate of climatic predictors 
and elevation 

- -358 – 336 1000 m – 1 m 
(elevation) 

- (De troch et al., 2020) 

AnnualVariationPrecipitation Mean annual variation of 
precipitation between 1971 and 
2005 

Millimeter 7-23 1000 m Log(x+1) (De troch et al., 2020) 

Calcareous The presence of calcareous soil - 0-1 75 m - (Bah et al., 2007) 

Podzol  The presence of podzolic soil - 0-1 75 m - (Bah et al., 2007) 

Organic The presence of organic (peaty) soil - 0-1 75 m - (Bah et al., 2007) 

Sandy The presence of sandy soil (very 
high proportion of sand) 

- 0-1 75 m - (Bah et al., 2007) 

Alluvial  The presence of alluvial soil - 0-1 75 m - (Bah et al., 2007) 

Source The presence of source related soil - 0-1 75 m - (Bah et al., 2007) 

Drainage Classes of natural soil drainage:  
Dry and very dry soils;  
Moderately dry and wet soils;  
Wet soils with temporary water 
table;  
Very wet soils with temporary 
water table;  
Very wet and peaty soils  

- 1-5 75 m - (Bah et al., 2007) 

Hydric_lvl Includes 10 categories of soil 
humidity from xeric to marshy soils 
+ 3 categories of alternative water 
regime (moving water table)  

- 1-13 10 m - (Petit S. et al., 2017) 

Trophic_lvl Categories of trophic level from 
oligotrophic soils to carbonate soils 

- 1-6 10 m - (Petit S. et al., 2017) 

Sand Proportion of the sandy texture 
found in soil sample extrapolated 
with kriging 

- 0-0.88 50 m - (D’Or Dimitri, 2021) 

Silt Proportion of the silty texture 
found in soil sample extrapolated 
with kriging 

- 0-0.82 50 m - (D’Or Dimitri, 2021) 

Slope_prc The slope percentage  - 0-50 10 m Log(x+1) Created for the study 
purpose based on 
LIDAR data 

TPI Topographic position index. The 
relative position in terms of 
elevation of the pixel compared to 
other pixels in a 200 m radius  

- 0-100 10 m - Created for the study 
purpose based on 
LIDAR data 

SunSpring The potential incident light energy 
on the pixel for the first day of 
spring 

W/m²  16-3434 10 m - Created for the study 
purpose based on 
LIDAR data 

Radiative_SS Categories of different radiative 
sub-sectors identified by slope and 
exposure: 1 = cold sub-sector (from 
285° to 125° oriented slopes and 
valley bottom); 
2 = neutral sub-sector (plains, 
plateaus and gentle slopes); 
3 = hot sub-sector (from 125° to 
285° oriented slopes) 

- 1-3 10 m - (Petit S. et al., 2017) 

Water_int Categories of water intake: 1= 
areas without lateral water inflows 
(convex plateaus and slopes); 
2 = areas with variable water 
inflows (bottom of slopes, flats, 
valleys and concave areas); 
3 = areas with permanent water 
inflows (areas connected to the 

- 1-3 10 m - (Petit S. et al., 2017) 

9
0

 

M
ap

p
in

g
 lan

d
scap

e co
n

n
ectiv

ity
 ch

allen
g

es u
sin

g
 b

io
lo

g
ical d

ata an
d

 lo
cal eco

lo
g

ical k
n

o
w

led
g

e
 

 



Chapter 3 : Identify High Biological Value Areas Through Vegetation Dynamic Series Concept 

91 
 

Areas not described in soil maps, i.e., urban areas, watercourses and parts of 

military domains, were not considered in the model. They appear as ‘no data’ on 

maps presented in this paper. 

3.2.5. Vegetation data 

As part of the implementation of the European Union Council Directive 

92/43/EEC on the conservation of natural habitats and of wild fauna and flora 

(Loidi, 1999), detailed mapping of biotopes has been carried out by the different 

member states. Field biotope inventories realized in the Walloon region between 

2005-2020 as part of the implementation of this directive were used as a reference 

dataset for PNV. Biotope limits were identified as polygons mapped at 1:10.000 and 

each of them is characterized by a EUNIS code. This field mapping is perfomed 

using vegetation inventories to identify vegetation communities that are linked to the 

EUNIS classification. Limits are drawn using IGN  to differentiate open areas from 

forest and digital soil maps are used to refine limits identified on the field. Precise 

biotope mapping is not published and was provided directly by the public service in 

charge (SPW/DGARNE/DEMNA). As natural vegetation rarely follows tangible 

limits, the change from one biotope to another is not always a sharp edge but rather a 

continuous local gradient (Kuchler, 1973). Transitions and mosaics between 

biotopes can also be complicated and difficult to map. Field survey agents address 

this problem by identifying and mapping complexes of several biotopes which are 

intertwined (Dufrêne and Delescaille, 2007; Hearn et al., 2011). Those complexes 

may negatively affect a model’s accuracy by decreasing strong differences between 

ecological conditions of biotopes, and were therefore discarded (Horvath et al., 

2019). We therefore only selected polygons containing a unique EUNIS code that 

could be linked to a PNV (following Table 3.2), covering 65 599 ha. 

To limit the imprecision of biotope and ecological variable mapping, we shrank 

biotope polygons greater than 1 ha and corresponding to more widespread PNV with 

a 20 m inner buffer. Fammenian Quercus and Carpinus forests, neutrophile Fagus 

forests, acidophilous Fagus forests and calcareous Fagus and Quercus forests are 

the most widespread biotopes in Wallonia (Delescaille et al., 2021). The area 

covered by theses PNV potentially affected by errors and polygon limit inaccuracies 

is not negligible compared to scarcer biotope areas which are more typical of 

extreme ecological conditions. The rarest biotopes have been subject to more precise 

mapping because nearly all are biotopes of community interest (sensu the European 

Habitat Directive defining aims of Natura 2000 network) (Loidi, 1999). They are 

also easily delineable on the ground. This step of shrinking the most widespread 

biotopes improved the quality of scarcer biotope models.  

Modified biotope polygons were then used to link each PNV to every cell of the 

environmental predictor raster stack that falls into them. To reduce the spatial 

autocorrelation effect, we applied a random spatial sampling to select a maximum of 

50 pixels per km² for each PNV. That reduced the dataset to approximately 200 000 

rows (5% of the complete dataset). This sampling helped to initially balance the 
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distribution of PNV occurrences by limiting those dominating the landscape. The 

evolution of PNV areas following the different sampling steps is available in 

Appendix 2. 

3.2.6. Individual PNV modeling 

A first modeling step was performed for each PNV with presence/absence data. 

The presence of a PNV was attributed to each pixel where an EUNIS habitat 

associated to the PNV have been mapped on the field. All other EUNIS habitat 

associated to other PNV were considered as absence (Horvath et al., 2019; Maggini 

et al., 2006). We could have used presence only models such as Maxent 

(Álvarez‐Martínez et al., 2018) but the way PNV were defined with unambiguous 

biotopes related to specific ecological context made it possible to perform robust 

presence/absence models. 

Models were calibrated through a Random Forest algorithm using the 

randomForest R package (Breiman, 2001). Random forest algorithm is recognized 

for its accuracy and its computational efficiency. It can easily handle small sample 

size and high dimension models which make it perfect to model scarce PNV (Biau 

and Scornet, 2016). Random forest is also known to be less sensitive to overfitting 

when calibrated with large sample size which is interesting in our case for common 

PNV (Belgiu and Drăguţ, 2016). Finally, Random forest performs for both 

regression and classification that make it versatile enough for our methodological 

framework achieving individual modeling and global classification without 

complexifying the method (Biau and Scornet, 2016).  

The model was calibrated using 70% of the selected presence/absence dataset. On 

this calibration dataset, a SMOTE (synthetic minority oversampling technique) 

algorithm was applied to balance presence/absence frequency without losing too 

much information (Chawla et al., 2002). The SMOTE algorithm decreases dominant 

class (generally absences) and artificially increases the minority class (generally 

presences). Before modeling, a variable selection was performed on the calibration 

dataset using VSURF (Variable Selection Using Random Forest) (Genuer et al., 

2015). All variables selected at the prediction step of the VSURF algorithm were 

kept for modeling. Random Forest model tuning focused on the mtry argument – 

i.e., the number of variables randomly sampled as candidates at each split – as it is 

considered to be the most influential parameter (Probst et al., 2019). Multiple tests 

were performed to choose the best mtry value giving low error and less 

computational time. These tests resulted in the use of the square root of the number 

of variables kept after selection, which corresponds to what is found in the literature 

(Probst et al., 2019).  

Model results were first validated using the 30% remaining test set. The area under 

the curve (AUC) was used to evaluate model robustness using this test set. A second 

validation was performed on the 95% dataset discarded by spatial sampling to 

measure the accuracy of predictive maps. Different accuracy metrics were calculated 

in order to compare predictive maps and assess their adequacy: the overall accuracy 
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(OA), the producer accuracy (PA) and the user accuracy (UA). OA is the proportion 

of well-classified pixels (presence and absence) compared to the total number of 

pixels used for validation. PA is the proportion of correctly classified reference 

pixels compared to the total number of reference pixel that represent the point of 

view of the cartographer evaluating the model prediction. UA is the proportion of 

well-classified presence pixels compared to the total number of predicted presences. 

This evaluates the model performance to predict PNV presence from the point of 

view of the map user. For these threshold-dependent metrics (OA, PA and UA), the 

threshold maximizing the F-score was used to transform model probability to 

presence/absence. The F-score is the harmonic mean of the receiver operating 

characteristic (ROC) curve. The five most important environmental predictors for 

the Random Forest model and their importance for the model were also identified 

based on the Gini index (Aldrich, 2020). 

3.2.7. Dominant PNV classification 

A second modeling step was performed using results of each PNV prediction as an 

input for a new Random Forest classification to produce a unique classification map 

of PNV. Results of specific PNV probabilities cannot be compared to identify what 

the dominant PNV is for a pixel. Specific PNV probabilities are average results from 

multiple specific classification trees with specific distributions of values. However, 

they can be used as variables for a new classification that will identify the most 

likely PNV for each pixel based on PNV probabilities. 

The SMOTE algorithm can only be performed on a two-class dataset. To balance 

the different PNV frequencies before modeling, we decided to weight PNV classes 

as this is the recommended approach to balance a dataset for Random Forest 

classification of more than two classes while keeping all the information (Chen and 

Breiman, 2004). We weighted PNV classes according to their prevalence by 

applying Equation 1 to each class: 

Equation 1.  

 

𝑊𝑒𝑖𝑔ℎ𝑡 = (1 − 𝑓𝑟𝑒𝑞𝑐𝑙𝑎𝑠𝑠)2 

Where freq_class is the proportion of the class – i.e., the PNV. 

This helped to give more weight to less-represented PNV. For instance, the weight 

of the rare xerophile Fammenian Quercus and Carpinus forests is 0.99 while the 

weight of the common acidophilous Fagus forests is 0.53. The same OA, PA and 

UA metrics used for the specific PNV modeling were calculated. We also calculated 

the Cohen’s kappa coefficient that measures the global accuracy of a classification 

comparing the proportion of well-classified pixels to the total number of pixels 

compared to a random classifier. To interpret Cohen’s kappa coefficient results, we 

used the classification proposed by Landis and Koch (1977) that consider a kappa 
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value below 0.2 as slight, between 0.21 and 0.40 as fair, between 0.41 and 0.60 as 

moderate, between 0.61 and 0.80 as substantially good and above 0.81 as an almost 

perfect classifier. 

3.2.8. Identification of areas with mixed PNV 

As previously explained, biotope distributions do not follow tangible and 

exclusive limits. In the field, gradients and complexes of multiple biotopes are 

common where biotope ecological envelope overlap. Dominant PNV classification 

attributes to each pixel the dominant PNV even in less ecologically specific areas 

where multiple PNV could overlap. In order to get closer to reality and identify less 

certain classified areas, we chose to identify areas where several PNV are in 

competition. To do so, predictive distributions of each individual PNV were 

transformed to binary presence/absence maps using the threshold maximizing F-

score. These binary maps were therefore all added together and areas where the 

presence of multiple PNV overlapped were considered as mixed areas. The area of 

each type of PNV present in mixed areas has been measured and compared to the 

total area of the concerned PNV. If the mixed area represented more than 10% of the 

total surface of one PNV in question, it was kept; those below 10% were discarded. 

This allowed most PNV associated with important confusion after classification to 

be kept, discarding small and irrelevant confusion issues. All retained mixed areas 

were added to the PNV classification map as an overlay. Then we recalculated 

accuracy metrics for each PNV with validation data by considering the potential 

presence of the PNV in single and mixed areas. Mixed areas were therefore 

considered as a presence for the validation of each PNV concerned. 

3.2.9. Complementary analysis 

Individual biotope modeling vs. PNV 

To identify gains or losses of using the PNV approach compared to individual 

biotope modeling that consider biotopes independent, we also performed modeling 

of biotopes composing the PNV for calcareous Fagus and Quercus forests. We 

chose this PNV as it includes several biotopes of different succession stages that are 

exclusive to the PNV. It is also the only one with sufficient data about open and 

semi-open biotopes to enable accurate and robust individual models.  

Biotopes belonging to calcareous Fagus and Quercus forest succession were 

modeled considering the targeted biotope as presences and all other biotopes of the 

dataset – i.e., also other biotopes belonging to the same PNV – as absences, as is 

done in individual biotope modeling approaches (Horvath et al., 2019). All 

independent models were used to predict presence/absence maps using the threshold 

maximizing F-score. To make individual biotope models and the PNV model 

comparable, we added together all biotopes’ predicted ranges, which was compared 

to the PNV predicted presence range. Producer accuracy was calculated for each 

individual biotope – i.e., the proportion of reference pixels related to each biotope 

belonging to the PNV or the cumulative biotope distributions. Furthermore, each 
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total area of the PNV predicted presence and the cumulative individual biotope 

predicted presence were calculated to evaluate the specificity of the model. A 

presence prediction that is too large can increase producer accuracy, but the model 

specificity may be low.  

Quality assessment with floristic data 

Indicator plant species observations were also used to complete the quality 

assessment of PNV predictions. A validated plant dataset compiled for the Walloon 

Flora Atlas (Delescaille and Delaitte, 2011) was filtered to keep only observations of 

indigenous plants between 2000 and 2020 and location with precision below 100 m. 

PNV information was then assigned to each observation of a plant species. A Chi² 

test was performed to measure the dependence between the presence of a plant taxa 

and each specific PNV, discarding mixed PNV.  

The dependence is based on residual Chi² (𝑇) calculated with Equation 2: 

 

Equation 2. 

𝑇 = ∑
(𝑂𝑖𝑗 − 𝐸𝑖𝑗)

2

𝐸𝑖𝑗
𝑖𝑗

 

where Oij is the number of observations of a taxon i in a PNV j and Eij  is 

calculated based on Equation 3: 

Equation 3.  

𝐸𝑖𝑗 =
𝑂𝑖+ × 𝑂+𝑗

𝑁
 

where Oi+ is the total number of observations for a taxon, O+j is the total number 

of observations in a PNV and N is the total number of observations in all PNV. 

Chi² test was preferred to similar metric such as Indval (Dufrêne and Legendre, 

1997). Indeed, using Indval to compare species occurrence to PNV prediction should 

results to low values of indicative level as it depends on the proportion of species 

occurrence on PNV occurrences. PNV occurrences is far wider than as it is a 

potential prediction and could not be compared to species occurrence that are linked 

to actual distribution of biotopes. 

3.3. Results 

3.3.1. Dominant PNV classification 

PNV were firstly modeled individually using the Random Forest algorithm. 

Complete results are available in Appendix 3. Random Forest prediction results 

were then used as independent predictors to perform a classification to identify the 

dominant PNV for each pixel. Results of accuracy metrics show that global accuracy 
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metrics for the classification are almost perfect with 0.95 and 0.91 for OA and 

Cohen’s kappa coefficient, respectively.  

If we go into further detail, we can see that the classification increases producer 

accuracy for almost all PNV (Table 3.4). The PA increase is particularly important 

for 5 PNV out of 13 with an increase higher than 10%. The results for UA are more 

heterogeneous with some PNV gaining in UA and others decreasing. Two PNV 

particularly lost accuracy according to UA: riparian and gallery woodland and Alnus 

swamp woods. To better understand these accuracy losses, we performed a 

confusion matrix that highlights an important confusion between the predicted value 

for some PNV and reference pixels of acidophilous Fagus forests (Table 3.5). 
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Table 3.4: Accuracy metric results of the classification map for each PNV. Producer (PA) 

and user accuracy (UA) above 0.8 (considered to be highly accurate for our objectives) are 

highlighted in bold text. To better view trends in accuracy metrics between individual PNV 

modeling and dominant classification, differences of PA and UA were added. Absolute 

differences higher than 0.1 are highlighted in bold font. 

 

Potential Natural 
Vegetation 

Code 

Area used 
for 
calibration 
(Ha) 

PA 
PA 
differences 

UA 
UA 
differences 

Sphagnum Betula woods SB 50.8 0.898 +0.075 0.829 +0.000 

Alnus swamp woods AS 141.1 0.936 +0.122 0.678 −0.148 

Quercus and Betula 
forests with Molinia  

QBM 144.9 0.912 +0.096 0.827 −0.034 

Riparian and gallery 
woodland 

RG 337.8 0.930 +0.114 0.689 -0.129 

Fammenian Quercus and 
Carpinus forests 
 

FQC 64.8 0.968 +0.082 0.932 +0.023 

Neutrophile Quercus and 
Fraxinus forests on wet 
soils  
 

NQF 156.5 0.936 +0.059 0.888 −0.026 

Acidophilous Quercus and 
Carpinus forests on wet 
soils 

AQC 8.1 0.868 +0.244 0.731 +0.099 

Neutrophile Fagus forests NF 338.8 0.921 +0.046 0.914 −0.005 

Wet and shady ravine 
forests 

WSR 94.9 0.820 +0.185 0.688 +0.018 

Acidophilous Fagus 
forests 

AF 559.0 0.959 −0.010 0.990 +0.018 

Calcareous Fagus and 
Quercus forests 

CFQ 131.3 0.918 +0.066 0.884 +0.021 

Thermophile acidophilous 
Quercus forests 

TAQ 24.5 0.836 +0.330 0.580 +0.137 

Xerophile Fammenian 
Quercus and Carpinus 
forests 

XFQC 8.4 0.856 +0.195 0.842 +0.003 

 1 



 

 
 

Table 3.5: Table resulting from classification of PNV. Columns concern predicted classes and rows refer to reference classes. Values in 

the matrix correspond to the number of pixels divided by the total number of pixels predicted in each PNV. The diagonal therefore 

corresponds to UA values. SB: Sphagnum Betula woods; AS: Alnus swamp woods; QBM: Quercus and Betula forests with Molinia; RG: 

riparian and gallery woodland; FQC: Fammenian Quercus and Carpinus forests; NQF: neutrophile Quercus and Fraxinus forests on wet 

soils; AQC: acidophilous Quercus and Carpinus forests on wet soils; NF: neutrophile Fagus forests; WSR: wet and shady ravine forests; 

AF: acidophilous Fagus forests; CFQ: calcareous Fagus and Quercus forests; TAQ: thermophile acidophilous Quercus forests; XFQC: 

xerophile Fammenian Quercus and Carpinus forests.  

 
Prediction 

R
e

fe
re

n
ce

 

 
SB AS QBM RG FQC NQF AQC NF WSR AF CFQ TAQ XFQC 

SB 0.83 0.02 0.02 0 0 0 0 0 0 0 0 0 0 

AS 0 0.68 0 0 0 0 0 0 0 0 0 0 0 

QBM 0.14 0.02 0.83 0 0 0 0 0 0 0 0 0 0 

RG 0 0.01 0 0.69 0 0 0 0 0.01 0 0 0 0 

FQC 0 0.04 0 0.05 0.93 0.01 0 0.01 0 0 0.02 0.02 0.09 

NQF 0 0.01 0 0.05 0 0.89 0.02 0 0 0 0.01 0 0 

AQC 0 0 0 0 0 0 0.73 0 0 0 0 0 0 

NF 0 0.02 0 0.04 0 0.02 0.01 0.91 0.08 0 0.05 0.03 0.01 

WSR 0 0 0 0.01 0 0 0 0 0.69 0 0.02 0.02 0 

AF 0.03 0.21 0.15 0.15 0.06 0.08 0.24 0.05 0.11 0.99 0.02 0.33 0.03 

CFQ 0 0 0 0 0 0 0 0.01 0.11 0 0.88 0.02 0.02 

TAQ 0 0 0 0 0 0 0 0 0 0 0 0.58 0 

XFQC 0 0 0 0 0 0 0 0 0 0 0 0 0.84 

Total 1 1 1 1 1 1 1 1 1 1 1 1 1 
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This is particularly the case – in decreasing order of confusion importance – for 

thermophile acidophilous Quercus forests, acidophilous Quercus and Carpinus 

forests on wet soils, Alnus swamp woods, riparian and gallery woodland, Quercus 

and Betula forests with Molinia and wet and shady ravine forests. All these PNV are 

scarce except for Quercus and Betula forests with Molinia and riparian and gallery 

woodland. We can also see a notable confusion between wet and shady ravine 

forests and calcareous Fagus and Quercus forests. Figure 3.3 shows the results of 

classification as a unique map of PNV potential presence. 

 

Figure 3.3: Result of classification map of PNV with a close-up of the Hermetton Valley 

region where important diversity of PNV can be seen. SB: Sphagnum Betula woods; AS: 

Alnus swamp woods; QBM: Quercus and Betula forests with Molinia; RG: riparian and 

gallery woodland; FQC: Fammenian Quercus and Carpinus forests; NQF: neutrophile 

Quercus and Fraxinus forests on wet soils; AQC: acidophilous Quercus and Carpinus forests 

on wet soils; NF: neutrophile Fagus forests; WSR: wet and shady ravine forests; AF: 

acidophilous Fagus forests; CFQ: calcareous Fagus and Quercus forests; TAQ: thermophile 

acidophilous Quercus forests; XFQC: xerophile Fammenian Quercus and Carpinus forests. 

Results of PNV individual modeling and classification can be viewed online 

(“Lifewatch-FWB : UCL - Geomatics,” 2022). 
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3.3.2. Identification of areas with mixed potential natural vegetation 

The identification of potential zones with competition between PNV resulted to 

ten mixed PNV complexes where the sum of PNV proportions is higher than 10% . 

These complexes are presented in Table 3.6. Here, the PNV concerned with mixed 

areas representing a large proportion of their presence range are generally those with 

a lot of confusion, as shown in the confusion matrix. This is particularly the case for 

scarcer PNV such as thermophile acidophilous Quercus forests, acidophilous 

Quercus and Carpinus forests on wet soils and xerophile Fammenian Quercus and 

Carpinus forests. There is an important overlap between neutrophile Fagus forests 

and acidophilous Fagus forests, involving 30% of neutrophile Fagus forests. This 

overlap is not present in the classification as there is not a notable confusion 

between the two PNV in the confusion matrix. An example of the resulting map of 

mixed areas overlaid with the classification is given in Figure 3.4. Accuracy metrics 

were recalculated considering the potential presence of PNV in mixed areas. Global 

results were logically better, with a slight decrease of PA in some cases and an 

appreciable increase of UA for almost all PNV. OA slightly increased by 0.004 

while kappa increased by 0.019. Trends in accuracy metrics with and without mixed 

areas are available in Appendix 4. 

Table 3.6: List of PNV mixed areas identified and mapped. The proportions of each PNV 

in the association compared to the total area of each PNV concerned are presented, beginning 

with the first PNV in the association. QBM: Quercus and Betula forests with Molinia; FQC: 

Fammenian Quercus and Carpinus forests; AQC: acidophilous Quercus and Carpinus 

forests on wet soils; NF: neutrophile Fagus forests; WSR: wet and shady ravine forests; AF: 

acidophilous Fagus forests; CFQ: calcareous Fagus and Quercus forests; TAQ: thermophile 

acidophilous Quercus forests; XFQC: xerophile Fammenian Quercus and Carpinus forests. 

 

  

Mixed PNV 
Proportion of 
PNV 1 

Proportion of 
PNV 2 

TAQ+AF 66.4% 0%  
NF+ AF 29.5% 7.9% 
AQC+AF 35.8% 0.0% 
QBM+AF 18.7% 0.4% 
XFQC+AF 17.8% 0.0% 
XFQC+ FQC 16.9% 0.1% 
WSR+AF 15.4% 0.0% 
CFQ+NF 12.3% 1.6% 

 1 
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Figure 3.4: Presentation of the different complexes of multiple PNV identified with PNV 

classification on a fine scale. SB: Sphagnum Betula woods; AS: Alnus swamp woods; QBM: 

Quercus and Betula forests with Molinia; RG: riparian and gallery woodland; FQC: 

Fammenian Quercus and Carpinus forests; NQF: neutrophile Quercus and Fraxinus forests 

on wet soils ; AQC: acidophilous Quercus and Carpinus forests on wet soils; NF: 

neutrophile Fagus forests; WSR: wet and shady ravine forests; AF: acidophilous Fagus 

forests; CFQ: calcareous Fagus and Quercus forests; TAQ: thermophile acidophilous 

Quercus forests; XFQC: xerophile Fammenian Quercus and Carpinus forests. 

3.3.3. Complementary analysis 

Individual biotope modeling vs. PNV 

Results of the modeling of the calcareous Fagus and Quercus forests PNV were 

compared to the remodeling of each of the biotopes that characterize the vegetation 

succession of this PNV. Results are presented in Table 3.7. We can see that PA 

values were low for individual biotope predictions, except for sub-Atlantic calciphile 

Quercus and Carpinus betulus forests. The PA values increased when biotope 

predictions were grouped, but the PNV approach performs better for all biotopes 

except for sub-Atlantic calciphile Quercus - Carpinus betulus forests where the 

difference is only 0.4%. In other words, more biotope reference pixels were 

encompassed in the PNV range than in the addition of individual biotope predicted 

presences. This represents a mean PA increase of 29% compared to individual 
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biotope predictions and 8% compared to when they are grouped. In addition, areas 

of grouped biotope predictions and PNV are similar, with 30 250 ha for the PNV 

and 25 250 ha for the addition of individual biotopes model. The large PA for the 

PNV approach is therefore not due to an excessively large potential distribution. 

Table 3.7: Producer accuracy (PA) of each biotope used to define calcareous Fagus and 

Quercus forests considering PNV range or addition of individual biotope models. Highest 

values of PA are represented in bold text. 

 

Quality assessment with floristic data 

An additional validation of the PNV models assessed to what extent most 

dependent species of each PNV based on Chi² are known to be indicators of the 

different related biotopes. Chi² analyses were performed on plant occurrence data 

using a PNV classification map to identify most dependent species without 

considering aquatic species and very rare species (Appendix 5 summarized in Table 

3.8).  

  

 

Biotopes Biotopes 
(EUNIS code) 

PA of individual 
biotope predictions 

PA of individual 
biotope predictions 
inside grouped area 

PA individual 
biotope predictions 
inside PNV 

Sub-Atlantic semi-dry 
calcareous grassland 

E1.26 0.609 0.843 0.905 

Calcareous thermophilic 
thickets and scrub 

F3.1b 0.488 0.710 0.861 

Medio-European limestone 
Fagus forests 

G1.66 0.615 0.720 0.817 

Western Quercus pubescens 
woods and related 
communities 

G1.71 0.304 0.781 0.871 

Sub-Atlantic calciphile 
Quercus and Carpinus 
betulus forests 

G1.A17 0.857 0.863 0.859 
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Table 3.8: This table presents the five species with the highest values resulting from the 

Chi² test for each PNV, excluding aquatic and too scarce species. Species names in bold with 

bigger font are those typical of the associated biotopes (but not necessarily exclusive). In 

bold but with smaller font: companion species of the associated biotopes. Small normal font 

is used for generalist species. Finally, underlined species names are those not corresponding 

to the biotope according to their ecological requirements or corresponding to ruderal species. 

Exponents above the names denote if species are typical of open environments (O), develop 

in open and forest environments (M) or strict forest species (F). 

Potential Natural Vegetation Five most dependent species 

Sphagnum Betula woods 
Vaccinium oxycoccosM, Eriophorum vaginatumM, 
Narthecium ossifragumO, Eriophorum angustifoliumO, 
Drosera rotundifoliaO 

Alnus swamp woods 
Carex appropinquataO, Filipendula ulmariaM, Cirsium 
oleraceumM, Caltha palustrisM, Triglochin palustrisO 
 

Quercus and Betula forests with 
Molinia  

Erica tetralixO, Molinia caeruleaM, Vaccinium 
uliginosumM, Juncus squarrosusO, Viola palustrisM 

Riparian and gallery woodland 
Filipendula ulmariaM, Phalaris arundinaceaM, Caltha 
palustrisM, Iris pseudacorusM, Scirpus sylvaticusM 

Fammenian Quercus and 
Carpinus forests 
 

Orchis morioO, Silaum silausO, Dianthus armeriaO, 
Colchicum autumnaleO, Selinum carvifoliaO 

Neutrophile Quercus and 
Fraxinus forests on wet soils  

 Lythrum salicariaM, Alnus glutinosaM, Filipendula 
ulmariaM, Glechoma hederaceaM, Phragmites australisM 

Acidophilous Quercus and 
Carpinus forests on wet soils 

Dactylorhiza praetermissa subsp.praetermissa var.j,O 
Oxybasis rubraO, Dipsacus pilosusF, Lathyrus nissoliaO 
Senecio vulgarisO 

 

Neutrophile Fagus forests 
Galium odoratumF, Paris quadrifoliaF, Saxifraga 
granulataO, Viscum albumM, Equisetum arvenseO 

Wet and shady ravine forests 
Asplenium scolopendriumF, Polystichum aculeatumF, 
Asplenium trichomanesM, Mercurialis perennisF, 
Biscutella laevigataO 

Acidophilous Fagus forests Pteridium aquilinumM, Teucrium scorodoniaF, Cytisus 
scoparius O, Vaccinium myrtillusM, Luzula luzuloidesF 

Calcareous Fagus and Quercus 
forests 

Helianthemum nummulariumO, Vincetoxicum 
hirundinaria M, Teucrium chamaedrysO, Globularia 
bisnagaricaO, Gymnadenia conopseaO 
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Thermophile acidophilous 
Quercus forests 

Asplenium septentrionaleO, Asplenium adiantum-
nigrumM, Filago minimaO, Silene nutansM, Galeopsis 
segetumO 

Xerophile Fammenian Quercus 
and Carpinus forests 

Silene nutansM, Dianthus carthusianorumO, Asplenium 
adiantum-nigrumM, Potentilla argenteaO, Ulmus laevisF 

 

Most dependent species resulting from Chi² analyses are generally indicative or 

related to biotopes concerned by the modeled PNV. These results indicate that the 

predictive map of PNV concerns the corresponding environmental conditions and 

expected species communities. Species characteristic of both open and forest stages 

of the PNV are present in the five most dependent species. For open habitats species, 

this is true for Helianthemum nummularium that is indicative of open stages of 

calcareous Fagus and Quercus forests or Erica tetralix, typical of open stages of 

Quercus and Betula forests with Molinia; for forest species, Asplenium 

scolopendrium that is typical of forest stages of wet and shady ravine forests or 

Luzula luzuloides that is present in forest stages of acidophilous Fagus forests. Two 

PNV had poorer results: neutrophile Quercus and Fraxinus forests on wet soils and 

acidophilous Quercus and Carpinus forests on wet soils. Some species of these two 

PNV highlighted by the analysis are not related to the expected environmental 

conditions.  

3.4. Discussion 

3.4.1. Dominant PNV classification 

Classification results to identify dominant PNV had an important global PA 

increase at the expense of UA, which shows that the modeled distribution of PNV 

had been widened after classification. This is especially the case for riparian and 

gallery woodlands and Alnus swamp woods. A detailed analysis of the confusion 

matrix performed on classification results revealed a significant confusion between 

acidophilous Fagus forests and scarcer PNV. Acidophilous Fagus forests is the 

largest of all PNV representing 64% of reference data and its high prevalence in the 

validation dataset could also explain why prediction errors are more widely detected 

in widespread biotopes. Even if areas of confusion between acidophilous Fagus 

forests and other PNV are small and rare compared to acidophilous Fagus forests’ 

total area, the impact on accuracy metrics may still be significant for the rarest PNV 

for which less validation data is available. This confusion can be explained by 

different hypotheses.  

Firstly, Fagus forests are the natural dominant vegetation on the Walloon territory 

and can sometimes extend in the smallest and ‘linear’ areas with ecological 

conditions at the border of their range, especially as Fagus sylvatica is a shady and 

highly competitive species that can counter the colonization of other woody species. 
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This effect is accentuated by conventional silvicultural management favoring the 

homogenization of stands, and by game pressure on less common tree species. 

Therefore, the presence of Fagus sylvatica in less ecologically suitable conditions 

can be explained by its competitiveness, stand management and high game pressure. 

Secondly, biotopes present in scarce PNV are often represented as sliver polygons 

due to their specific ecological conditions defined by topography and hydrography. 

Therefore, the extraction of rasterized environmental predictors of 10 m wide may 

have created border effects where predictor values of specific ecological conditions 

may be attributed to the scarce PNV or to the surrounding common PNV. This issue 

has been considered and its impact limited by removing a 20 m inside buffer from 

common PNV polygons.  

Thirdly, biotope maps are susceptible to biases. It is likely that the mapping of 

common biotopes may be coarser, including smaller areas with ecological conditions 

suitable to other PNV. A detailed analysis of the acidophilous Fagus forests 

reference data showed that a bigger proportion of riparian and gallery woodlands 

reference polygons are on wet alluvial soils (43%) than that of acidophilous Fagus 

forests (1%) but the latter has a greater absolute area of wet alluvial soil (83 398 ha) 

than riparian and gallery woodlands (47 972 ha). This issue was anticipated by 

balancing calibration datasets; firstly with spatial sampling and secondly by 

weighting PNV before classification. By giving more importance to scarce PNV we 

also gave more importance to biotope polygons for which we can have better 

confidence as more attention was given to them during their mapping. The operator 

effect is also potentially present in soil maps. The digital soil map of Wallonia is an 

interpolation of field surveys performed by different agents. For instance, soil 

texture value leaps with artificial limits are present in this map. Biases present in 

reference and environmental datasets can explain an overlap between ecological 

envelopes of different PNV and thus the confusion measured. 

3.4.2. Complementary analysis 

Individual biotope modeling vs. PNV 

The analysis of the independent biotope models of calcareous Fagus and Quercus 

forests showed that our approach better covers the existing biotope distributions 

compared to single biotope modeling. Furthermore, PNV modeling using only 

climax stage vegetation as reference would have used Medio-European limestone 

Fagus forests (Delescaille et al., 2021). However, we can see that using this 

vegetation alone to model the PNV leads to missing 20% more cells of this biotope 

than our approach. For this example, using multiple stages biotopes to calibrate the 

PNV better encompass ecological envelope and leads to better predictive results.  

The better results of our approach can be explained by the fact that open biotopes 

are maintained by human management. In our case, only a portion of them have 

resumed their succession and another part had their succession stopped by human 

activities, which mimics historical vegetation dynamics. Our hypothesis is that 

human activity restricts the distribution of open biotopes to local ecological contexts 
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that could be only a limited part of the actual ecological envelope of the biotope. By 

modeling calcareous Fagus and Quercus forests we therefore better consider the 

ecological envelope of sub-Atlantic semi-dry calcareous grassland, as evidenced by 

our results. 

Quality assessment with floristic data 

Quality control of the potential distribution of PNV using floristic data 

demonstrates that the most dependent PNV species are those that are found in 

corresponding biotope floristic assemblages (Delescaille et al., 2021). Some of them 

are even considered as indicator species, such as Asplenium scolopendrium, which is 

indicative of ravine or slope forests. We can also mention Paris quadrifolia and 

Galium odoratum which are two indicative species of neutrophile Fagus forests. 

Species of open environments are also identified in addition to these different forest 

species indicative of climax vegetation, as for calcareous Fagus and Quercus forests. 

Helianthemum nummularium, Globularia bisnagarica and Teucrium chamaedrys 

are typical of calcareous grasslands that are the pioneer stage of the PNV, while 

Vincetoxicum hirundinaria is typical of forest edges and woody stages of the PNV.  

Most important issues concern neutrophile Quercus and Fraxinus forests on wet 

soils  and acidophilous Quercus and Carpinus forests on wet soils. This can be 

explained by too low accuracy of available observations, poorer sampling inside the 

biotopes concerned and inherent PNV scarcity – especially acidophilous Quercus 

and Carpinus forests on wet soils – that impact Chi² analysis.  

3.4.3. Strength and limitations of the approach 

Our approach helped to tackle different issues related to biotope mapping. In our 

case, biotopes that are part of other vegetation series were therefore considered as 

true absences which improved the model’s capacity to distinguish them. The use of 

independent models for each PNV to produce a classification as well as the 

distinction of the mixed zones allowed potential PNV distributions to be refined. 

Important PA values for classification and the small change in UA showed that this 

model was very powerful, avoiding omitting the presence of different PNV while 

keeping a good detection of true presences. Other approaches have allowed a map to 

be built with the most dominant biotope from multiple predictions 

(Álvarez‐Martínez et al., 2018), but the probabilities between two concurrent 

biotopes were compared and the dominant biotope was assigned to the pixel if the 

difference of probabilities was higher than a subjective threshold. In our approach, 

any subjectivity was avoided through the classification based on individual PNV 

predictions.  

The identification of mixed areas revealed the difficult distinction and blurred 

delimitation between different PNV where ecological conditions are very close. 

These transitional areas between different biotopes reflect those typically 

encountered in the field.  Other methods to tackle overlapping of multiple PNV 

predictions are complex and do not provide convenient maps but give a more 



Chapter 3 : Identify High Biological Value Areas Through Vegetation Dynamic Series Concept 

107 
 

complete information with different comparable probabilities for all overlapping 

PNV (Somodi et al., 2017)  Our approach is simpler and we discard some complexes 

but all information is available in a single convenient map. Moreover, marginal 

complexes of PNV that were discarded are mainly unrealistic in term of ecological 

condition that should not overlap. The filter that was performed improve therefore 

consistency to the final map while proposing a clear visualization of results.  

PNV modeling can identify possible important areas for restoration, which could 

target forests or open biotopes as well. The distinction between forest and open 

biotopes can then be identified using available land-cover data, which is becoming 

increasingly accurate and easily available through remote sensing approaches 

(Bourdouxhe et al., 2020; Radoux et al., 2019). Then, mixed areas where several 

PNV may be present could be discarded to greater specify the modeled distribution 

and gain in certainty. This more precise information about actual biotope 

distribution is of paramount importance for monitoring habitat distribution (Stevens 

et al., 2004). This refining of the resulting distributions of PNV to match different 

objectives of biotope maps is similar to recent initiatives in biotope modeling 

(Álvarez‐Martínez et al., 2018). Actual distributions may also help to measure the 

frequency of appearance of the different biotopes belonging to a vegetation 

succession series. This could help to determine if the different stages of succession 

are well represented and to guide restoration actions to diversify the landscape. 

To model PNV, we assumed a deterministic evolution of vegetation succession 

toward a climax stage, which is not agreed upon by all the scientific community 

(Chiarucci et al., 2010). We therefore paid attention to PNV definition and 

identifying biotopes belonging to each PNV. Our results showed a good distinction 

between the different PNV, which proves they were well defined and that our 

hypothesis about a deterministic evolution of vegetation succession covered by this 

study is true. Furthermore, these results underline the benefits and sturdiness of a 

prior definition of PNV compared to more complex methods where PNV are 

constructed based on vegetation occurrence datasets (De Keersmaeker et al., 2013).  

However, the existence of mixed areas shows some important overlaps between 

independent PNV predictions. These mixed areas are mainly distributed in more 

productive areas that are intensified and have fewer biotopes of reference for model 

calibration. Nevertheless, modeling PNV has many advantages presented in this 

paper that brings new light to this old concept. 

3.5. Conclusion 

This study helped to develop a modeling approach that presents new possibilities 

for biotope modeling on large scales and increased prediction accuracy. A range of 

different datasets and methods were used to evaluate our approach, which highlights 

its robustness. However, PNV modeling is not free from limitations; attention must 

be paid to PNV definitions and important phytosociological knowledge is 

recommended. As with many models, we must be careful in the selection of 
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reference datasets and environmental predictors to better distinguish modeled 

ecological envelopes. 
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1. Preamble 

For this chapter, we conducted a comparison of various habitat network modeling 

approaches found in the literature, aimed at connecting habitat patches and 

analyzing the resulting networks. Our focus was on the case of the wildcat in 

southern Belgium, and we examined three different approaches. 

The first approach involved a data-driven method that utilized species 

observations and models to identify habitat patches and evaluate the landscape's 

resistance to movement. The second approach employed a knowledge-driven 

method to map habitat patches based on the species' preferred land-cover and 

identified land-cover resistance to movement using information from existing 

literature. The third approach combined elements of both data-driven and 

knowledge-driven approaches. It involved identifying habitat patches based on 

species distribution models and determining landscape resistance based on 

information obtained from the literature. To compare the different approaches, we 

examined their structural differences and assessed how they identified obstacles in 

the landscape. 

This chapter is adapted from: Bourdouxhe, A., Duflot, R., Radoux, J., Dufrêne, 

M., 2020. Comparison of methods to model species habitat networks for decision-

making in nature conservation: The case of the wildcat in southern Belgium. Journal 

for Nature Conservation 58, 125901.  

2. Preliminary analysis 

Habitat network modeling is an important tool to restore and conserve degraded 

landscape (Hilty et al., 2020). Those analyses are of paramount importance to limit 

impacts of landscape fragmentation. Until now, ecotopes and raster were used as 

fundamental unit to perform ecological analysis and particularly biotope distribution 

models. Ecotopes has an interesting potential to precisely represent landscape 

features that favor species movements. For instance, hedgerows are known to favor 

movement in open areas of forest dependent species (Burel, 1996; Hinsley et al., 

1999; Schlinkert et al., 2016). Bats are also known to precisely follow hedgerows in 

open areas when foraging and also to move from a habitat patches to another (Heim 

et al., 2016). 

 However, hexagonal grids are also used to map ecological processes and 

especially when it concerns fluxes such as individual movements in landscape 

connectivity analysis. Hexagonal grid provides a significant advantage for data 

visualization, as it enhances clarity in depicting the relationships between 

neighboring hexagons. This representation is therefore advised to improve 

performance of habitat connectivity analysis. This clearer representation also 

enables more effective presentation of connectivity analysis results, facilitating a 

better understanding of ecological connectivity patterns (Birch et al., 2007; Molné et 

al., 2023). 
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In this first analysis, we propose to test the use of ecotopes delineation for 

representing species habitat patches and corridors in habitat network modeling in 

comparison to a 1 ha hexagonal grid. 

2.1. Method 

2.1.1. Ecotope database 

The ecotope database used in this study is an environmental database composed of 

polygons representing ecotopes, the smallest homogeneous unit of the landscape. 

This database was produced in the framework of LifeWatch-WB project and covers 

whole Belgian territory (Radoux et al., 2019). The segmentation of ecotopes is 

performed by an algorithm using orthophotoplan, vegetation height and hillshade 

fixing a mean polygon size of 2 hectares. A multitude of environmental predictors 

are resumed at the ecotope scale such as land-cover, soils attributes, climatic 

conditions and many more.  

2.1.2. Habitat network modeling 

To assess the representation of species' habitat patches and corridors, we employed 

two types of references:  a ecotope segmentation (mean size of 2ha) and a 1ha 

hexagonal grid. We opted for a hexagonal grid instead of a raster (squared) grid to 

better depict results of connectivity analysis (Birch et al., 2007; Molné et al., 2023).  

Our habitat network modeling focused on Limenitis camilla, a diurnal forest 

butterfly with an approximate dispersal distance of 1000m. For this purpose, we 

considered habitat patches as forest patches with a minimum size of 1ha. This size 

was chosen as a compromise between being sufficient for multiple butterfly species 

(Hill et al., 1996; Lewis et al., 1997; Mennechez et al., 2003) while not being too 

small to increase computational time. Habitat patches were identified as adjacent 

ecotope with forest land-cover, forest edges were then removed with an internal 

buffer of 50m. Subsequently, we overlapped habitat patches to a random hexagonal 

grid and hexagons were considered as habitat when the overlap concern at least 50% 

of the hexagon. 

To assign costs to each land-cover class, we employed a logarithmic cost scale 

(Savary et al., 2021a). Land-cover information was extracted from the ecotope 

database and summarized at the ecotope level. Then ecotope were rasterized at a 

10m resolution to be implemented in the Graphab software to test ecotope 

representation. The same rasterized land-cover dataset was used to attribute the 

majority land-cover to each hexagon. Then hexagons were rasterized at a 10m 

resolution and implemented in Graphab to test hexagon representation. Using 

Graphab software, we modeled least-cost paths (LCP) for each representation of 

landscape and habitat patches. For both approach LCP modeling was parametrized 

as follow. Patch connexity was set to an 8-connexity type to ensure to keep alluvial 

forest continuity. We chose for a planar topology to keep only LCP  that connect 
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neighboring patches which reduce number of LCP and computational time. Finally, 

LCP crossing patches were ignored. 

Resulting LCP were then synthesized using ecotopes and hexagons by selecting 

polygons that were intersected by LCP. Consequently, we compared the number of 

habitat patches (groups of adjacent ecotopes or hexagons with habitat land-cover) 

and LCP generated for each representation.  

2.2. Results 

Table 4.1 shows the different results of comparing ecotope and hexagons 

representation to map habitat patches and LCP.  

Table 4.1: Results of comparing ecotopes and hexagons to represent elements of habitat 

networks. 

 Hexagon Ecotope 

Number of habitat patches 2595 1218 

Habitat patches area (Ha) 68 539.68 68 124.88 

Number of LCP 2702 1519 

Connected areas by LCP 717 274 

 

The most important difference resides in the different number of resulting patches. 

Ecotope representation regroup more adjacent forest ecotopes into single patch than 

hexagons leading to half as many habitat patches. However, surface areas are similar 

with a slightly bigger surface for hexagons. The number of LCP logically follow the 

number of patches. The number of connected areas decrease more for the ecotope 

representation.  

Figures 4.1 display the outcomes of employing hexagons and ecotopes to represent 

habitat patches, as well as LCP results. This figure focuses on an area where 

significant variations in habitat patches and their effects on LCP modeling are 

evident. 
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Figure 4.1: Results of habitat network modeling using hexagonal (above) and ecotope 

(below) representations to model habitat patches and LCP.  
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We can see that already connected patches thanks to adjacent forest ecotope 

radically changes habitat patches  and LCP number and layout. New LCP also 

appear which can be explained by a more permeable matrix using ecotope approach. 

The hexagonal approach identifies LCP that avoid clearly some areas used in 

ecotope approach. 

2.3. Discussion 

The evaluation of representing habitat network components, such as habitat 

patches and LCP, using hexagons or ecotopes involved comparing multiple 

structural attributes of the networks. The primary distinction lies in the number of 

identified habitat patches, which significantly affects other measured attributes. 

Hexagonal representation identifies 2 times more habitat patches compared to 

ecotope representation, while the surface areas are similar. Consequently, the 

number of LCPs follows the increase in the number of habitat patches, as there are 

more patches to connect. This highlights that the hexagon representation identifies a 

more fragmented landscape. The reason behind this can be attributed to the fact that 

linear forest cover connected to habitat patches does not provide sufficient area to be 

summarized at the hexagon level. The inclusion of linear forest elements in the 

ecotope representation allows for the connection of forests, leading to the 

identification of larger and less fragmented forest patches (Figure 4.2 and Figure 

4.1). In fact, the mean habitat patch size identified using ecotope representation is 56 

hectares, while it is 26 hectares for hexagon representation. 
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Figure 4.2: Exemple of ecotope delineation of deciduous forest land-cover which allow to 

connect two forest patches using a small linear element. 

We observed that the hexagon representation identify less connected patches 

which leads to an increase in number of distinct connected areas, while ecotope 

segmentation allows for the connection of more patches. This could be explained by 

the fact that ecotope segmentation may include linear elements, whether present or 

not, that facilitate species movement or act as barriers (Figure 4.2). In our case, such 

element favorized evaluated species movements. 

It has been observed that hedgerows, whether connected or isolated, serve as 

shelter habitats or corridors for various species, including birds and specialized 

small mammals that inhabit forests mammals (Burel, 1996; Hinsley et al., 1999; 

Schlinkert et al., 2016). However, it is important to consider the influence of edge 

effects and small patch size as significant landscape characteristic that can have a 

negative impact on population survival and species richness within habitat patches 

(Chalfoun et al., 2002; Chen et al., 1992; Crooks et al., 2001; Lindenmayer et al., 

2000). Consequently, it is incorrect to assume that habitat patches connected by such 

elements form a single, larger patch with high capacity. The use of such ecotope 

delineation can therefore underestimate the measurement of landscape 

fragmentation. 
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Studies have emphasized the effectiveness of hexagons in representing 

connectivity analysis results (Birch et al., 2007). It is crucial to recognize that LCP 

alone does not capture realistic species movement patterns. By representing LCP 

using ecotopes or hexagons, a more nuanced delineation of movement patterns can 

be considered. Ecotope representation offers the advantage of depicting ecologically 

distinct areas in the landscape and more precisely delimiting vegetation cover used 

for species movements. However, it is important to acknowledge that such precise 

delimitation may inadvertently create a false impression of precision, as automated 

ecotope segmentation is not immune to biases. Conversely, an abstract 

representation such as hexagons may better reflect the inherent imprecision and 

biases of ecological analyses. Further investigation is required to comprehensively 

evaluate the strengths and limitations of each representation method for accurate 

visualization of connectivity analysis results. 

For this comparative analysis, we opted to directly convert land-cover data 

synthesized at the ecotope level into hexagons. This decision was made to enable a 

comparison between two representations that capture a similar local context. 

Alternatively, attributing local land-cover context using a moving window sampling 

approach with native 2-meter resolution land-cover data could be employed to 

provide land-cover information to the hexagons.  

2.4. Conclusion 

In conclusion, this study demonstrated that the choice of method to represent  

habitat network elements significantly impacts the assessment of landscape 

fragmentation. Ecotope segmentation results in fewer but larger connected habitat 

patches, whereas hexagon representation identifies a more fragmented landscape 

with a higher number of patches. The choice between these representations depends 

on the specific requirements of the studied species. It is important to consider 

potential segmentation artifacts when using precise representations, as inaccuracies 

in data calibration can lead to unrealistic boundaries and false impressions of 

accuracy. Automated segmentation methods are not immune to biases, and careful 

interpretation is necessary. 
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3. Comparison of methods to model species habitat 

networks for decision-making in nature conservation: 

The case of the wildcat in southern Belgium. 

3.1. Introduction 

Despite the establishment of protected areas, anthropogenic pressures on 

landscapes cause significant fragmentation of species habitats, increasing species 

extinction rates (Hanski, 2005; Stanners and Bourdeau, 1995). This is particularly 

the case in landscapes strongly shaped by human activities, such as Western Europe, 

where natural areas are reduced to small and isolated habitat remnants embedded in 

an anthropogenic matrix (Jongman et al., 2004; Luck , 2007). Significant 

fragmentation restricts population movements of species in the landscape, limiting 

metapopulation functioning (Hansson et al., 1992; Jongman et al., 2004). 

Populations can suffer genetic drifts, including inbreeding, further increasing their 

extinction risk (Hansson et al., 1992). In addition, lack of habitat connectivity 

prevents recolonization of potential habitats after local extinctions (Verboom et al., 

1991). 

The lack of connectivity could be efficiently addressed by implementing 

ecological networks, also known as habitat networks (Melin, 1997; Opdam et al., 

2006), which are progressively integrated into conservation planning (Albert et al., 

2016; Rayfield et al., 2016). The ambition of this conservation tool is to connect 

isolated populations of targeted species by linking their habitats in a coherent way 

and in interaction with the landscape matrix (Opdam et al., 2006). To implement 

ecological networks, habitat areas or biodiversity cores and the corridors connecting 

them must be identified (Bennett & Mulongoy, 2006; Bernier & Théau, 2013; 

Sordello et al., 2017). To identify them, many scientists use the concept of landscape 

connectivity, which can be defined as functional or structural. Functional 

connectivity identifies how well genes, gametes or individuals move through the 

landscape (Rudnick et al., 2012; Weeks, 2017). Structural connectivity measures 

habitat permeability to species movements based on the spatial arrangement of 

habitat patches, and the disturbances and other lands in the matrix (Hilty et al., 

2019). This help to identify existent and potential landscapes features through which 

species may be able to move (Hilty et al., 2020). However, evaluation of 

connectivity requires spatial analyses of large and various sets of spatially explicit 

data that describe landscapes and the habitats corresponding to the natural life 

history traits of targeted species (Duflot et al., 2018a; Gurrutxaga et al., 2015; 

Sordello et al., 2017; Sordello, 2016). 

An increasingly used method to model ecological networks and support decision 

making regarding their implementation is based on spatial graphs theory. Spatial 

graphs are a simplification of landscapes where habitat patches are considered as 

nodes and potential movements of species as links connecting pairs of nodes 
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(Galpern, Manseau, & Fall 2011; Urban & Keitt 2001; Urban, Minor, Treml, & 

Schick 2009). This method allows landscape elements (habitat patches and 

corridors) to be prioritized for their contribution to the overall connectivity of a 

habitat network (Avon and Bergès, 2016; Duflot et al., 2018a; Gurrutxaga et al., 

2015; Saura and Rubio, 2010). A key step is to evaluate the potential connectivity 

between habitat patches, which is most commonly done in current scientific 

literature through use of least cost paths (LCP; Sawyer, Epps, & Brashares 2011). 

The landscape is interpreted as a resistance raster map representing the resistance to 

species movements, where each pixel has a travel cost specific to the targeted 

species, or group of species. Then, the path analysis identifies LCP connecting pairs 

of patches through the series of pixels with the lowest cumulative cost (Liu, Newell, 

White, & Bennett 2018). Hence, to model spatial graph and LCPs for maintaining 

ecological networks, two steps must be completed: (i) identify the habitat patches to 

be (re)connected, and (ii) create a resistance map to describe landscape permeability 

to species movements.  

The habitat and resistance maps used for LCP and spatial graph modeling have 

been defined in different ways. Some studies have built maps on the basis of 

expertise, using land-cover maps: some land-cover categories are considered as 

habitat, while every other land-cover category is assigned a resistance value 

according to the ecology of the targeted species (Liu et al. 2018; Watts et al. 2010). 

However, this method has some limitations due to the potential subjectivity of 

experts in identifying habitat patches and assigning resistance values to the land-

cover classes (Sawyer et al., 2011; Stevenson-Holt et al., 2014). In view of the 

increasing use of species habitat suitability models, other studies have defined 

habitat patches and calculated resistance maps by transforming the map of habitat 

suitability derived from species distribution models (Duflot et al., 2018a). Such data-

driven approaches are expected to better reflect reality. However, this method 

assumes that factors influencing species movement behaviors are the same as those 

influencing the habitat suitability, which may not always be true (Zeller et al., 2018; 

Ziolkowska et al., 2012). Nevertheless, the use of a habitat suitability model is 

preferred when species observation data are available (Stevenson-Holt et al., 2014). 

The emergency state of biodiversity loss pushes local stakeholders to value 

ecological networks as a leading strategy in nature conservation stakes (Amsallem et 

al., 2010; Sordello, 2016). However, the lack of suitable species data often forces 

local nature conservation practitioners to use expert knowledge to perform 

ecological analyses (Stevenson-Holt et al., 2014). In this context, we compared data-

driven and knowledge-driven approaches to assess if expert-based ecological 

network modeling could be used as an alternative solution to approaches based on 

habitat suitability models, when data are missing. In this study, three approaches 

were compared: a “knowledge-driven method” based on expert opinion, a “data-

driven method” based on a habitat suitability model, and a “mixed method” 

combining data and knowledge-driven methods to potentially compensate for their 

respective weaknesses. The rationale behind the mixed approach is that a habitat 
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suitability model is more accurate in identifying the species habitat, but may be less 

relevant to inform about the species movement behavior. The resistance map was 

therefore created following expert opinion. To align our results to the needs of 

nature conservation practitioners, our aim was to identify the differences between 

habitat, resistance, and priority action maps obtained by the alternative methods. We 

therefore focused on easily reproducible workflows based on available datasets.  

To carry out this comparison, we studied the potential corridors of the wildcat 

(Felis silvestris Schreber, 1777) in the Walloon region (southern Belgium). The 

Walloon forests are the core part of a large group of forests at European scale. They 

play an important role for the connectivity of the species at a supra-population scale 

with the Alsatian and Black Forest areas. However, Belgium has one of the most 

fragmented landscapes of Western Europe, reducing the connectivity of forest 

habitats (Jaeger et al., 2011). These issues have pushed local nature conservation 

stakeholders to view the wildcat and the connectivity of its habitat as a top priority. 

In this study, we address the following questions: 

• What are the differences between the ecological network and priority action 

maps derived from knowledge-driven, data-driven and mixed approaches? 

• Can expert knowledge lead to similar conclusions as approaches using 

species observation data? 

• Which components generate the main differences between the different 

approaches tested? 

3.2. Materials and Methods  

3.2.1. Focal Species and Observation Data 

Like other forest species, the wildcat is particularly vulnerable to historical and 

present fragmentation, mainly due to increased agricultural practices and the 

development of urbanized areas (Foley et al., 2005; Gibson et al., 2013). The species 

- once widespread in Europe - has suffered a significant decline over the past 

century, mainly due to the destruction of its habitat (Stahl et al., 1994; Sunquist, M., 

Sunquist, F., 2002), but also to hunting. Its registration as a protected species has 

enabled the gradual recovery of its populations, but it remains sensitive to habitat 

fragmentation caused by transport infrastructure, mainly roads (Hartmann et al., 

2013; Klar et al., 2008). In addition, hybridization with domestic cats is a significant 

threat to the genetic integrity of the species (Hertwig et al., 2009; Hubbard et al., 

1992; Lecis et al., 2006; Pierpaoli et al., 2003). 

The wildcat is mainly a forest animal that prefers dense understory vegetation. It 

needs a spatial continuity of forest cover and therefore very rarely visits isolated 

groves (Libois 1991; Libois & Maréchal 1994; Klar et al. 2008). The wildcat is also 

looking for undisturbed areas that are rich in prey such as small mammals. At night, 

the cat leaves the forest to roam the open spaces to search for prey (Libois 1991; 
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Libois & Maréchal 1994; Klar et al. 2008). The wildcat also strongly avoids village 

areas and isolated houses (Klar et al. 2008; Libois & Maréchal 1994; Libois 1991). 

For this study, we used wildcat observations (occurrence points) that combined 

two different databases: a field survey performed by public-service agents, and a 

public database built upon opportunistic observations made by naturalists (Source: 

Observations.be, Natagora, Natuurpunt et la Fondation "Observation International"). 

The former is more accurate, but the extent of the sampled area is smaller than the 

area covered by opportunistic records. The latter is less accurate regarding species 

identification and often also less precise in terms of geographic location. To limit 

bias due to this dataset, we excluded opportunistic observations not confirmed by 

experts:  only observations i) flagged with a high degree of certainty and ii) 

validated by an expert were retained. Observation coordinates located in an 

artificialized area were also relocated to the nearest neighboring ecotope (see 

“Environmental Data Layers” section) which is not artificial. These observations 

usually result from an observer recording the observation from where he/she was 

and not where the animal was. While this dataset has some limitation, it is 

representative of the data usually available to nature conservation practitioners, 

which gives more pertinence to the results of this study.  

3.2.2. Study Area 

The study was located in the Walloon region (southern part of Belgium) and the 

studied area extent was defined based on the wildcat observation range in the region. 

This was done to ensure that the constructed models stay ecologically coherent, 

without taking into account the large diversity of ecological factors associated with 

different landscape entities present in the Walloon region. To do so, a convex hull 

polygon was created from wildcat observations and an additional 10 km buffer 

(average dispersal distance of the species) was applied (Figure 4.3). This buffer 

ensures that the wildcat habitat patches of interest are not considered in isolation 

from neighboring regions. This also ensures that it takes into account a recurring 

problem of graph analysis: the measured importance for connectivity of external 

habitat patches may be underestimated (Avon & Bergès 2016; Duflot et al. 2018a; 

Gil-Tena et al. 2014; Saura & Pascual-Hortal 2007). This buffer is only used to 

perform consistent spatial graph analyses. Therefore, comparisons between 

approaches and other analyses were only performed inside the convex hull polygon. 

Any further mention of the study area refers to the area of data availability without 

the buffer. 
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Figure 4.3: Location of the study area delimited by data availability (blue line) and the 

buffer of 10 km around it (red line) in the regional context of Belgium and its neighboring 

countries. It covers most of the Walloon region in southern Belgium. Forest areas are 

represented in dark green. 

The study area corresponds to the Ardenne plateau, representing the highest region 

of the country (200 – 700 m) and dominated by forests. The center of the study area 

contains a slightly undulating plateau covered by coniferous forests, with deep 

valleys covered by deciduous forests on its edges (CPDT, 2014). The northern and 

outermost southern parts of the study area lean at the bottom of the Ardenne plateau 

and exhibit a mixed landscape where forests give way to croplands and grasslands. 

The whole study area is fragmented by villages, small cities, and a dense road 

network, including highways; although it is less fragmented than the rest of the 

country (CPDT, 2010; Quadu et al., 2014). The northern edge of the study area 

includes large town suburbs (namely Liège and Namur). 

3.2.3. Environmental Data Layers 

Land-cover and environmental maps were extracted from the ecotope database 

(Radoux et al., 2019). This database consists of a polygon map where each polygon 

represents an ecotope, which is considered to be the smallest ecologically distinct 

landscape feature (Bastian et al., 2002; Chan and Paelinckx, 2008). The ecotope map 

of Wallonia was obtained by segmentation and classification of a multispectral 
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remote sensing imagery and elevation model derived from LIDAR (Julien Radoux 

and Bogaert, 2014). The ecotope map has 106 descriptors including land-cover 

variables, land-cover of the neighborhood (e.g. percentage of broad-leaved forest in 

a 250 m radius around the polygon and of each land-cover with 250 and 500 m 

radius), bioclimatic variables (e.g. rainfall of the wettest month, minimum 

temperature of the coldest month), soil variables (e.g. percentage of wet or alluvial 

soils), or topographic variables (e.g. mean slope of the ecotope, azimuthal exposure). 

This set of 106 variables resulted from an optimization for building ecological 

models performed in a previous study (Delangre et al., 2017). (For further 

information about the ecotope database, visit the website : 

http://maps.elie.ucl.ac.be/lifewatch/ecotopes.html) 

For the study, the ecotope data layer was transformed into a raster of 20 m 

resolution. As highways and large roads are the major obstacles for mammals 

(Gurrutxaga et al. 2011), and to prevent them from becoming discontinuous during 

the conversion to raster, a 20-meter buffer was built around these structures and was 

then superimposed onto the resistance maps for all methods. 

This complete and precise dataset was only available for the Walloon region at the 

time of the study. To consistently complete the environmental data set in 

neighboring regions, a new set of patches was created, which covers the 

Netherlands, Luxembourg, Belgium, and neighboring parts of France and Germany. 

Due to this much larger area and non-availability of accurate data in every 

overlapping country, this expanded dataset has a lower resolution and a less 

complete set of environmental data. It was based on a supervised classification of 

Sentinel-1 (C-Band Synthetic Aperture RADAR) and Sentinel-2 (13 bands visible 

and infra-red sensor) images, using the ecotopes as training data. The resulting 

classification was consolidated based on Open Street Map data (© OpenStreetMap 

contributors) and the Copernicus high resolution layers. The source of elevation data 

was the EU-DEM from the Copernicus land monitoring service. Only factors useful 

to model wildcat habitat suitability were included in this dataset (see “Results” 

section).  

3.2.4. Knowledge-Driven Approach 

Expert-based habitat and resistance maps were derived from the land-cover classes 

of the ecotope database. The following land-cover classes are related to the forest 

environment and were considered wildcat habitats: deciduous, coniferous, and 

mixed forests, as well as clear-cuts including regeneration growth. A cost of 

resistance to movements between 1 for the habitat and 1,000 for the most resistant 

land-cover was assigned based on scientific knowledge (Table 4.2). For other costs, 

we followed the order of magnitude of cost values used by Gurrutxaga et al. (2011) 

for studying habitat connectivity of mammals. A cost value of 5 was assigned to 

wildcat hunting territories which are open habitats with little disturbance, such as 

diversified grasslands and shrublands. Open habitats with disturbance such as crops 

were given a cost value of 60. Finally, the avoidance behavior of the wildcat towards 

http://maps.elie.ucl.ac.be/lifewatch/ecotopes.html
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built-up areas was taken into account by assigning the maximum cost value of 1,000 

to artificialized areas. The other land-cover classes also received relevant cost values 

according to their similarity with previously mentioned ones (Table 4.2). In the case 

of the mixed approach, a resistance of 2 was assigned to land-covers corresponding 

to the knowledge-driven habitats that the data-driven model did not identify as 

optimal. Those land-covers are considered as sub-optimal habitat for the mixed 

approach. 

Table 4.2: Summary table of land-cover classes in the ecotope database showing the travel 

costs assigned to each land-cover class to create the resistance map. 

Land-cover class Cost 

Broad-leaved deciduous forest  
1 (Habitat)/ 2 

(suboptimal) 

Needle-leaved sempervirens forest  
1 (Habitat)/ 2 

(suboptimal) 

Needle-leaved deciduous forest  
1 (Habitat)/ 2 

(suboptimal) 

Mixed forest  
1 (Habitat)/ 2 

(suboptimal) 

Recently cleared areas with forest regrowth, also 

includes forest gaps and Christmas trees  

1 (Habitat)/ 2 

(suboptimal) 

Mixed herbaceous and tree cover (with a majority of 

trees)  
5 

Diversified grassland and shrubland 5 

Shrub and herbaceous flooded  5 

Mixed herbaceous and tree cover (with a majority of 

herbaceous)  
10 

Mixed crop cover (with a minority of crops)  20 

Permanent mono specific productive grassland  20 

Mixed crop cover (with a majority of crops)  50 

Periodically herbaceous  60 

Mixture of vegetation and bare soil  60 

Bare soil  500 

Water  500 

Densely artificialized (>50% artificial surface)  1000 

Sparsely artificialized (>25% artificial surface)  1000 

3.2.5. Data-Driven Approach 

We followed an adapted version of the data-driven method described in Duflot et 

al. (2018a). MaxEnt package in R (Phillips et al., 2006) was used to model the 
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habitat suitability for wildcats in the study area. Opportunistic observations may lead 

to some bias due to the lack of true-absence data. However, precautions have been 

taken to diminish this bias by using Maxent model which can handle pseudo-

absence. The model was built using validated observations of the wildcat as 

presence points, while pseudo-absences were simulated by randomly projecting 

points onto the study area. To prevent pseudo-absence points from being projected 

into areas potentially covered by wildcats, buffers with a radius of 800 m were 

created around points of presence in order to be excluded from the area where the 

pseudo-absences were projected (Klar et al., 2008). This radius corresponds to that 

of a circle whose surface area is the average area of the wildcat’s home range, which 

is 200 ha according to the literature (Libois 1991; Klar et al. 2008; Sordello 2012). 

The predictive variables used to train the model were extracted from the ecotope 

database. The set of 106 predictors was filtered to keep only variables relevant to 

wildcat ecology on the basis of the aforementioned literature. Then, the values of 

these variables were extracted for each of the presence and pseudo-absence points. 

Collinearity across environmental variables (or predictors) was tested (Spearman 

rho), and variables that were overly correlated (> 0.80) were removed to improve the 

quality of the model (Guisan et al., 2017). This was done manually (using “corrplot” 

package in R to visualize correlations) and iteratively to obtain the less correlated set 

of predictors. Then, the selected environmental variables were used to train the 

habitat suitability model, which was tested by cross-validation. The quality of the 

obtained model was assessed using the Area Under the Curve (AUC) and True 

Positive Rate (TPR), i.e., the percentage of correctly predicted presences compared 

to actual presence (also called sensitivity or recall). To calculate the latter, a 

presence/absence threshold was defined by maximizing the sensitivity and 

specificity (MSS) of the model as recommended in the literature (Liu, White, & 

Newell 2013). The obtained model was used to predict the habitat suitability over 

the entire studied area, using the environmental variable layer. 

The habitat suitability index (HSI) map was used to determine the species habitat 

and define costs of movements for the non-habitat landscape matrix. The threshold 

selected for the calculation of TPR (MSS) was reused to determine which elements 

of the prediction map would be used as habitat patches for the species (Duflot et al., 

2018a). Thus, all pixels whose prediction probability was greater than the identified 

habitat/matrix threshold were considered as habitat and all others were considered as 

the landscape matrix. The resistance map was computed by applying a negative 

exponential transformation function (Equation 1) to the HSI values of pixels not 

predicted as habitat (Keeley et al., 2016):    

Equation 1. 

𝑟𝑒𝑠𝑖𝑠𝑡𝑎𝑛𝑐𝑒 = 𝑒
ln(0.001)

𝑡ℎ𝑟𝑒𝑠ℎ𝑜𝑙𝑑
×𝐻𝑆𝐼 × 103  

where threshold is the habitat/matrix threshold and HSI is the value resulting from 

the habitat suitability model. The decay parameter of the negative exponential is set 

to provide resistance values ranging from 1 to 1,000. 



Chapter 4 : Modeling and analyze species habitat network. Comparing approaches. 

127 
 

3.2.6. Connectivity Analysis  

The habitat and resistance maps obtained by each method were then used to 

perform a connectivity analysis using Graphab software (Foltête et al., 2012). Three 

spatial graphs were built based on (i) knowledge-driven habitat and resistance maps, 

(ii) data-driven habitat and resistance maps, and (iii) data-driven habitat maps and 

knowledge-driven resistance maps (the mixed approach). All following analyses 

were performed for all three approaches. 

Habitat patches were further selected using a minimum surface area threshold that 

was set to 200 ha, which is commonly considered to be the home range area of 

wildcats (Libois 1991; Klar et al. 2008; Sordello 2012). Habitat area was used as the 

attribute for patches. With the use of the resistance maps, LCP analysis was 

performed to calculate the cost distance between neighboring patches (minimum 

planar graph).The cost distance was used as the attribute of links connecting pairs of 

habitat patches.  

To build spatial graphs, we used the average dispersal distance of the wildcat, that 

is 10 km (Klar et al. 2008; Libois 1991; Sordello 2012). The dispersal distance must 

be multiplied by the median value of the resistance map. Thus, this distance is 

weighted within the reference frame used, i.e., the resistance map, and therefore is 

independent from the chosen scales of cost values (Avon and Bergès, 2016; Duflot 

et al., 2018a; Gil-Tena et al., 2014; Gurrutxaga et al., 2015). The obtained distance 

values, which are different in each approach because the resistance maps are 

different, were then used as a threshold to sort corridors that must be preserved or 

restored (i.e., those links with lower distance than the mean dispersal distance). 

Then, the Probability of Connectivity index (PC, Equation 2) and its partitions 

were calculated to assess the importance of each habitat patch and the corridors that 

connect them for the overall connectivity (Saura & Pascual-Hortal 2007). For this 

analysis, all links were retained (i.e., no threshold was applied). The PC index 

evaluates the global connectivity of the ecological network: 

Equation 2. 

𝑃𝐶 =
∑ ∑ 𝑎𝑖

𝑛
𝑗=1

𝑛
𝑖=1 𝑎𝑗 𝑝𝑖𝑗

∗

𝐴𝐿
2  

 

where 𝑛 is the number of nodes (or habitat patches), 𝑎𝑖  is the attribute 

characterizing node i (here patch size), 𝑎𝑗 is the attribute of node j, 𝐴𝐿 is the total 

area of the study area, and 𝑝𝑖𝑗
∗  is the maximum probability product, i.e., the 

maximum value of the product of the attribute of the links for all possible paths, 

between patch i and j (Saura & Pascual-Hortal 2007). 

Habitat patches and links were evaluated for their contribution to overall 

connectivity using the percentage change in 𝑃𝐶 (𝑑𝑃𝐶𝑘) when removing the element 

k in question (Saura & Pascual-Hortal 2007). 



Mapping landscape connectivity challenges using biological data and local ecological knowledge 

 

128 
 

Equation 3. 

𝑑𝑃𝐶𝑘 =
𝑃𝐶 − 𝑃𝐶𝑟𝑒𝑚𝑜𝑣𝑒 , 𝑘

𝑃𝐶
× 100  

 

Finally, this 𝑑𝑃𝐶𝑘 can be split down into three additive components: 

Equation 4. 

𝑑𝑃𝐶𝑘 = 𝑑𝑃𝐶𝑘𝑖𝑛𝑡𝑟𝑎 + 𝑑𝑃𝐶𝑘𝑓𝑙𝑢𝑥 + 𝑑𝑃𝐶𝑘𝑐𝑜𝑛𝑛𝑒𝑐𝑡𝑜𝑟  

where 𝑑𝑃𝐶𝑘𝑖𝑛𝑡𝑟𝑎 is the contribution of the patch or link to habitat availability, 

𝑑𝑃𝐶𝑘𝑓𝑙𝑢𝑥 is the dispersion flow in patch k from and to all other network patches, 

and 𝑑𝑃𝐶𝑘𝑐𝑜𝑛𝑛𝑒𝑐𝑡𝑜𝑟 is the contribution of the patch or link k to the connectivity of 

network elements based on their topological position. The higher the connector 

value, the more essential the element is to the network (Saura and Rubio, 2010). 

𝑑𝑃𝐶𝑘𝑐𝑜𝑛𝑛𝑒𝑐𝑡𝑜𝑟 is recommended to measure the importance of patches and links 

for the overall connectivity of a habitat network, independently of patch size (Saura 

and Rubio, 2010). 𝑑𝑃𝐶𝑘𝑐𝑜𝑛𝑛𝑒𝑐𝑡𝑜𝑟 corresponds to a part of the sum of 𝑎𝑖 × 𝑎𝑗 × 𝑝𝑖𝑗
∗  

(eq. 2) for each pair of patches 𝑖 and 𝑗 in which 𝑖 ≠ 𝑘, 𝑗 ≠ 𝑘 and 𝑘 is part of the 

maximum probability path between them (𝑝𝑖𝑗
∗ ) (Saura and Rubio, 2010). 

The 𝑑𝑃𝐶𝑘𝑐𝑜𝑛𝑛𝑒𝑐𝑡𝑜𝑟 values allow the creation of priority action maps needed to 

maintain or increase the connectivity of the Walloon landscape for wildcat 

populations (Amsallem et al., 2010b; Duflot et al., 2018a). Because of the generalist 

behavior of the wildcat regarding habitat selection, we focused mainly on corridors, 

but 𝑑𝑃𝐶𝑘𝑐𝑜𝑛𝑛𝑒𝑐𝑡𝑜𝑟 was also calculated for habitat patches. For each method, 

corridors (LCPs) are sorted based on 𝑑𝑃𝐶𝑘𝑐𝑜𝑛𝑛𝑒𝑐𝑡𝑜𝑟 values to remove less 

important corridors for landscape connectivity and to prioritize the remaining ones. 

To do so, 𝑑𝑃𝐶𝑘𝑐𝑜𝑛𝑛𝑒𝑐𝑡𝑜𝑟 values were divided into four categories on the basis of 

Jenks natural breaks (that create groups maximizing differences between groups and 

minimizing variance within groups). A quantitative comparison between the three 

resulting habitat networks has been done regarding the priority class given by 

𝑑𝑃𝐶𝑘𝑐𝑜𝑛𝑛𝑒𝑐𝑡𝑜𝑟 values to habitat patches and corridors. The category with lowest 

𝑑𝑃𝐶𝑘𝑐𝑜𝑛𝑛𝑒𝑐𝑡𝑜𝑟 value was then put aside in order to keep only the most important 

corridors for landscape connectivity.  

The remaining corridors have been categorized according to their state of 

conservation to differentiate corridors that must be conserved or restored. When the 

cumulated cost of a corridor was lower than the dispersal distance weighted to the 

median cost of resistance map, the corridor was considered as “conservation”, 

corridors were otherwise categorized as “restoration”. 

Restoration actions can take several forms, such as forest patches or hedges and 

riparian forest restoration, to improve the landscape matrix for wildcat movements 

(Jerosch et al., 2018). However, when a corridor must cross a road, actions to 

facilitate the crossing are more specific. While road infrastructure without fences are 

not always blocking elements compared to those with fences, some enhancements 
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could prevent and reduce mortality such as wildlife bridges (Hartmann et al., 2013; 

Klar et al., 2009). Potential locations for such specific actions were identified by 

intersecting corridors considered as important to maintain overall connectivity with 

the road network. Roads are still important obstacles even if the corridors crossing 

them are below the weighted dispersal distance threshold, therefore both 

“conservation” and “restoration” corridors were included. Restoration corridors that 

do not cross roads were put into a “non-suitable habitat” category if no obstacles 

could be identified. 

In order to quantitatively measure if priority conflicts with roads were located at 

the same places, we used a Jaccard similarity index. To do so, a buffer of 5 km was 

calculated around intersections between priority corridors and roads. Then, the area 

of intersection between those buffers from the two compared approaches was 

calculated and divided by the total area of buffers of the two approaches. This was 

done between all three approaches. A higher value explains a higher similarity in 

terms of location between identified conflicts with roads. This value of 5 km was 

arbitrarily chosen as a compromise between study extent, the precision needed for 

corridor spatial location, and a sensitivity analysis performed to find the best value 

to highlight similarities and differences. The study extent plays a role in the potential 

convergences of buffers and the precision should not be too excessive because 

precise location of corridor restoration actions should also align with actual land-use 

planning opportunities. 

A selection based on the different priority categories was made to study the 

variation in the Jaccard index while taking into account i) all conflict points, ii) 

conflict points of first and second priority, and iii) conflict points of first priority 

only. 

3.3. Results 

3.3.1. Wildcat Habitat Maps  

After refining the wildcat observation data, there were 1319 presence points 

available, and as many pseudo-absences were generated to calibrate the MaxEnt 

model. Among presences, 40 points located in artificial areas were relocated to 

avoid any unintended effect on the model. The obtained model has satisfactory 

accuracy with an AUC of 0.79 and a TPR of 0.75. The presence/absence threshold 

that maximizes the sensitivity and specificity of the model is 0.56. Pixels with 

Habitat Suitability Index above this value were considered as potential habitats of 

the wild cat, representing 35.9% of the study area. As a comparison, the area 

considered as habitat in the knowledge driven approach represented 56.4% of the 

study area. However, the TPR calculated for this approach reaches 0.47 which is 

0.28 lower than data-driven approach. Maps of the suitable habitat obtained by the 

two approaches can be found in Appendix 6. Concerning the data-driven approach, 

the main factors influencing habitat suitability for the wildcat were contextual 

variables. For instance, the most important factor was the presence of forests 
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dominated by coniferous trees within a 250 m radius, which is positively correlated 

to the habitat suitability. The second most important factor was the presence of 

artificial light in the neighborhood, which is negatively correlated to the habitat 

suitability and positively correlated to the presence of artificial areas. The list of 

variables retained in the final model and their relative importance in predicting 

habitat suitability can be found in Appendix 7. 

3.3.2. Resistance Maps 

The two resistance maps created following data-driven and knowledge-driven 

approaches are available in Appendix 8. To help in comparing those results, we 

calculated the absolute difference of costs between the two approaches for each 

land-cover category (Figure 4.4). Land-cover were grouped in a broader category if 

they share similar costs for both approaches. Forest environment land-covers can be 

related to the habitat of the species and generally have a mean difference close to 

zero but a large variance. Land-covers related to artificialized areas also had a mean 

difference near zero and an even larger variance. Those land-covers are generally 

well identified as habitat or blocking elements but differences still exist, as shown 

by large variances. In contrast, important differences exist between the two 

resistance maps for other land-covers, particularly water bodies and bare soils with a 

mean difference higher than 100, while crop and productive pastures showed 

differences near 100 in absolute difference of resistance values. Bare soils represent 

only 0.06% of the study area and were not taken into account in the model of the 

data-driven model which explain the important difference of cost. Yet, their sporadic 

location should diminish their impact on connectivity. In contrast, water bodies such 

as rivers are linear elements which have a potential role of blocking elements. Crop 

and pastures occupy larger areas. Therefore, differences of cost for these two land-

cover should have a strong influence on the connectivity results. Differences 

measured can be explained by their location near forests or cities and the use of 

contextual variables in the data-driven approach. A high cost is given in the 

surrounding areas of cities, villages, and roads, whereas the opposite applies to water 

bodies, crops, and pastures near forests, i.e., a lower resistance due to proximity to 

forest. This proximity effect was not considered in the knowledge-driven approach. 

As a consequence, rivers are less well identified as blocking elements in the data-

driven approach, particularly in forest environments. However, crop and pastures 

near forests can contribute to corridors and can be identified as more favourable 

element for species movement with this approach. Proximity variables also affected 

land-cover related to forest environments (when forest was part of the landscape 

matrix) explaining some of the differences. In the data-driven resistance map, forests 

located in artificial landscapes are less favorable for wildcat connectivity. This 

influence of local context does not emerge from the knowledge-driven method 

because ecotope polygons are considered independently from each other. For 

instance, the mean percentage of presence of artificialized areas in a 500 m radius 

around each ecotope identified as habitat of the species has been calculated. This 

mean percentage is 0.9% for the knowledge-driven approach and 0.4% for the data-
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driven one. This result indicates that more knowledge-driven habitat patches are 

surrounded by artificialized areas than data-driven ones. This converges with our 

hypothesis that proximity to artificialized areas impacts forest habitat suitability in 

the data-driven approach and not in the knowledge-driven one. 

 

 

Figure 4.4: Boxplots of absolute costs differences between resistance maps from 

knowledge and data-driven approaches, for each land-cover class. A log 10 transformation 

has been applied to the y axis while land-cover categories are arranged from least to highest 

resistance (left to right). 

The median values of resistance per meter traveled for the expert-based, data-

based, and mixed methods are 40, 5, and 2 (cost/meter) respectively. The resulting 

weighted dispersal distances for each method are 20,000, 2,500, and 1,000 (in cost 

units). 

3.3.3. Connectivity Analysis 

To visualize priority corridors, a schematization of habitat patches and corridors 

was performed, using the graph representation, i.e., nodes and links (Figure 4.5). 

Gaps between forest patches would not be visible on a land-cover map at the 

regional scale. Because Figure 4.5 stays complex despite the schematization, it was 

not possible to highlight the cumulated cost of each corridor. This useful 
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information, that makes it possible to quickly visualize actual connectivity between 

patches, is available in Appendix 9. We compared the three resulting habitat 

network regarding the priority class given by 𝑑𝑃𝐶𝑘𝑐𝑜𝑛𝑛𝑒𝑐𝑡𝑜𝑟 values to habitat 

patches and corridors (Table 4.3). As a reminder, the lowest priority class entities 

(priority 4) are not considered important for connectivity in further analysis. For 

each approach and each priority class, habitat area in hectares and number of 

corridors were calculated. We can see that for all three approaches tested,  

𝑑𝑃𝐶𝑘𝑐𝑜𝑛𝑛𝑒𝑐𝑡𝑜𝑟 identified a few main patches and corridors needed to maintain 

connectivity in the network. The data-driven is the approach that identified the most 

first priority corridors (3). Besides, big habitat patches are often considered as 

important for the connectivity which increase habitat area of importance except for 

the mixed approach. The knowledge-driven and the data-driven approaches both 

identified large and central patches along the Ardennes as the most important 

patches for connectivity. The mixed approach showed a different result with large 

external patches marked as important. It is crucial to note that all approaches also 

identified small patches as important for connectivity, particularly the data-driven 

and the mixed approaches. For the mixed approach, three patches in the southern 

part of study area were classified in the top two categories of priority. All three 

methods identified several important corridors following the Ardenne high plateau 

summits. Those central corridors were also generally those with the highest 

cumulated cost for all methods (Appendix 9). The knowledge-driven approach 

identifies about twice as many corridors (248) than the other methods (Table 12). 

This approach highlighted an important path in southern Ardennes (southwest of the 

study area), which was not shown by other approaches. It also identified corridors 

connecting central patches with southernmost ones and also with south-eastern 

patches. In general, the knowledge-driven approach identified a much more 

connected landscape. 
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Figure 4.5: Schematic representation of the connectivity of habitat patches for each 

approach, overlaid on land-cover map. Habitat patches are represented by nodes whose size 

is proportional to their area, the different colors represent the respective importance of each 

patch for the connectivity based on the dPC Connector calculation. Corridors are represented 

by links, the thicker they are the more important they are to support global connectivity. 
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Table 4.3. Habitat area and number of corridors are compared across the three approaches 

tested according to their importance to maintain connectivity. Priority classes were created 

using Jenks natural breaks on 𝑑𝑃𝐶𝑘𝑐𝑜𝑛𝑛𝑒𝑐𝑡𝑜𝑟 values ranking them from lowest (Priority 4) 

to highest priority (Priority 1). 

 
Priority 4 Priority 3 Priority 2 Priority 1 Sum 

Habitat area 

(km²) 
    

 

Knowledge-

driven 864 1357 668 2567 5456 

Data-driven 801 885 1081 703 3470 

Mixed 1647 813 138 872 3470 

     
 

Number of 

corridors      
  

Knowledge-

driven 199 44 4 1 248 

Data-driven 115 6 1 3 125 

Mixed 113 7 3 1 124 

 

For the knowledge-driven approach, 49 out of 248 corridors were considered as 

important for connectivity based on their 𝑑𝑃𝐶𝑘𝑐𝑜𝑛𝑛𝑒𝑐𝑡𝑜𝑟. Those 49 corridors were 

all considered for conservation objectives as their cost did not exceed the weighted 

dispersal distance. Concerning conflict with obstacles, 19 were related to roads. The 

others were not related to a lack of suitable habitat because their cost did not exceed 

the weighted dispersal distance. 

Concerning the data-driven approach, 10 out of 125 corridors were considered 

important for connectivity and all of them had conservation goals. 6 of them were 

related to road conflict.  

In the case of the mixed approach, 11 out of 124 corridors were important for 

connectivity. 4 of them had conservation goals, while 6 had restoration and 7 had 

road conflict. 

This sorting helped to build priority action maps that show, for each method, habitat 

patches, corridors that must be preserved (important conservation corridors), and 

road conflicts (intersection between important corridors of conservation or 

restoration and major road networks). Due to high values of weighted dispersal 

distance, no corridors with a lack of suitable habitat were identified (restoration 

corridors not crossed by a road). 

The different priority action maps showed that the corridors needing restoration to 

improve overall connectivity are small corridors crossing important road 

infrastructure such highways or 2×2 lane national roads (Figure 4.6). These roads 
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split important forest areas from north to south. Knowledge-based priority action 

maps identified more obstacles in accordance with the higher number of corridors in 

that map.  

 

 

Figure 4.6:  Action maps identifying obstacles and important corridors that need to be 

taken into account to improve general connectivity of the Walloon landscape. Priority 

obstacles include conflicts with conservation and restoration corridors crossing a road 

(represented by black crosses). “Corridors to be maintained” corresponds to all important 

corridors for connectivity with conservation goals, they are represented by green triangles. 

Table 4.4 shows the different values of the Jaccard index measuring location 

proximity of corridors in conflict with roads between the three approaches. We can 

see that the mixed and data-driven approaches share the most similarities but few are 

shared with the knowledge-driven approach. However, the similarity between the 

knowledge-driven approach and the two others doubles when we focus on high 

priority conflicts. With first priority conflicts, this similarity approaches 50%. 
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Table 4.4: Results of Jaccard index analysis performed on priority conflict between 

corridors and roads based on priority action maps. Values range from 0 to 1, higher values 

indicate that conflict points are closely located to each other. 

Comparing all priority conflicts (1,2 and 3) 

 
Knowledge-driven Data-driven Mixed 

Knowledge-

driven 1 0.18 0.15 

Data-driven 
 

1 0.49 

Mixed 
  

1 

Comparing conflicts with priority 1 and 2 

 
Knowledge-driven Data-driven Mixed 

Knowledge-

driven 1 0.37 0.31 

Data-driven 
 

1 0.44 

Mixed 
  

1 

Comparing conflicts of maximum priority (1) 

 
Knowledge-driven Data-driven Mixed 

Knowledge-

driven 1 0.57 0.48 

Data-driven 
 

1 0.69 

Mixed 
  

1 

3.4. Discussion 

3.4.1. Modeling Habitat and Resistance Maps 

The different methods used to model the habitat network of the wildcat led to 

different results. First, there were important differences in identification of suitable 

habitat patches. Despite a much larger area was predicted as habitat in the 

knowledge driven approach (1.5 times larger), the habitats mapped by the data-

driven approach included 28% more of total observations, suggesting a better 

identification of habitat suitability. The knowledge-driven map shows its limitations 

by only considering the local land-cover. In contrast, the data-driven approach 

accounted for local characteristic and surrounding context, which is closer to wildcat 

ecology. It does not come close to villages and human-related land-cover types and 

prefers proximity with forests, particularly the ecotone between forests and open 

natural areas to hunt (Klar et al., 2008). Accordingly, the final habitat suitability 

model included contextual variables such as presence of needle-leaved forest in a 

250 m radius and artificial light. The knowledge-driven approach did not use 

contextual variables, so the quality of the identified habitat patches can be 

questioned as there are more of them in densely populated areas than in the data-
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driven approach. Contextual variables such as proximity to built-up areas or forests 

could also be considered in the knowledge-driven approach, but would be much 

more difficult to parameterize (i.e., define proximity distance) and would require 

additional time-consuming GIS (Geographic Information System) data 

manipulations. The resulting networks are therefore very different. The habitat map 

resulting from the data-driven approach may be considered conservative and focused 

on higher quality patches. However, the generalist behavior of the wildcat makes it 

difficult to map its suitable habitat, hence the intermediate predictive accuracy of the 

habitat suitability model (AUC = 0.79). It is known that wide-ranging species 

produce models with a lower accuracy than habitat-specific ones (Segurado and 

Araújo, 2004). However, modeling the habitat suitability of the wildcat is also 

sensitive to calibration data. The observation data used here is not optimal and may 

represent biased reality, and contains less information than presence-absence data. 

Radio-tracked data could be used as relevant data to create very performant 

resistance maps, with more realistic information related to movements, but there is a 

recognized shortage of such data (Eycott et al., 2012). Approaches based on expert 

opinion and opportunistic observation data are therefore most often used 

(Stevenson-Holt et al., 2014). It remains important to stress that the effectiveness of 

either method compared in this study may depend on the data available, the species 

considered, and on the landscape in which the study is carried out (McClure et al. 

2016). In our case, the obtained model represents the probability of seeing the 

wildcat rather than identifying its current habitat. It is thus important to take those 

limitations into consideration when designing a conservation action plan from such a 

method. 

Second, the resistance maps obtained from the two approaches were partially 

divergent. However, forest and densely populated areas were still distinctly 

identified in both maps (Appendix 8). The main differences were due to smoother 

transitions between habitat and matrix in the data-driven approach, as a result of 

contextual variables, and leading to huge differences in costs for areas near forests 

and artificial areas (Figure 4.4). The huge variance within land-covers corresponding 

to blocking elements suggests that the data-driven approach did not correctly 

identify obstacles as such. This could be explained by a high proportion of forest 

land-cover decreasing the cost value of surrounding obstacles such as rivers or roads 

crossing forests. It is therefore sometimes difficult to handle the effect of contextual 

variables because it does not always give the results sought. This problem may be 

avoided in the mixed method by using the knowledge-driven resistance map. 

However, in that approach, assigning cost values to land-covers other than obvious 

obstacles remains subjective, or even speculative. Also, in this approach, the use of 

local context variables, although possible, remains even more questionable. As a 

compromise, the data-driven method could be combined with manually defined 

costs for certain obstacle elements, herein roads (Stevenson-Holt et al. 2014). 

However, this would require case-specific adaptations, which may be too time 

consuming to be performed on a regular basis. 
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3.4.2. Connectivity Analysis 

Connectivity analysis through use of 𝑑𝑃𝐶𝑘𝑐𝑜𝑛𝑛𝑒𝑐𝑡𝑜𝑟 allowed prioritization of 

elements that are important to maintain overall connectivity. All approaches located 

these elements between the large forest patches along the Ardennes plateau 

(Figure 4.5). Additional smaller habitat patches and connections located in the 

southern part were also identified as important. The data-driven approach prioritized 

a lower area of habitat patches and fewer corridors, which can help to reduce the 

number of priority actions when resources available for conservation are limited. 

In general, the 𝑑𝑃𝐶𝑘𝑐𝑜𝑛𝑛𝑒𝑐𝑡𝑜𝑟 values for patches and corridors were low, 

showing a relative weak effect of fragmentation in the study region. Nevertheless, 

road infrastructures still have a negative impact on the wildcat population (Hartmann 

et al., 2013; Klar et al., 2008), and their effect on connectivity may have been 

compensated here by the high dispersal capacity of the wildcat, its generalist 

behavior, and relatively high habitat availability. Furthermore, the study area is one 

of the less fragmented regions of Belgium (Quadu et al., 2014). The use of 

𝑑𝑃𝐶𝑘𝑐𝑜𝑛𝑛𝑒𝑐𝑡𝑜𝑟 values is therefore best suited for relative comparisons between 

elements of the network.  

The differences in the 𝑑𝑃𝐶𝑘𝑐𝑜𝑛𝑛𝑒𝑐𝑡𝑜𝑟 range of values across approaches resulted 

from the use of different habitat and resistance maps. 𝑑𝑃𝐶𝑘𝑐𝑜𝑛𝑛𝑒𝑐𝑡𝑜𝑟 calculations 

were also based on the dispersion distance derived from the dispersal capacity of the 

wildcat adjusted by the median cost value of resistance maps. These median cost 

values were different across the three approaches. The lowest median travel cost 

value was in the mixed approach (2/meter), indicating a more permeable matrix. 

This was probably due to suboptimal habitats, which were excluded from favorable 

habitat patches in the data-driven habitat map, but considered permeable (low costs) 

in the knowledge-driven resistance map. In addition, habitat patches from the data-

driven approach overlap areas considered as less favorable in the knowledge-driven 

one (reducing areas with higher costs in the mixed approach).  

Calculating the weighted dispersal distance using the median cost value allows 

comparisons to be made between the cumulated cost of LCP and the dispersal 

distance of the focal species, independently from the scale of cost allocated to the 

landscape (Avon and Bergès, 2016; Duflot et al., 2018a; Gil-Tena et al., 2014; 

Gurrutxaga et al., 2015). However, comparing different approaches highlights, 

again, the fact that weighted dispersal distances and related 𝑑𝑃𝐶𝑘𝑐𝑜𝑛𝑛𝑒𝑐𝑡𝑜𝑟 values 

are useful for relative comparisons (e.g. ranking/prioritization) within one particular 

map/approach, but may have limited relevance out of their context. Therefore, we 

advise to limit the use of 𝑑𝑃𝐶𝑘𝑐𝑜𝑛𝑛𝑒𝑐𝑡𝑜𝑟 values to the comparison of element 

importance within the same approach and not between different methods. Instead, 

priority ranks should be used for comparison. 

3.4.3. From Connectivity Analysis to Conservation Actions 

Despite large differences, the most important conflict points between high priority 

corridors and roads were similarly identified across the different approaches (Figure 
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4.7). These high priority conflicts can be considered with certainty as priority areas 

for conservation and used to guide nature conservation practitioners in their efforts 

to restore landscape connectivity. Therefore, the knowledge-driven approach still 

identified similar high priority conflicts and this approach should not be totally 

excluded when qualitative datasets are missing. However, many important corridors 

that must be preserved differ significantly between approaches. The data-driven and 

mixed approach share the most similarities with regard to the locations of the 

conflict points compared with knowledge-driven one. This is probably because data-

driven and mixed approaches share the same habitat patches while knowledge-

driven identified habitat patches in other areas. Corridors have therefore more 

chance to be in similar places. But difference still exists between data-driven and 

mixed approach due to the use of different resistance map.  Differences in location 

of priority action between approaches can be, at least in part, explained by the 

dispersal distance weighted by the median cost value of the resistance map. Those 

weighted dispersal distances influenced the categorization of corridors as 

“conservation” or “restoration” sites and the way obstacles were identified as 

blocking elements or not. Therefore, those categories may be seen as indications for 

practitioners, but do not directly infer the probability of movement through them.  

Figure 4.7:  Zoom on similar conflicts with roads identified on the different action maps. 
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Nature conservation practitioners should bear in mind that quantitative comparison 

of priority action maps remains difficult because of the spatial aspect. We propose in 

this study the use of a Jaccard similarity index. Although the method has its own 

limitations due to arbitrary choices made, the results were useful and relevant. We 

therefore advise the use of such a quantitative comparison method. Also, some 

arbitrary choices have been made following the up to date knowledge (e.g. dispersal 

distance, resistance scales, connectivity metrics), with potential consequences on the 

results.  

3.5. Conclusion 

Our study tested different approaches to habitat network modeling from habitat 

and resistance maps to the creation of priority action maps. It comes out that core 

habitats and corridors are confirmed, but that only the data-driven method could take 

advantage of the multiple impacts of contextual information on the final results. 

Although we do not have access to the true use of space by the wildcat, the 

comparison of the results therefore seems to indicate the data-driven approach 

correspond best to the known ecology of the species. Moreover this approach can be 

improved by systematically identifying obstacles based on expert opinion. The 

knowledge-based method could be more competitive with additionnal parameters in 

case of absence of observation, but a robust and systematic method to gather expert 

opinion is needed as well as in-depth sensitivity analysis. In the end, the data-driven 

approach with presence-only data was more efficient in this study. However, all 

approaches identified the same important corridors, showing the importance of 

maintaining the continuity of the Ardennes plateau. The graph analysis of the mixed 

approach did not highlight central patches important for landscape connectivity. 

Also, this method requires more inputs (gathering expert opinion and performing 

habitat suitability models) for less accurate results. The study shows some 

limitations as arbitrary choices were made throughout, but precautions were taken 

and discussed. We highlight that one important parameter is the weighted dispersal 

distance. We suggest therefore that the graph-based metrics should be used for 

prioritizing connectivity of landscape elements, rather than the direct use of LCP 

values. We also encourage using sensitivity analysis of dispersal distance to detect 

uncertainty associated with this parameter. In the end, the different priority action 

maps, albeit different, identified similar conflict points between important corridors 

and roads. Those conflict points could guide nature conservation practitioners in 

their efforts to improve landscape connectivity. 
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1. Preamble 

In this chapter, we present an innovative approach that utilizes the concept of 

fragmentation-sensitive focal species to conduct habitat network modeling, which 

takes into account the connectivity needs of multiple species. Our primary aim was 

to model habitat networks that support the movements of a diverse array of species 

with varying connectivity requirements. To achieve this, we identified multiple focal 

species that represent different connectivity needs, all dependent on the same type of 

ecosystem. 

We applied this approach to two types of ecosystems: deciduous forests and dry 

grasslands. By doing so, we compared the resulting network structures to evaluate 

various aspects of this approach. These included assessing how well the focal 

species represented the broader array of species, exploring the benefits of using 

multiple focal species to map habitat networks within an ecosystem, and examining 

the contrasting results obtained when mapping networks for different ecosystems 

with divergent conservation objectives (e.g., forest versus open ecosystems). 

Throughout this chapter, we utilized hexagonal grids to conduct and illustrate the 

outcomes of our knowledge-driven habitat network modeling approach. 

2. Introduction 

In landscapes where human activities have altered the matrix to include developed 

and degraded land, the movement of animals across these mixed-use areas can be 

disrupted, limited, or completely impeded (Harris et al., 2009). Consequently, 

conservation strategies implemented in such landscapes must prioritize connectivity 

to facilitate animal movement and safeguard biodiversity (Baldwin et al., 2018; 

Dinerstein et al., 2019; Heller and Zavaleta, 2009). These strategies aim to protect 

biodiversity by preserving essential ecological patterns and processes that sustain 

ecosystem functioning and enhance climate resilience, including habitat and species 

distributions, migration patterns, and gene flow (Baldwin et al., 2018). As 

landscapes become fragmented, conservationists aim to maintain or create linkages 

between habitat patches through corridors. Habitat corridors can also help species 

track their fundamental ecological envelope in response to climate change (Heller 

and Zavaleta, 2009).  

Traditionally, corridor planning initiatives have predominantly focused on a single 

species (Brennan et al., 2020), overlooking the connectivity needs of other species 

due to disparities in resource requirements, movement strategies, and susceptibility 

to human influences (Brodie et al., 2015; Epps et al., 2011; Taylor et al., 1993). 

Large-bodied, wide-ranging mammals have often been selected as the primary 

research focal point for connectivity studies due to their conservation status, 

ecological significance, and sensitivity to human disturbance (Beier et al., 2008; 

Epps et al., 2011). Moreover, these species possess charismatic qualities and can 

potentially function as umbrella species, offering connectivity corridors that benefit 
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other species (Beier et al., 2008; Epps et al., 2011). However, the efficacy of using 

umbrella species for connectivity purposes can vary depending on the species 

involved, their body size, and life-history traits (Beier et al., 2008; Breckheimer et 

al., 2014; Brodie et al., 2015; Wang et al., 2018). For instance, the promotion of 

connectivity among wide-ranging species may not extend beyond those belonging to 

the same trophic guild (Brodie et al., 2015; Epps et al., 2011). Additionally, habitat 

generalists may not serve as effective umbrella species for habitat specialists, and 

larger-bodied animals may not always be the optimal candidates for promoting 

connectivity (Beier et al., 2008; Cushman and Landguth, 2012).  

To address these discrepancies and assess connectivity across multiple species, 

researchers have proposed separate modeling of connectivity for individual species, 

followed by integration of the results to identify areas where movement pathways 

coincide (Brodie et al., 2015; Epps et al., 2011; Wang et al., 2018). However, 

multispecies connectivity models should not solely rely on species with the same 

life-history traits or vulnerability to landscape fragmentation (Brennan et al., 2020; 

Pliscoff et al., 2020). 

In parallel, Amici and Battisti (2009) developed an approach for selecting 

fragmentation-sensitive focal species based on their sensitivity to land use change 

processes and human-induced habitat fragmentation. This method enhances the 

coherence of the focal species approach and holds potential for selecting species 

with varying degrees of sensitivity to fragmentation. Consequently, it enables the 

modeling of connectivity for multiple species with distinct and unique requirements 

in fragmented landscapes, as currently emphasized in the research field (Brennan et 

al., 2020; Pliscoff et al., 2020). Despite this potential, the construction of habitat 

networks based on such focal species and their quantitative evaluation has not yet 

been undertaken. 

In this study, we propose a methodological approach to model a habitat network 

that aims to preserve connectivity for multiple species dependent on the same 

ecosystem, utilizing the concept of fragmentation-sensitive focal species. Our 

methodology involves the identification of multiple focal species, representing 

groups of species with similar life-history traits, through the application of 

multivariate analysis. Subsequently, the habitat network for each focal species is 

modeled, and these networks are then overlaid to map the ecosystem network.  

To evaluate our approach, we compare the resulting least cost paths (LCP) to 

answer the following questions:  

• Do fragmentations-sensitive focal species networks encompass the 

connectivity needs of species with similar life-history traits? 

• Does modeling multiple focal species with different life-history traits help 

identify new and unique connectivity priorities? 

• How can we account for different connectivity needs that compete for the 

same areas when considering different ecosystem networks? 
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3. Method 

3.1. Study area 

To evaluate the effectiveness of our ecological network mapping approach, we 

selected the Fagne-Famenne-Calestienne bioregion in southern Belgium as our study 

area (Figure 5.1). This bioregion is characterized by a diverse landscape, consisting 

of a depression with fluctuating water tables and waterlogged soils in winter, 

surrounded by hilly terrain with calcareous formations and resurgences. The hills are 

covered by extensive forests and pastures, while the valleys have thicker silt deposits 

suitable for intensive agriculture. The region supports a variety of conservation 

targets, including European priority habitats such as calcareous grasslands and slope 

and ravine forests. The landscape structure reflects the typical rural Western 

European pattern, with (semi-)natural habitats occupying marginal areas such as 

hills or wetlands, while intensive agriculture or forestry dominates the more 

mesophilic conditions. The competition for limited marginal areas results in a 

diversity of habitat conservation priorities. 

 

Figure 5.1: Location of the study area in southern Belgium. Calestienne bioregion in red 

and Fagne-Famenne in blue. 
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We focused on two ecosystems, dry grasslands, and deciduous forests, which 

compete for the same areas. Our goal was to assess potential overlapping 

connectivity priorities that may arise when applying our approach at such spatial 

scale. 

3.2. Methodological framework 

To map the thematic networks using the fragmentation-sensitive focal species 

concept, we followed a four-step process: 

1. We compiled a database of species traits related to fragmentation 

sensitivity, using occurrence data and scientific literature. 

2. These traits were then used in a multivariate analysis for each ecosystem 

type to group species with similar connectivity needs. This analysis helped 

us select three focal species representing each group. 

3. Connectivity analyses were performed for each focal species to model the 

least-cost path (LCP) and evaluate the importance of patches and LCPs in 

maintaining ecosystem connectivity. 

4. Thematic networks were constructed by adding the focal species networks 

together. We compared these networks by analyzing the overlap between 

the most important LCPs. 

Additionally, we chose two other species belonging to the same groups as the 

previously selected focal species and mapped their habitat networks. We then 

compared their habitat networks with the related focal species networks to evaluate 

the application of this concept. We also compared their common network with the 

corresponding thematic network to determine if non-focal species' connectivity 

priorities are also considered in the thematic network. 

Finally, we analyzed the overlap of the most important connectivity priorities 

between the dry grassland and deciduous forest networks. This analysis aimed to 

answer whether generalized approaches to habitat networks create highly 

competitive areas for connectivity priorities. 

The overall methodological framework is presented in Figure 5.2.  
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Figure 5.2: Global methodological framework used for the study. 1. Overlap comparison 

between networks of two non-focal species and the focal species network representing them. 

2. Overlap comparison between the merged network of two non-focal species and their 

thematic network. 3. Connectivity stakes overlap between the two studied thematic networks. 

3.3. Datasets 

3.3.1. Species occurrences 

We extracted species occurrence data from online platforms for opportunistic 

observations (source: Observations.be, Natagora, Natuurpunt, "Observation 

International” Fundation and SPW/DGARNE/DEMNA). To ensure up-to-date and 

qualitative data, we filtered the dataset by keeping only validated data and recent 

observations (after December 31, 1999) with a location precision finer than 100 

meters.  

3.3.2. Habitat mapping 

Our method aims to map the ecological network of ecosystems based on different 

focal species to account for multiple connectivity needs. For this purpose, we 

identified habitats to connect the different biotopes within each studied ecosystem. 

We used biotope field inventories conducted in the Walloon region between 2005 

and 2020 as part of the implementation of the European Union Council Directive 
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92/43/EEC on the conservation of natural habitats and wild fauna and flora (Loidi, 

1999).  These inventories resulted in a biotope map composed of polygons at a 

1:10,000 scale. The precise biotope mapping, not yet published, was provided 

directly by the public service responsible (SPW/DGARNE/DEMNA). 

Each polygon in the biotope map is characterized by an EUNIS code (European 

Nature Information System) used for classifying biotope types. (Davies et al., 2004). 

The EUNIS classification describes biotopes and habitats present in Europe, 

including terrestrial, freshwater, and marine ecosystems. The EUNIS classification 

was adapted to Wallonia by the public research agency to match regional variations 

(Dufrêne and Delescaille, 2005). Each biotope is characterized by a unique code. 

However, in the field, complexes of multiple biotopes may exist as natural 

ecosystems do not follow tangible limits. Therefore, numerous polygons are 

described by a complex of multiple EUNIS codes. To avoid omitting this significant 

part of the dataset, biotope complexes were kept if one biotope code belonging to a 

studied ecosystem is present. 

However, such biotope map is not exempt of sampling biases as the whole region 

is not yet covered by field inventories. To complete this dataset, we used recently 

developed potential natural vegetation (PNV) predictions that correspond to 

ecological context that favor the development of specific vegetation successions 

(Bourdouxhe et al., 2023). We combined calcareous Fagus and Quercus forests 

PNV with grasslands with extensive practices land-cover to identify calcareous 

grasslands outside existing biotope maps. 

3.3.3. Land-cover information 

The first data source is the ecotope land-cover map (Radoux et al., 2019). This 

vector map delimits the landscape into ecotopes, considered as the smallest 

homogeneous landscape units. Each ecotope polygon has an attributed majority 

land-cover type based on a 2m resolution land-cover raster  (Radoux et al., 2023). 

The advantage of the ecotope database compared to other land-cover datasets such 

as Corine is the use of small polygons (average size of 1.4 ha), which ensures the 

integrity of landscape elements, important for connectivity analysis and particularly 

for identifying obstacles. However, the ecotope land-cover classification does not 

distinguish dry, mesophilic, and wet ecological contexts for forests and open natural 

areas, which may be useful for our analysis. 

To address this, we used a PNV to distinct various ecological contexts from wet to 

xeric, with further distinction between oligotrophic and eutrophic contexts. PNVs 

were used to improve the ecotope land-cover map by adding a distinction between 

dry, mesophilic, and wet natural habitats. 

We also enhanced the ecotope land-cover classification by overlaying the linear 

road network using Open Street Map data, distinguishing highways, primary, and 

secondary road networks. Additionally, we created a map identifying high densities 

of forest edges, tree lines, and orchards to further refine the land-cover map for 

connectivity analysis. This land-cover information may help identify landscape 
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connectivity paths for species that disperse better or find sub-optimal habitat in open 

areas with such structures than in other open areas (Duflot et al., 2018b; Fischer et 

al., 2013; Schlinkert et al., 2016). 

Finally, we utilized a European-scale land-cover dataset to integrate our study area 

into the neighboring landscape, improving the coherence of connectivity analysis  

(Bourdouxhe et al., 2020). The ecopatches dataset is an implementation of the 

ecotope database method at a lower resolution on a European scale, within the 

framework of the LifeWatch project (“Lifewatch-FWB : UCL - Geomatics,” 2022). 

Ecopatches are polygons with a majority land-cover class and an average size of 10 

ha. The use of this dataset helped complete the land-cover map in a 20 km buffer 

outside the Walloon region, where ecotope database and PNV models are not 

available. The precision level of land-cover is therefore different outside the 

Walloon region limits. 

Utilizing land-cover information from outside the study region enables us to 

consider neighboring habitat patches and accurately calculate the importance of 

patches and landscape connectivity within the study area. By neglecting this 

approach, network elements at the borders would be limited to the external 

boundaries of the network, resulting in a lower importance for landscape 

connectivity due to underestimated species potential fluxes compared to the actual 

scenario (Bourdouxhe et al., 2020).  

3.4. Building species traits database 

We constructed a comprehensive database to compile all the necessary 

information for identifying species sensitive to habitat fragmentation, following the 

approach of Amici and Battisti (2009). We focused on species listed in the regional 

red list belonging to two taxonomic groups: mammals and lepidoptera. These groups 

provided the most complete and readily available information on dispersal ability. 

The database consists of the following descriptors: species name, relevant thematic 

networks, trophic level, dispersal ability, body size, niche breadth, and rarity. All 

traits were populated by combining expert opinions and information from the 

literature, except for rarity. 

Rarity was determined by using validated species occurrences from the regional 

naturalist encoding platform. We calculated the proportion of 1-km squares where a 

species was observed, relative to the total number of 1-km squares where species 

from the same taxonomic group were observed in the study area. This approach 

helped account for variations in sampling effort across taxonomic groups. The 

proportion values were then grouped into three classes (R = rare, QR = quite rare, C 

= common) using a PAM (partitioning around medoids) clustering. This analysis 

was performed independently for each species group. 

The remaining traits were assigned three different ordinal qualitative values 

representing low, intermediate, or high levels for each trait. For example, species 

niche breadth was characterized as "specialist," "intermediate," or "generalist." 
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These values were determined based on the range observed within the respective 

group. For instance, a large butterfly would have a high value for body size. 

The list of species and their corresponding traits is provided in Appendix 10. 

3.5. Identifying focal species 

The identification of focal species was carried out in two steps. 

First, we applied the method proposed by Amici and Battisti (2009) to identify 

human-induced habitat fragmentation-sensitive (HIHFS) species. This method is 

based on a meta-analysis by Ewers & Didham (2006), which examines species 

responses to fragmentation based on their traits. We considered three components of 

human-induced habitat fragmentation (HIHF): habitat patch area, isolation, and edge 

effect. Species populations respond differently to these components based on their 

traits. A score ranging from 1 to 3 was assigned to each species trait value, with 

higher scores indicating higher sensitivity to fragmentation. These scores were then 

summed to obtain a global fragmentation sensitivity score. Instead of using a 

subjective threshold to identify HIHFS species, we applied a PAM clustering based 

on the global score, resulting in the creation of two groups: sensitive and non-

sensitive species. 

Secondly, we performed a multivariate analysis (PCA) on the HIHFS species 

related to each thematic network. This analysis utilized the trait scores related to 

fragmentation sensitivity calculated earlier. Subsequently, a PAM clustering was 

applied to identify three groups of species based on their trait characteristics. We 

chose three groups as a reasonable compromise to capture different connectivity 

requirements without excessively increasing the number of analyses. This 

multivariate analysis served as a tool to assist in selecting focal species that were 

closest to the center of each group. 

Finally, information regarding dispersal distance and minimum patch area 

necessary for modeling the habitat network was gathered for each focal species. This 

information was obtained from studies that provided precise results on species 

dispersal, and approximations based on scientific literature were used for species 

lacking accurate evaluations of dispersal distance. 

3.6. Habitat networks analysis 

3.6.1. Habitat patches 

The native ecotope land-cover classification already differentiates deciduous 

broadleaved forests and needle-leaved forests effectively. Therefore, we selected 

deciduous broadleaved forests and applied a negative 50m buffer to exclude forest 

edges, focusing only on distinct forest patches connected by tree rows to account for 

edge effects. To identify dry grassland areas, we initially used current biotope 

mapping, using EUNIS codes corresponding to dry grasslands. To supplement this 
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dataset and address biases resulting from heterogeneous sampling efforts in biotope 

mapping surveys, we incorporated the ecotope database augmented with PNV 

information, as it does not provide this distinction for open natural areas. To align 

with the existing distribution of biotopes, we combined PNV distributions of dry 

biotopes such as Calcareous Fagus and Quercus forests, Thermophile acidophilous 

Quercus forests, and Xerophile Fammenian Quercus and Carpinus forests, 

intersecting them with the current land-cover of natural open areas to identify 

potential dry grasslands. 

To enhance reliability, we utilized validated botanic and faunistic occurrence 

datasets to identify verified biotopes where indicative species (highly specialized 

species) are observed in potential dry grasslands. We also expanded the selection of 

habitats to be connected by incorporating potential distribution models of 

specialized butterflies in dry grasslands. Potential dry grassland areas not covered by 

indicative species occurrences or potential distribution models of specialized 

butterflies were excluded from the habitat patches. 

3.6.2. Cost Matrix 

The landscape map used in the analysis is a land-cover map that assigns travel 

costs to each land-cover type based on species capacity. To create a detailed land-

cover map suitable for connectivity analysis, we refined the ecotope database with 

PNV models, road networks, and interface environments (bocage and forest edges). 

For each thematic network, a landscape map was generated by integrating the 

identification of habitat patches. 

For each species, travel costs were assigned to each land-cover type in the 

landscape map based on expert opinions and literature. Four different travel cost 

values were used: [1, 10, 100, 1000]. This exponential scale was recommended by 

Savary et al. (2021) to maximize landscape heterogeneity during sensitivity analysis. 

The landscape map was then transformed into a resistance map, expressing the 

assigned cost values. 

3.6.3. Hexagonal representation 

Land-cover maps, PNV models, and current biotope mapping have inherent 

limitations in precision due to biases associated with their nature (e.g., operator 

effects, calibration data accuracy, environmental predictors). The cumulative effect 

of these biases, coupled with the high resolution of analysis (10m), may result in 

erroneous LCP modeling, creating links that may not be feasible. Furthermore, 

species affinity with the environment is also influenced by local land-cover context 

(Klar et al., 2008), which cannot be adequately captured using 10m resolution data. 

To overcome these limitations, we decided to aggregate the land-cover and habitat 

patch information into 1 ha hexagons. The information regarding land-cover or 

biotopes was integrated into the hexagons by calculating the intersection proportion 

between different sources of information. Different rules were applied depending on 

the information to be summarized. For summarizing land-cover information, we 
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rasterized the aforementioned land-cover data at a 10m resolution. The majority 

land-cover type within each hexagon was assigned. For habitat patches, the 

proportion of habitat coverage within each hexagon was calculated. A 50% 

threshold was applied to consider a hexagon as a deciduous forest habitat, while a 

lower threshold of 30% was used for dry grasslands due to their scarcity and 

typically smaller patch sizes. 

3.6.4. Corridor modeling and connectivity metrics 

The habitat network modeling for each focal species followed the same approach 

in Graphab© software. The software utilizes raster data to perform connectivity 

analysis. The different landscape maps represented as hexagons were rasterized at a 

10m resolution. In this example, we considered the road network as a significant 

obstacle to species dispersal. Hence, we overlaid the road network rasterized at a 

10m resolution. To preserve the integrity of the road network during rasterization, a 

10m buffer was applied. 

The first step involved translating the dispersal distance into a cost relative to the 

landscape typically traversed by the species. To accomplish this, an initial least-cost 

path (LCP) was modeled using a cost of 1,000,000 to connect all patches within the 

study region. Then, we utilized a built-in option in Graphab that performs a 

regression with cost values and metric distances of the previously modeled LCPs. 

This allowed us to establish a linear relationship between metric distance and cost, 

enabling the translation of dispersal distance into a maximum cost. The software 

also provides options to perform the regression on a subset of LCPs that do not cross 

land-cover types with high resistance to movement. This ensures that only LCPs that 

species would plausibly follow are considered, providing a better estimate of 

species' dispersion capacity in the studied landscape. The calculated cost values 

were then used to model the final LCP network. 

Finally, a graph analysis was conducted to assess landscape connectivity by 

calculating the Betweenness Centrality (BC) index. BC evaluates the importance of 

each habitat patch and link in the network by measuring the extent to which a patch 

or least-cost path (LCP) holds a central position. It is computed as the sum of the 

shortest paths passing through a focal patch or LCP, with each path weighted by the 

product of the connected patches' capacities and their interaction probability (Saura 

and Pascual-Hortal, 2007): 

Equation 1. 

𝐵𝐶𝑖 = ∑ 𝑎𝑗
𝛽

𝑎𝑘
𝛽

𝑗

𝑒−𝛼𝑑𝑗𝑘 

𝑗, 𝑘 ∈ {1. . 𝑛}, 𝑘 < 𝑗, 𝑖 ∈ 𝑃𝑗𝑘 

where n is the number of habitat patches, 𝑎𝑗  is the attribute characterizing patch j 

(here patch size), 𝑎𝑘  is the attribute of patch k, 𝑃𝑗𝑘represents all the patches crossed 
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by the shortest path between the patches j and k and 𝑒−𝛼𝑑𝑗𝑘  is the probability of 

movement between the patches j and k (Saura and Pascual-Hortal, 2007). 

The BC calculation can be configured with two parameters: α and β. α correspond 

to 
−log (𝑝)

𝑑
  ,where p is the probability of movement and d the distance. This can help 

to modulate dispersal movement found in the literature if this movement is a 

maximum observed (p=0.05), a mean (p=0.5) or a minimum (p=0.95). β is used to 

weight more or less capacity of patches. The default value of 1 was used in this 

study.  

The BC metric was selected for its ease of interpretation, its ability to evaluate the 

importance of network elements for connectivity, and its applicability to both 

patches and links. 

3.7. Comparing networks 

Networks were compared by processing the modeled LCPs and analyzing their 

overlapping stakes. Different buffers were applied based on species' dispersal 

distances. A 250m buffer was used for dispersal distances exceeding 5000m, a 100m 

buffer for distances between 1000m and 5000m, and a 50m buffer for distances 

below 1000m. The processed LCPs were then reintegrated into the hexagon 

representation, considering a 33% overlap proportion. 

Regarding connectivity metrics, BC values of patches and LCPs were categorized 

into four priority classes using the Jenks Natural Break method, which minimizes 

variance within groups. This classification was performed for each species to enable 

standardized comparison of patches and corridors.  

The first comparison involved evaluating whether the focal species networks 

correctly encompassed important connectivity areas for similar species (Species_3_1 

and Species_3_2). The proportion of LCP areas overlapped by Species_3 LCPs was 

calculated, considering different priority class combinations (third, second, and first 

classes; first and second classes only; and first-class only). 

Next, the focal species networks of the same thematic networks were merged 

using GIS software. Patches and LCPs were merged, and the highest priority for 

connectivity was assigned to each merged element. This merging process was also 

applied to the two other species (Species_3_1 and Species_3_2) belonging to the 

same group as the evaluated focal species (Species_3). 

The second comparison aimed to assess if the deciduous forest networks identified 

important connectivity areas for similar species not used in building the network 

(Species_3_1 and Species_3_2). The proportion of LCP areas of Species_3_1 

merged with Species_3_2 overlapped by the deciduous forest networks' LCPs was 

calculated. 

The third comparison analyzed the added value of multiple focal species with 

different dispersal distances. Overlaps of different LCP categories between focal 
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species within the deciduous forest network were compared. The focus was 

primarily on LCPs of species with lower dispersal distances compared to LCPs of 

species with the highest dispersal distance, as the latter covers a wider surface area. 

The plus-value represented the surface area of priority class LCPs not covered by 

LCPs of the same or higher priority class of the compared species. 

The final comparison involved the dry grassland and deciduous forest networks to 

identify potential connectivity overlaps between the two networks with different 

habitat structures. The same method was applied, calculating proportions of LCP 

overlaps between dry grasslands and deciduous forests based on the total area of 

LCPs for each habitat type. 

3.8. Quality assessment of thematic network mapping 

To validate the LCP mapping, occurrence data of dry grassland focal species were 

used to assess their spatial distribution within the study area. Frequencies inside and 

outside the modeled LCPs were compared. This analysis was specifically performed 

for the dry grassland network due to its specificity and limited coverage, while the 

larger coverage of deciduous forest LCPs could include species observations that 

might affect the analysis's relevance. To exclude the fact that most species are 

observed in specific LCP priority category because this category is more prevalent 

in the landscape, we calculated the difference of frequency between observations 

and LCP surface areas in each priority category. 
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4. Results 

4.1. Identifying focal species 

Species were grouped in 3 cluster following a PAM algorithm for each ecosystem 

type. Species of dry grasslands are well differentiated with 3 groups. One group 

concerns rare species with larger ecological envelope with Spialia sertorius chosen 

as focal species. The second group is made of high disperser with larger ecological 

envelope. The chosen focal species is Melitea cinxia due to its higher dispersal 

distance than any other species that must be considered for connectivity analysis. 

Finally, the third group is composed of rare species with specific ecological 

envelope. The focal species of this group is Erebia aethiops. 

Concerning deciduous forests species, two groups are overlapping. Species with 

low dispersal distance are hardly separated by rarity and body size while species 

with high dispersal distance are not separated by those two criterions (Figure 5.3). 

Species inside groups are more fragmented for deciduous forests. We therefore 

chose species at the center of group as focal species of deciduous forests: Myotis 

nattereri for species with high dispersal ability, Limenitis Camilla for common 

species with low dispersal ability and Neozephyrus quercus for rare species with low 

dispersal ability. To test our hypothesis of using multivariate analysis on traits linked 

to sensitivity to fragmentation to select focal species, we selected two species 

belonging to Limenitis camilla group : Lucanus cervus which is also overlapped by 

the third group ellipse ( Neozephyrus quercus) and Meles meles located at the 

extremity of its group. 
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Figure 5.3. Results of PCA analysis and PAM clustering on species related to deciduous 

forests. Species distributed depending on the first two principal component axis and their 

cluster (top) and variable contribution projected on the first two principal component axis 

(below). 
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4.2. Modeling thematic networks 

A review of the literature has been made for the selected focal species to gather 

information on measured dispersal distance and size of habitat patches to perform 

connectivity analysis. 

In total, 21 land-cover categories were compiled. Costs of dispersion were 

assigned to each land-cover for each species based on literature and expertise. The 

different cost of dispersion for each species are available in Appendix 11. All 

resulting categories of land-cover with an example of cost for Limenitis camilla are 

presented in Table 5.1. 

 

Table 5.1: Cost attribution to land-cover for Limenitis Camilla. 

Code Land-cover Costs 

10 Water 100 

21 Open natural wetlands 10 

22 Dry natural open areas 100 

23 Mesophilic natural open areas 10 

31 Crops 1000 

32 Permanent intensive pasture 1000 

33 Other agricultural areas 1000 

40 Forest edge and orchads 1 

51 Alluvial or wet deciduous forests 1 

52 Mesophilic deciduous forests 1 

53 Dry deciduous forests 1 

61 Needleleaved sempervirens forest 1000 

62 Young forests and Christmas trees 100 

71 Artificialized areas 1000 

72 Other artificialized areas 1000 

73 Urban forests 100 

74 Urban grasslands 100 

80 Bare soils 1000 

91 Highways 1000 

92 Primary road network 100 

93 Secondary road network 10 
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Habitat network of each focal species have been modeled such as habitat network 

of Lucanus cervus and Meles meles who belong to the focal species Limenitis 

camilla group. Habitat network of each focal species were merged to create thematic 

networks of deciduous forests and dry grasslands. A graph analysis was performed 

for each network to evaluate importance for connectivity of each patches and LCP 

using BC metric. The Figure 5.4 shows an example of visualization of patches ad 

LCP importance for network connectivity. 

 

Figure 5.4: Result of network modeling for deciduous forests species. Here, a 

visualization of importance for connectivity of each element of the network using BC metrics 

reclassified into four categories ( 1 = highest importance, 4= lowest importance). 

4.3. Comparing networks 

To evaluate the use of focal species to ensure needs for connectivity of multiple 

species, we quantified overlaps between the focal species Limenitis camilla LCP and 

LCP of Meles meles and Lucanus cervus (Table 5.2). As Meles meles has a dispersal 

distance of 8300m which imply a larger buffer around LCP, the same buffer as 

Lucanus cervus and Limenitis camilla is performed (100m) before the transposition 

to hexagonal representation for this comparison. 



 

 
 

Table 5.2: Proportion of surface area of Lucanus cervus and Meles meles LCP included by Limenitis camilla LCP for each category of 

importance for connectivity based on BC metric.  

 

 Limenitis camilla 

Priority 

1 2 3 4 Outside 

Lucanus 

cervus 

Meles 

meles 

Lucanus 

cervus 

Meles 

meles 

Lucanus 

cervus 

Meles 

meles 

Lucanus 

cervus 

Meles 

meles 

Lucanus 

cervus 

Meles 

meles 

1 0.76 0.11 0.01 0.12 0.01 0.06 0.00 0.02 0.22 0.70 

2 0.85 0.04 0.04 0.09 0.02 0.09 0.00 0.06 0.08 0.71 

3 0.09 0.02 0.65 0.08 0.03 0.10 0.01 0.05 0.21 0.76 

4 0.02 0.00 0.38 0.07 0.34 0.09 0.06 0.01 0.21 0.82 

Outside 0.05 0.10 0.22 0.22 0.39 0.32 0.34 0.35                                            
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We can see that Lucanus cervus LCP are better included by Limenitis Camilla 

LCP with only 22% of most important LCP for connectivity surface areas outside 

Limenitis camilla LCP. At the opposite, only 30% of Meles meles LCP surface areas 

are comprised. 

Then Lucanus cervus and Meles meles LCP were merged to be compared with 

deciduous forests LCP (Table 5.3). 

Table 5.3: Proportion of surface area of merged Lucanus cervus and Meles meles LCP 

included by deciduous forests species LCP for each category of importance for connectivity 

based on BC metric. 

 

Here, most important LCP in the first BC class are better comprised with only 

11% of surface areas outside deciduous forest LCP. For other BC class, at least 78% 

of surface areas a comprised in the thematic network. 

To evaluate the plus-value of modeling networks of species with low and medium 

dispersal distance in addition to high dispersal species, the different priority LCP 

surface areas of Limenitis camilla and Neozephyrus quercus were compared to 

Myotis nattereri LCP (Table 5.4).  

Table 5.4:  Surface area of Limenitis Camilla and Neozephyrus quercus LCP not 

overlapped by Myotis nattereri LCP. Sufaces area are also compared to total surface areas of 

concerned species LCP. 

 
Limenitis camilla Neozephyrus 

quercus 

Priority  Ha Prop Ha Prop 

1 304 0.13 100 0.17 

1-2 1289 0.19 575 0.28 

1-3 2758 0.23 1130 0.32 

1-4 4349 0.27 1327 0.32 

 

 
 Deciduous forests LCP 

Lucanus 
cervus 
 and 

 Meles meles 

LCP 

Priority 1 2 3 4 Outside 

1 0.43 0.28 0.13 0.05 0.11 

2 0.25 0.25 0.27 0.07 0.15 

3 0.19 0.28 0.29 0.09 0.15 

4 0.13 0.24 0.28 0.13 0.22 

Outside 0.19 0.27 0.37 0.16               
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We can see that, for both species, 27 to 32% of LCP are not comprised in Myotis 

nattereri network. However, for first-priority LCP, the proportion of surface area not 

intersected by Myotis nattereri network decrease to 13 and 17%.  

Finally, dry grasslands and deciduous forest LCP were overlapped to evaluate how 

much open and forest ecosystems connectivity stakes may compete for the same 

areas (Table 5.5). 

Table 5.5: Proportion of surface area of deciduous forest species LCP intersected by dry 

grassland species LCP for each category of importance for connectivity based on BC metric. 

 
 Deciduous forests LCP 

Dry 
grasslands 

LCP 

Priority 1 2 3 4 Outside 

1 0.08 0.19 0.24 0.07 0.43 

2 0.10 0.19 0.25 0.04 0.42 

3 0.06 0.14 0.19 0.06 0.55 

4 0.16 0.16 0.08 0.02 0.59 

Outside 0.25 0.29 0.33 0.13                     

 

We can see that an overlap exists, but it concerns less important LCP based on BC 

metric. High priority LCP do not concern same areas except for 8% of them.  

3.3.4. Quality assessment 

We analyzed dry grassland focal species distribution inside study area to evaluate 

the quality of LCP modelling. 84% of species observations are located inside the 

network and in a 100m buffer (corresponding to data precision). The distribution of 

species occurrence inside LCP along the different priority categories is available in 

Table 5.6. We also compared this distribution to the distribution of LCP surface 

areas between priority categories to evaluate if species are more often observed 

inside most important LCP for connectivity. This analysis identified that 83% of 

species observation inside LCP are distributed around the most important priority 

category. We also highlighted that species distribution inside LCP priority categories 

is not only due to the distribution of LCP surface areas between priority categories. 

Species are therefore comparatively more located in most important LCP for 

connectivity. 
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Table 5.6: Distribution of dry grassland focal species inside LCP priority categories. The 

frequency is compared to the distribution of LCP surface areas between priority categories. 

LCP Priority Occurrence Frequency Compared 
frequency 

1 1309 83% +50% 

2 208 13% -31% 

3 58 4% -18% 

4   0% -1% 

Total 1574   

 

5. Discussion and Conclusion 

5.1. Multivariate analysis to identify focal species 

In this study, multivariate analyses were conducted to identify focal species that 

could be used to model habitat networks. Candidate species were compared based on 

traits related to their sensitivity to HIHF. This analysis was useful for visualizing 

species characteristics and how they can be grouped. It revealed that certain species 

have extreme trait values compared to others in their group. For example, Meles 

meles is located far to the right of its group. The variable contribution projected in 

the first two dimensions of the PCA indicated that this remoteness could be 

explained by trophic level and dispersal ability. Meles meles is omnivorous and can 

disperse up to 3500 m, while Limenitis camilla (located at the center of the same 

group and selected as a focal species) has a lower trophic level and disperses up to 

1000m. This difference is reflected in the overlap analysis, which shows that 79% of 

Meles meles LCP are overlapped by its focal species LCP. On the other hand, 

Lucanus cervus is closer to Limenitis camilla with the same dispersal distance 

(1000m), and 95% of its LCP are considered in the Limenitis camilla network. 

This important difference of dispersal distance for species in the same group may 

raise questions on the automated choice of most centered species in the group as 

focal species. Indeed, PCA analysis must be considered as a tool to help choosing 

focal species. In our case, a fourth focal species as Felis sylvestris, Martes martes or 

Meles meles should have been chosen to ensure connectivity needs for more 

common species with high dispersal ability and high trophic level. But this analysis 

is easily done thank to the PCA who allows to summarize connectivity needs of 

species.  

However, species traits used in PCA are not the only factor influencing results of 

graph analysis. Dispersal distance and patch size are two important parameters used 

to model habitat network. As we have seen, Meles meles has a dispersal distance 
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higher than Limenitis Camilla but also different minimal patch size has been used 

with 1ha for Limenitis camilla and 100 ha for Meles meles. The minimal patch size 

affects the number of potential connections as a lower minimal patch size increase 

number of patches to connect. Therefore, number of LCP for each species are also 

different with 1441 LCP for Limenitis camilla and 339 LCP for Meles meles. 

Differences in dispersal distance and minimal patch size increases differences in 

networks. The choice of focal species must be done with care, also considering these 

two parameters. 

Moreover, PCA analysis is based on traits summarized by ordinal values. A slight 

change may significantly affect how species are grouped. A limited number of 

possible values may increase the effect of value change on PCA results but also 

increase stability of value attribution as difference between values are more 

important. The choice of focal species is also dependent on dispersal data and 

available literature rather than choosing only central species. This strengthens the 

use of PCA analysis as a choice guiding tool more than an automated method. 

Furthermore, some species traits were built based on occurrence data such as 

rarity. This should be made with care as species have different sampling rate 

according to the interest we have in them. For instance, game species such a Sus 

scrofa or Cervus elaphus are underestimated in opportunistic observation database. 

This has led us to consider Cervus elaphus rarer than Felis sylvestris, which is not 

the case. 

5.2. Using multiple focal species to identify different 

connectivity stakes  

Overlap analysis between focal species of deciduous forests allowed to highlight 

the plus-value of modeling multiple networks of focal species with different 

connectivity needs to identify new connectivity stakes. For both species with lower 

dispersal distance, around 30% of LCP surface area are not considered by long 

disperser species. Furthermore, around 15% of first-class priority LCP are not 

considered to such priority by the long disperser species. This emphasizes the use of 

species with lower dispersal distance even for regional scale studies. This also 

underline that dispersal distance is not the only factor influencing species habitat 

network modeling and that it cannot be used alone to select focal species. 

5.3. Overlapping of opposed objectives for landscape 

connectivity 

Results of overlap analysis between LCP of deciduous forest network and dry 

grassland network have shown small overlaps between LCP of first-class priority. 

LCP prioritization based on BC metric may be useful to guide conservation actions 

for the ecosystem for which connectivity stakes are the most important. However, 
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areas with an overlap of LCP of the same priority, even if they are rare, should 

benefit actions to improve landscape heterogeneity which favor biodiversity and 

species population maintenance (Ke et al., 2018; Malanson and Cramer, 1999). 

Moreover, it is important to consider local land-use plans or socio-economic context 

that may swing the choice to improve a particular ecosystem. 

5.4. Quality assessment 

Analysis of dry grassland focal species observations made interesting insights on 

LCP potential use. A large majority of individuals are observed in the network and 

are more often observed in first-class priority LCP. This may lead to believe that 

LCP are correctly modeled, and that priority classification made on BC metric well 

identified most important areas for species movements. However, these results 

should be confirmed by specific studies to correctly measure functional connectivity 

and the real use of LCP.  

5.5. Limitations and perspectives 

This study principally focuses on exploratory analysis made directly on resulting 

network or using already available data. This was sufficient to highlight the interest 

of using multiple fragmentation-sensitive focal species to model thematic networks. 

However, further studies could be performed to control and strengthen results made. 

Empirical evaluation on LCP use are important to validate such approach 

(Brennan et al., 2020). This could be done using tracking device (Driezen et al., 

2007) or following specific monitoring protocol (Powney et al., 2012). Using 

genetic analysis is also increasingly used to measure functional connectivity and 

give convincing results to measure realized movement leading to reproduction 

(Balkenhol et al., 2019; Dyer, 2015; Savary et al., 2021b). Such analysis could also 

be made in relation to results of graph analysis such as BC metric and the realized 

use of important LCP for species movements. Other connectivity metric could have 

been used such as dPC decomposed and sensitivity analysis could be performed on 

multiple metrics (Savary et al., 2021a). This could also be done to evaluate if 

connectivity stakes of different thematic network are really overlapping or not. 

6. Conclusion 

The method proposed in this study helped to identify focal species for modeling 

habitat networks based on multivariate analysis. The results showed that using only 

the most centered species in a group as focal species may not always ensure 

connectivity needs of all species. Additionally, dispersal distance and patch size are 

important parameters that must be considered in choosing focal species. PCA 

analysis proved to be a useful tool in summarizing connectivity needs of species, but 
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it should be used as a choice-guiding tool rather than an automated method. Multiple 

focal species modeling was found to be effective in identifying new connectivity 

stakes. The study also highlights the importance of graph analysis and the use of 

connectivity metrics to prioritize network elements and identify which connectivity 

stakes are the most important. Especially when connectivity stakes correspond to 

opposed objective. A first quality assessment using species observation datasets 

highlighted the good modelling of LCP and stressed out that species are more 

present in most important LCP. Finally, it was suggested that future studies should 

confirm the functional connectivity and the real use of LCP using tracking devices 

or genetic analysis. 
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1. Major findings 

The objective of this thesis was to examine and develop methodologies for 

identifying biodiversity conservation priorities in a fragmented landscape while 

considering meta-population dynamics. Our approaches focused on assessing 

species' habitat availability and potential, including their connectivity. 

Initially, we concentrated on the representation of landscape elements, particularly 

on the delineation process (RQ1a). Chapter 2 centered on the concept of ecotopes, 

which are considered as the smallest homogeneous units within a cartographic 

system. To capture the ecological conditions shaped by topography, we incorporated 

topographic data in the ecotope segmentation process. Topography plays a 

significant role in influencing water intake, insolation, and soil depth, which are 

important predictors of biotopes and species habitats (Pradervand et al., 2014). 

Chapter 2 demonstrated that topography also has a substantial impact on the spatial 

distribution of land-cover. Human activities tend to favor intensive agricultural and 

sylvicultural production in flat and deep soil areas, while restricting (semi-)natural 

vegetation to slopes, superficial soils, and wetlands (Hall, 1988).  

 In Chapter 3, we developed a biotope modeling framework that incorporated 

vegetation dynamics to accurately predict the presence of multiple biotopes within a 

region (RQ1b). This modeling framework was calibrated on raster environmental 

datasets. A preliminary analysis showed that employing raster data with a finer grain 

than ecotope data (10m resolution) strikes a balance between achieving a more 

precise delineation of biotope ecological envelopes and maintaining a manageable 

data size. Consequently, the use of raster data significantly enhances the accuracy of 

biotope modeling.  

The concept of potential natural vegetation (PNV) was used to assign multiple 

biotopes sharing the same ecological envelope to a PNV category. This enabled the 

creation of a robust presence/absence dataset, which was used to calibrate 

classification models. Overall, the prediction results were highly satisfactory, with 

some exceptions for the rarest PNV categories. Independent quality assessments 

using floristic observation data validated these positive outcomes. We also compared 

our approach with a conventional biotope modeling method that models biotopes 

separately. Our approach exhibited significant improvements in model sensitivity 

compared to the traditional approach. Furthermore, it underscored the significance 

of PNV modeling in fragmented and degraded landscapes to get closer to the 

historical ecological context of biotopes. Human activities have favored certain 

biotopes, especially in marginal areas, thereby constraining their ecological context. 

Having addressed biotope distribution and representation as a foundation for 

identifying species habitat patches, our research subsequently focused on connecting 

these habitat patches to facilitate meta-population dynamics. In Chapter 4, we 

explored the use of expert knowledge and modeling approaches to map species 

corridors, using the case of the wildcat (Felis sylvestris) as an example (RQ2). First 

of all, a initial assessment was conducted to evaluate the use of ecotope delineation 
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in habitat network analysis compared to another type of representation used that are 

hexagonal grids. We noticed significant disparities between using ecotope and 1ha 

hexagonal grids. The utilization of ecotope representation indicated a less 

fragmented landscape compared to the results obtained using hexagonal grids. This 

difference can be attributed to the presence of linear elements in ecotope delineation, 

which tends to facilitate patches connection and species movements, whereas 

hexagonal grids primarily reflect the local  land-cover context. However, it's 

essential to consider that ecotope delineation may introduce biases that create 

artificial linear elements lacking ecological reality. Therefore, these considerations 

must be carefully evaluated when selecting the appropriate representation type based 

on the requirements of the studied species. 

 In our study case on the wildcat, we employed LCP modeling approach in 

combination with spatial graph analysis to map species corridors and evaluate their 

significance for habitat network connectivity. We compared the use of expert 

knowledge in assessing landscape resistance to movement and identifying habitat 

patches with modeling methods based on species observations. Additionally, we 

proposed a third approach that combined data-driven identification of species 

habitats with expert knowledge-based evaluation of landscape resistance. The data-

driven approach, utilizing presence-only data, outperformed the other methods in 

terms of efficiency. However, all approaches identified the same critical corridors, 

highlighting the importance of maintaining connectivity in the Ardennes plateau. 

The graph analysis in the mixed approach revealed different central patches crucial 

for landscape connectivity compared to the other approaches. Hence, we recommend 

employing the data-driven approach when accurate and easily accessible data are 

available, while the knowledge-driven approach may be preferable when a better 

understanding of species habitat is established beforehand. 

In Chapter 5, we delved into modeling multiple species habitat networks to ensure 

landscape connectivity for a diverse array of species (RQ3). This study built upon 

the results of previous investigations. We demonstrated that it was possible to model 

multiple species habitat networks even with limited and unvalidated data, thanks to a 

robust knowledge-driven approach. Precise habitat identification was facilitated by 

the utilization of PNV, which enables a more nuanced consideration of land-cover 

types within their ecological context (e.g., wetlands or dry grasslands). We 

developed a methodology based on the concept of fragmentation-sensitive focal 

species, initially proposed by Amici and Battisti (2009). Our approach involved 

identifying species sensitive to fragmentation and subjecting them to a multivariate 

analysis using life history traits associated with their sensitivity. Subsequently, the 

species were grouped using cluster analysis. This allowed for a visual representation 

of different species types and guided the selection of focal species for graph-based 

analyses. We compared the modeled LCPs and highlighted the importance of 

incorporating species with varying dispersal distances. Furthermore, we 

demonstrated that multivariate analyses based on life history traits related to 

fragmentation sensitivity served as a reliable proxy for assessing the divergence 
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within resulting networks. Lastly, we underscored the capability of graph-based 

analyses to prioritize connectivity priorities, even in contrasting ecosystems such as 

grasslands and deciduous forests.  

2. Discussion 

2.1. Representing landscape elements and ecological data 

Throughout this thesis, various types of landscape element representations have 

been utilized.  Throughout this thesis, we extensively covered the ecotope 

delineation and its application in landscape ecology analyses. This representation 

was employed for tasks such as mapping potential biotope distributions and species 

habitat networks. Ecotopes provide a valuable approach for fine-scale landscape 

delineation and managing the complex distinction of vegetation cover and different 

land-use in complex human dominated landscapes (Ellis et al., 2006). Our research 

has demonstrated that ecotopes exhibit high purity in terms of land-cover, soil 

predictors such as drainage and depth. Ecotope grain size was fixed to 2 hectare 

considered as the smallest ecological unit of management for biodiversity 

conservation purpose (Radoux et al., 2019). For its consistent delimitation of 

ecological distinct element such as land-cover and vegetations in human dominated 

landscape, ecotope representation was used to represent land-cover for connectivity 

analysis in Chapter 4. Furthermore, as SDM approach were used in this chapter, the 

existence of previous studies highlighting SDM accuracy improvement using 

ecotope have set the choice for this representation (Delangre et al., 2017). 

Furthermore, ecotope database produced in the framework of LifeWatch ERIC 

dispose of interesting contextual land-cover information known to be good 

predictors of wildcat habitat suitability (Klar et al., 2008). However, using ecotope 

with such fine-scale delimitation makes this type of representation sensitive to errors 

present in raster layers used for segmentation. Even small errors can have larger-

scale repercussions, and especially in connectivity analysis where the presence of 

linear elements can help connect habitat patches as demonstrated in Chapter 4.  

Yet, it should be noted that ecotope segmentation can be adjusted to improve the 

delineation of environmental data or address specific issues. As discussed in 

Chapter 3, ecotopes demonstrated less favorable outcomes in modeling biotope 

distribution compared to using a finer raster grid (10m). The utilization of a finer 

raster grid allowed for better differentiation of the ecological variables utilized in the 

model, including soil variables. Consequently, these pedological data could be 

employed to enhance the ecotope segmentation process. Nevertheless, integrating 

continuous ecological data covering an entire territory, such as the Walloon soil data 

(map derived from kriging based on 75m resolution point-specific dataset), with the 

fine-grained ecotope segmentation (2m resolution) poses challenges and question 
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about using such precise delimitation to represent limits of coarser ecological 

conditions. 

In Chapter 3, fine-grain raster data were employed to model PNV. A raster grid 

with a 10-meter resolution was selected to represent environmental predictors. This 

choice aimed to capture the ecological context's variability within reference biotopes 

while using only biotope map delimitations and retaining a maximum of reference 

data. The ecotope approach, on the other hand, necessitates the use of an overlap 

threshold to assign a biotope to the ecotope. This threshold introduces a dilemma, 

where one must decide between underestimating the ecological envelope of the 

biotope, overestimating it, or finding a balance between the two. 

Alternative approaches to represent landscape elements have also been 

investigated. Hexagonal grids are known for their potential advantages in the 

analyses conducted and in the spatial representation of complex ecological 

processes, such as the movement of individuals in a fragmented landscape (Birch et 

al., 2007; Molné et al., 2023). In Chapter 5, we employed 1-hectare hexagons to 

perform habitat network modeling and represent resulting habitat patches and 

corridors. Hexagons were also utilized to address inaccuracies in ecotope delineation 

and to better incorporate the influence of the global environment. Certain species 

disperse along narrow structures like tree rows or hedges (Davies and Pullin, 2007; 

Forman and Baudry, 1984), which can't be properly represented by regional-scale 

hexagons. To address this, we introduced a land-cover class for areas with high 

hedge and forest edge density. Additionally, for species hindered by hedges in their 

dispersal (Klaus et al., 2015), these structures can be included in connectivity 

analysis, akin to roads in Chapter 5. However, the choice of hexagon size was 

subjective and based on a compromise between the scale of the study and the size of 

species habitat patches. Sensitivity analysis should be further performed to deeply 

evaluate the potential effect of hexagon size on connectivity analysis results. 

Incorporating landscape connectivity considerations into landscape planning 

practices is of utmost importance, highlighting the significance of properly 

representing biological stakes. Utilizing precise representations, such as ecotopes 

offers a more intuitive understanding for policy makers who often rely on vectorized 

formats like cadastral maps and development plans for landscape planning purposes. 

However, using fine scale delimitation may induce a false impression of precision 

given numerous biases of biological data. By employing abstract representations, 

decision-makers can better comprehend the complexities of the landscape and make 

informed choices that promote effective nature conservation strategies for the future. 

To address this issue, there is a need for research on landscape representation and 

how stakeholders in the field of nature conservation perceive it, as the current 

scientific literature lacks comprehensive studies in this area. 

In conclusion, throughout this thesis, multiple landscape representations were 

utilized, each having its advantages and drawbacks depending on the ecological 

analysis's objectives and the specific focus of the study (such as particular species or 
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biotopes). In our research, ecotope delimitation was primarily employed when 

punctual observation data were available for SDM and when habitat network 

analyses were derived from this modeling approach. On the other hand, raster grids 

were chosen for biotope modeling, especially when reference data were mapped as 

polygons. Finally, hexagonal grids were utilized for knowledge-driven habitat 

network analysis, which heavily relies on land-cover information (see Figure 6.1). 

 

 



 

 
 

Figure 6.1: Summary of different landscape unit representation types used throughout this thesis. 
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2.2.  Multiple uses and limits of potential natural vegetation 

concept 

2.2.1. A dynamic management as a response to habitat fragmentation 

The utilization of PNV as an approach for biotope prediction in habitat survey and 

monitoring was extensively explored in Chapter 3. However, PNV also holds 

potential for various applications relevant to ecological network objectives. 

Given that PNV considers vegetation dynamics, mapping its distribution across an 

entire territory provides an opportunity to utilize natural or human-induced 

ecosystem perturbations for the natural restoration of biotopes. This approach can 

facilitate spontaneous colonization and the achievement of required biotope 

conditions through appropriate management practices. By modeling the potential 

distribution of the primary ecological contexts that cover the region, restoration and 

conservation efforts can enhance their coherence by identifying areas where 

restoration activities can defragment patches and consequently increase patch areas. 

This, in turn, reduces the extinction rate of populations. 

Furthermore, presenting such predictions across the entire territory enables the 

identification of the maximum distribution of biotopes, serving as a backbone for 

ecological networks. Such maps can serve as initial decision-making tools before 

undertaking numerous and time-consuming habitat network analyses. Biotopes 

belonging to the same ecological context can be protected or restored to promote the 

continuity previously identified, enhancing the overall coherence of landscape 

management in fragmented settings. 

In Chapter 5, PNV was employed to generate a refined land-cover map that 

accurately reflects specific species habitats, such as dry grasslands or peatlands. This 

detailed mapping of species habitats plays a crucial role in conducting precise 

connectivity analyses, relying solely on expert knowledge, as demonstrated in 

Chapter 4. Additionally, this approach enables the assignment of movement costs to 

precise land-cover classes, enhancing the accuracy of such analyses.  

2.2.2. Vegetation dynamics in human dominated landscape 

One major finding from the application of the PNV approach in biotope 

distribution modeling is its ability to better identify the historical ecological 

envelope of biotopes. This highlights the value of incorporating this concept into 

biotope distribution modeling. This phenomenon can be attributed to the impact of 

human activities, which may have favored specific vegetation communities in 

localized areas that do not fully represent the entire ecological envelope but rather a 

limited and potentially extreme portion of it. However, further investigation is 

required to verify this assumption through specific studies that correlate vegetation 

community surveys with environmental predictors to depict the ecological envelope 

of biotopes belonging to the same PNV. This could partly be done with our results 



Mapping landscape connectivity challenges using biological data and local ecological knowledge 

 

176 
 

by analyzing potential distribution overlaps as it is already made in the literature 

(Stigall, 2012). 

2.3. Scope and Scale Considerations in the Study Area 

In Chapter 3, we emphasized the utility of the PNV modeling approach, which 

enabled the collection of more calibration data for modeling PNV than for rare open 

biotopes. This expanded dataset significantly enhanced prediction accuracy, 

although certain PNV categories remained scarce, resulting in less precise 

predictions. It's crucial to note that this scarcity was specific to the study area's scale. 

For instance, calcareous grasslands and peatlands, although scarce in the study area, 

have more important surfaces in neighboring regions. To enhance the calibration 

datasets, the study area could have been expanded to a biogeographical region and 

include ecological contexts similar to those found in the Walloon region. However, 

replicating our PNV modeling approach in a transborder study area poses 

challenges. 

Firstly, our study employed a 10m resolution grid. Our analysis demonstrated a 

notable improvement in prediction accuracy compared to coarser resolutions, 

primarily due to the availability of environmental datasets containing fine-scale 

information, such as soil predictors, which significantly influenced our models. 

However, precise environmental datasets, especially regarding soil characteristics, 

are not universally available across different countries or regions. This lack of 

consistency in data accuracy and grain size among various administrations 

responsible for environmental inquiries complicates the homogenization of datasets 

for modeling in international study areas. Additionally, enlarging the study area 

while maintaining high resolution could increase computational demands, 

necessitating advanced expertise in managing substantial datasets. This 

computational complexity might hinder large-scale modeling of biotope distribution. 

Nevertheless, potential solutions exist to extrapolate the application of PNV 

modeling to a global scale, primarily through the utilization of remotely sensed data. 

Ecosystem functioning attributes measured via remote sensing have gained 

popularity in ecological niche modeling (Regos et al., 2022). This approach offers 

the advantage of incorporating ecosystem dynamics in modeling approaches by 

utilizing time series of spectral vegetation indices (Mayor et al., 2017; Thorup et al., 

2017). Available predictors include soil moisture, land surface temperature, primary 

productivity, among others. It also facilitates access to vast amounts of open-access 

data with substantial spatial continuity, mitigating the aforementioned limitations 

(Alcaraz-Segura et al., 2017; Arenas-Castro et al., 2019). While this approach has 

shown improvements in ecological niche models and significant correlations 

between ecosystem function attributes and species richness (Radeloff et al., 2019; 

Toszogyova and Storch, 2019), its application has primarily been at the species 

level. No known examples exist of its application at the community level, 
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necessitating further research to evaluate the potential in utilizing ecosystem 

functioning attributes derived from remote sensing for biotope modeling. 

Additionally, considering neighboring regions is crucial when mapping 

connectivity stakes, as metapopulational dynamics do not adhere to national borders. 

As discussed in Chapter 4, considering the landscape of neighboring areas is 

essential for unbiased habitat connectivity analysis and to avoid treating the studied 

landscape as an isolated region. In our study, we accounted for this by implementing 

a 10km buffer around the study area. However, this buffer extended into other 

administrative regions, where equivalent precise datasets were unavailable. Instead, 

a less detailed land-cover dataset was utilized. Although adequate for identifying 

deciduous forest patches around the study area, this issue persists in a transborder 

study necessitating a precise land-cover dataset. While not insurmountable, 

extensive preliminary work is required to standardize the data used in such cases. 

2.4. Knowledge-driven and data-driven approaches  

2.4.1. Knowledge-driven 

Throughout this thesis, we employed and compared both data-driven and 

knowledge-driven approaches. Expert knowledge, like any other source of 

information, carries uncertainties (O’Hagan et al., 2006), but it remains widely 

utilized in landscape management decision-making (Kangas and Kangas, 2004). The 

presence of uncertainties, without a clear understanding of their extent, can be 

particularly detrimental. Therefore, it is highly recommended to evaluate the 

uncertainty associated with expert knowledge before applying it, to ensure its 

appropriate utilization (Davis and Ruddle, 2010; Mackinson, 2001). 

Expert knowledge played a crucial role in defining the modeled PNV by 

categorizing biotopes based on their ecological requirements (Chapter 3). The 

evaluation of uncertainties related to expert knowledge in forest succession has been 

the focus of a previous study (Drescher and Perera, 2012), which identified certain 

limitations, including lower accuracy in common forest succession scenarios 

compared to better understanding of forest succession in marginal environmental 

conditions. However, alternative data-driven approaches exist. Analytical techniques 

such as PCA or hierarchical clustering could have been employed to establish links 

between biotopes and ecological predictors. However, conducting such an analysis 

would rely on biotope survey data that may be subject to biases. As discussed in 

Chapter 3, the delimitation of common PNV biotopes could be challenging in the 

field, given that multiple rare PNVs with extreme ecological conditions were 

predicted within the common PNV reference data. Moreover, we observed that the 

most frequently occurring PNV reference data (Acidophilous Fagus forests) contains 

more surface areas of alluvial soils compared to riparian and gallery woodland 

PNVs. This further highlights the less well-defined nature of common PNVs. 

Interestingly, the results of modeling PNVs built with expert knowledge 

demonstrated accurate predictions and better overall accuracy than modeling 
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individual biotopes separately. Indeed, when modeling distinct biotopes belonging to 

the same PNV and combining their resulting predictions, lower accuracy was 

achieved compared to the PNV approach. This further emphasizes that, in our case, 

expert knowledge based on a century of studying vegetation communities and 

dynamics provides a robust foundation for PNV modeling (Duvigneaud, 1949; 

Noirfalise, 1984). 

Considering habitat network analysis, it is common to utilize expert knowledge in 

constructing the resistance matrix (Liu et al., 2018; Watts et al., 2010). In Chapter 

4, we compared this expert-knowledge approach with a data-driven approach using 

observation data to conduct habitat suitability models. The results revealed few 

differences, except for better habitat patch identification when employing modeling 

approaches and improved identification of less permeable land-cover using 

expertise. These findings align with previously identified limitations (Stevenson-

Holt et al., 2014; Zeller et al., 2018). Nevertheless, we emphasized that the 

knowledge-driven approach could serve as a strong foundation for habitat network 

modeling if habitat patch identification is meticulously executed. Therefore, 

knowledge-driven approach can act as a strong basis for habitat network modeling 

of species with few observation data or unstructured survey. 

Leveraging the advancements made in this thesis concerning biotope modeling 

and its delimitation, we were able to enhance habitat patch identification and create 

a precise resistance matrix based on a finer land-cover classification. As a result, the 

knowledge-driven approach was deemed sufficiently robust and was selected for 

habitat network modeling in Chapter 5. Furthermore, the knowledge-driven 

approach is not reliant on the quality of observation data, which allowed us to 

incorporate multiple focal species regardless of the available data. 

2.4.2. Data-driven 

Data-driven approach was principally followed to model potential distribution of 

species and biotope. Such models are of paramount importance to apply robust 

conservation management decision taking into account future climate, potential 

invasion or lack of biological data (Guisan et al., 2013). However, such modeling 

approach are sensitive to sample size and biases in the distribution of data (Araújo 

and Guisan, 2006). But, correctly structured surveys are rare even from official 

source such as museum or other collection (Stockman et al., 2006).  Recently, 

scientists modeling species distribution are more and more looking toward 

opportunistic observation gathered in open access collection known as “Citizen 

Science data”. "Citizen Science" - increasingly referred to as "Community Science"- 

defined as the "active engagement of the general public in scientific research tasks" 

(Vohland et al., 2021). It involves non-professional individuals voluntarily 

contributing to data collection for scientific research. In the field of ecology, Citizen 

Science (CS) data comprises a diverse range of observation types. However, we 

focus on a narrower scope of CS data: direct species observations obtained through 
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unstructured and semi-structured protocols, where observers independently decide 

where, when, how, and whether to record different species.  

Such data source is attractive as this makes possible to cover wider areas and 

temporal windows to complete existing collection or encode observation in area with 

no formal data collection (SoIB, 2020). However, the growth of such database 

recently observed goes together with less structured and formal monitoring (Pocock 

et al., 2017). It is therefore important to correctly understand the multiples biases 

related to the use of CS data (Johnston et al., 2023). 

First, CS data can be influenced by observer choices, leading to spatial bias. 

Observers may select locations based on accessibility such near their home or close 

to roads (Mair and Ruete, 2016; Tiago et al., 2017), or  for ecological reasons by 

focus on protected area or those known for their high biodiversity (Botts et al., 2011; 

Tulloch et al., 2013). This bias results in non-representative samples of the target 

population which can affect ecological inferences, especially when the drivers of 

observer site selection align with the ecological process of interest (Chakraborty et 

al., 2021). Observers in CS projects vary in their skills, experience, behavior, and 

equipment, which can lead to differences in their ability to detect and identify 

species (Sunde and Jessen, 2013). As CS projects expand, older participants learns 

to identify new species (Sharma et al., 2019). In addition, new participants with less 

experience may join, which contribute to a variability of observer’s skills for 

detection over time(Sunde and Jessen, 2013). Observers may also preferentially 

report certain species due to personal interest, species rarity, or detectability leading 

to reporting preferences (Johnston et al., 2023). This preference can introduce bias 

when comparing different species and can be particularly problematic when species 

preferences vary spatially and temporally (Schuetz and Johnston, 2021; Steger et al., 

2017). Finally, false positive errors occur when a species is reported as present when 

it is not. While false negative errors are routinely accounted for in ecological 

analyses (Royle and Nichols, 2003), false positive errors due to a lack of skill from 

beginner observers in CS data present an additional challenge. They can lead to 

biased estimates of species occupancy rates and distributions (Cruickshank et al., 

2019). 

The biases mentioned earlier are not exclusive to CS data but can also occur in 

more traditional data collection methods. To address and mitigate multiple biases in 

observation data used, we incorporated various strategies throughout this thesis. 

In Chapter 3, we specifically examined the potential spatial biases in the Natura 

2000 biotope survey maps. To minimize the impact of poorly delimited common 

PNV and their overrepresentation in the dataset, we implemented a spatial 

subsampling approach. This involved selecting a maximum of 50 occurrences of a 

PNV within a 1km² cell. Similar spatial filtering approaches have been 

recommended for handling species data with strong spatial biases (Kramer-Schadt et 

al., 2013). 
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Addressing observer preference bias, we accounted for it in Chapter 5 while 

calculating the rarity of species to identify HIHFS species. As different taxonomic 

groups may have varying levels of interest among CS observers (Johnston et al., 

2023), we conducted rarity calculations considering the sampling of each taxonomic 

group separately for each bioregion as abundance of protected area vary among 

them. By adopting these methods, we aimed to minimize the impact of biases and 

ensure the robustness of our analyses. 

2.4.3. Conclusion 

Upon reflection, it is evident that neither approach inherently surpasses the other. 

Instead of competing, these concepts should be viewed as complementary, and it is 

crucial to fully comprehend the inputs used in the analyses and recognize their 

limitations. Striking a balance between leveraging expert knowledge and utilizing 

data while considering their specific biases should be a conscientious consideration 

throughout all research process. 

2.5. Guiding biodiversity conservation actions  

Conservation of landscape connectivity is universally acknowledged as crucial for 

maintaining healthy ecosystems, biodiversity, and adapting to climate changes (Hilty 

et al., 2020). Throughout this thesis, our primary focus has been on developing and 

evaluating precise methods to map the components of connected landscapes, 

including habitat patches and the corridors linking them. These components are 

designed to be integrated into a cohesive landscape zonation known as ecological 

networks (ENs). This integration, in turn, facilitates the incorporation of 

connectivity concerns into landscape planning and conservation decision-making 

(Amsallem et al., 2010a; Sordello, 2018; Sordello et al., 2013). 

As demonstrated in this thesis, the Walloon region, situated in the heart of Western 

Europe, possesses a highly fragmented landscape, making it an ideal testing ground 

for innovative approaches to mapping ecological network elements. Despite the 

growing importance of addressing nature conservation issues related to landscape 

connectivity, Wallonia lacks a comprehensive ecological network map. Such a map 

is essential for organizing land use planning while preserving landscape 

connectivity. Nevertheless, Wallonia is not devoid of nature conservation efforts. 

 Wallonia's conservation law of 1973, updated in 2001, defines site protection 

statuses, supplemented by government decrees on wetlands and underground caves. 

While 240 Natura 2000 sites covering 220,000 hectares were designated in 

Wallonia, a 2017 EU report highlighted Belgium's lag in implementation, especially 

regarding conservation objectives and ecosystem services mapping, compared to 

Flanders, a leader in ES evaluation initiative. 

Several biological inventory initiatives have occurred in Wallonia, starting with Jean 

Massart's 1912 inventory. In the 1980s, projects mapped natural habitats, and the 
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concept of Sites of High Biological Interest (SGIB) was introduced, leading to a 

database of over 2,500 sites (Dufrêne, 2000) 

+. However, these inventories failed to establish a comprehensive protection 

strategy, update the SGIB database, or modify sector plans. The ecological network, 

developed by the “Cercle des Naturalistes de Belgique” in 1992, classified habitats 

into central, development, and connecting zones, covering 25% of Wallonia. The 

approach extended to Communal Plans for Nature Development (PCDN), where 7% 

of the territory was identified as central and 20% as development zones. Natura 

2000, designated in 2002, covers sites based on the Birds and Habitats Directives. 

Although 60% of SGIB areas fall under Natura 2000, detailed mapping and SGIB 

boundary restructuring lag. Recently, Wallonia, along with the environmental 

governing bodies, has endorsed the implementation of a novel biodiversity strategy. 

This strategy aligns with the objectives and pledges outlined in the "Kunming-

Montreal Global Biodiversity Framework" and the "European Biodiversity Strategy 

2030". The primary goals of this strategy encompass completing the regional 

network of strictly protected areas to encompass 5% of the territory by 2030 and 

enhancing the conservation status of a minimum of 30% of endangered biotopes and 

species. The future demands detailed, functional ecological networks that consider 

local biodiversity, akin to France's approach, necessitating coordination among 

various stakeholders and administrations to create a coherent, effective ecological 

framework. 

Thanks to a new political determination to establish a functional ecological 

network in Wallonia, mapping this network has once again become a top priority 

since 2018. Based on an assessment that analyzed existing initiatives and identified 

bottlenecks, a comprehensive methodology for mapping a functional ecological 

network was developed and is currently being implemented (Boeraeve et al., 2020a; 

Harchies et al., 2018). In the following section, we will outline how the results 

obtained in this thesis could provide valuable guidance for mapping an ecological 

network within the specific context of Wallonia. 

2.5.1. Mapping and restoring core areas 

As previously mentioned, biotopes are fundamental units for mapping core areas 

within ecological networks, particularly when considering an ecological network 

approach based on ecosystem types. The PNV modeling approach has been 

recognized as a valuable tool for guiding future inventories, aiding in the completion 

of existing biotope maps, or generating potential maps across a given territory. 

Using models also offers the advantage of comprehensive coverage compared to 

surveys, which are typically limited to public areas due to restrictions in accessing 

private forests or parcels based on owner agreements. However, PNV predicts the 

ecological conditions necessary for the development of vegetation successions 

without specifying the stage of succession. Therefore, ancillary data are necessary to 

refine the specific stage being sought. This can be achieved with increasing accuracy 

using the latest land-cover data obtained through remote sensing. Land-cover data 
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can serve as a basis for distinguishing open areas from forested biotopes and 

approximating biotopes from PNV predictions. Moreover, this approach's advantage 

lies in the automation of producing land-cover data, enabling the integration of land-

cover change dynamics and facilitating continuous updates of biotope maps to assess 

their conservation status.  

However, distinguishing biotopes from PNV based solely on current land-cover 

data may have limitations. This is particularly evident in open areas where available 

land-cover data derived from remote sensing does not differentiate between 

permanent intensive grasslands and more extensive management practices leading to 

biotopes significant for biodiversity. Recent studies showed promising results in 

using remote sensing to detect mowing intensity, aiding in the identification of 

extensive practices in open biotopes (De Vroey et al., 2022). These results could be 

utilized as-is or integrated into models along with other vegetation-related indices 

obtained through remote sensing to enhance performance in detecting extensive 

grasslands. 

When assessing connectivity stakes in degraded landscapes and identifying 

potential core areas for ecological networks, the primary objective is to pinpoint 

regions with significant constraints on socio-economic development. However, it's 

crucial to acknowledge the inherent limitations of models. Field inventories remain 

essential to confirm the presence of ecological interest. Despite the necessity for 

additional surveys, these endeavors often cover vast areas, prompting the need to 

refine predicted biotopes to more specific regions. Our methodological approach to 

PNV modeling preemptively acknowledged potential model imprecision. To address 

this, we proposed mapping potential PNV overlaps. This approach helps in avoiding 

areas with significant overlap of PNV if a specific biotope is sought. However, it's 

important to note that overlaps of scarce and endangered biotopes should not be 

avoided deliberately. Accuracy metrics, such as User Accuracy, can further aid in 

identifying areas with the highest model accuracy. Additionally, complementary 

data sources can be utilized alongside the biotope model to further narrow down the 

areas requiring field validation. Observations of indicator species, which are species 

closely associated with the biotope and not/less with another, can be valuable. 

Although observational data are not free from bias, the presence of species typical of 

a biotope in a predicted area of said biotope is not negligible. Hence, it gains 

relevance when integrated with modeling approaches. Alternatively, habitat 

suitability models for these species could be employed if sufficient and high-quality 

observation data are available. However, it's worth mentioning that this latter option 

may have a comparatively lesser impact than the use of direct observation.  

Conservation efforts in degraded landscapes should primarily focus on preserving 

existing biotopes to safeguard the remaining natural areas. However, in such 

landscapes, biotopes in good condition are scarce. In Wallonia, for instance, 95 to 

96% of biotope types are in an unfavorable conservation status (SPW - DGO3 - 

DEMNA - DEE, 2017). Therefore, it is crucial to restore these habitats. Restoration 
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initiatives must be enhanced to align with regional biodiversity strategies aiming to 

improve the conservation status of 30% of biotopes and endangered species. 

 To achieve this objective, it is imperative to employ tools such as PNV modeling. 

As mentioned earlier, the PNV modeling results obtained in this thesis enable the 

identification of the most accurate predictions. These predictions can serve as a 

guide for restoration efforts in areas with more typical ecological conditions suitable 

for the target biotope. PNV prediction maps also help identify the maximum 

potential range of biotopes, aiding in directing restoration efforts to more relevant 

areas, such as those isolated ecologically or situated within potential connectivity 

pathways. These decisions can be further informed by landscape connectivity 

evaluations, as presented in other sections of this thesis. 

2.5.2. Mapping ecological corridors 

Incorporating scientific diagnostics into operational planning requires sufficient 

informative data to perform tradeoff analyses between socio-economic and 

connectivity conservation aspects (Foltête et al., 2014). To achieve this, prioritizing 

network components based on their importance for connectivity analysis is made 

possible through spatial graph analysis (Clauzel et al., 2015; Foltête et al., 2014). 

Spatial graphs have been increasingly employed in habitat network studies (Clauzel 

et al., 2018; Foltête, 2019; Pereira, 2018). In this thesis, LCP were used to evaluate 

landscape connectivity, and serve as a basis to map ecological corridors. Combined 

with graph theory, they helped to identify most important areas of the network for 

connectivity. In Chapter 5, spatial graph analysis results were instrumental in 

prioritizing ecosystems when their related network overlaps with the potential to 

guide conservation or restoration decisions in favor of the most priority ecosystem. 

Similarly, in Chapter 4, identifying obstacles in the landscape connectivity 

pathways (LCPs) based on their importance for connectivity provided valuable 

information for selecting specific obstacles before implementing potentially costly 

conservation actions (Ascensão et al., 2019). These findings could be subsequently 

validated through independent surveys or data sources, such as radio tracking or 

road collision records. For instance, road collision data were utilized in Wallonia to 

pinpoint conflict zones within the road network (Dubois and Renglet, 2020). Their 

results affirmed the selection of the wildcat as a focal species, as many forest 

mammals also faced road collisions in the same regions. They identified collision 

hotspots where our study recognized one of the most significant obstacles for the 

wildcat habitat network (Bourdouxhe et al., 2020). Additionally, this hotspot already 

has a wildlife crossing in place, underscoring the importance of evaluating the 

functionality of wildlife crossings in Wallonia, especially in critical conflict zones 

identified in Chapter 4. 

PNV modeling results were utilized to enhance land-cover distinctions, creating a 

more precise identification of areas conducive to species movement, as elaborated in 

Chapter 5. Moreover, PNV prediction maps can play a pivotal role in restoration 

initiatives. They enable the identification of potential restored habitat patches, 
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facilitate the assessment of their significance within the network, and pinpoint the 

most crucial areas for restoration efforts. Another set of analyses could be 

undertaken to evaluate the region's entire restoration potential. This involves 

modifying land-cover classes associated with intensive agricultural and silvicultural 

practices to align with the targeted biotope, guided by PNV modeling. To refine this 

analysis, socio-economic factors could be integrated, limiting restorable areas to 

those with the most marginal ecological conditions. These conditions typically entail 

below-average productivity yields and the presence of biotopes of interest. It is 

worth noting that this approach closely aligns with a "land-sparing" strategy, which 

could serve as a compelling argument in regional planning. By favoring the 

biodiversity-friendly land-sparing approach, these insights could significantly 

influence land-use decisions, promoting biodiversity while accommodating 

developmental needs. 

However, the wide variety of connectivity metrics may make their use sensitive to 

the specific aims being sought. Some may misuse the abundance of metrics to distort 

the results of connectivity analyses, particularly in cases where people seek to 

exclude areas from landscape connectivity conservation plans (Kindlmann and 

Burel, 2008; Walker et al., 2009). For instance, good connectivity of certain areas 

might be used to argue for a development project in an economically valuable area, 

even though it would result in habitat loss detrimental to species in that region 

(Falcy and Estades, 2007). It is essential to remember that areas should be conserved 

for reasons beyond just the connectivity of a species or a group of species, but rather 

for their intrinsic conservation value for species population (Fahrig, L., 1999; C. D. 

Thomas et al., 2004).  

Providing straightforward information such as metric distance and cumulative 

cost, the results obtained from LCP modeling are already highly valuable without 

delving into complex metrics derived from spatial graph analysis. Through this 

approach, we can readily discern connected patches by filtering LCPs based on their 

cumulative cost and the dispersal capacity of the studied species. Furthermore, by 

selecting those LCPs with a cumulative cost higher than the species' dispersal 

capacity and a metric distance smaller than the dispersal distance, we can identify 

LCPs that potentially connect patches. This can be achieved without introducing 

new habitat patches, which could be both costly and intricate. Instead, the focus is 

on reducing matrix resistance to movement by incorporating smaller features, such 

as hedgerows. Hedgerows are well-known for enhancing connectivity for forest-

related species in more open areas. Regional initiatives for hedgerow plantations 

could thus greatly benefit from such analyses, guiding the strategic planting of 

hedgerows in areas where connectivity improvements are essential. 

The hexagonal representation of LCPs combined with buffer as proposed in 

Chapter 5 also aids in depicting areas where conserving and restoring landscape 

connectivity is crucial. Due to the uncertainty in complex ecological processes, such 

as species movements (Hodgson et al., 2009), identifying larger areas for 

conservation actions instead of fine-scale operational landscape units appears to be a 
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more truthful approach. These larger areas better depict the definition of ecological 

corridors proposed by Hilty et al. (2020). Such areas could encompass the protection 

of vegetation structures or more artificial features such as stone walls and 

vegetalized roadsides that favorize species movement. But this could also concern 

more punctual element such as isolated tree and old orchards or the maintenance of 

extensive agricultural practices. All these elements may concern fluctuating surfaces 

and an abstract representation such as hexagon may better reflect this uncertainty. 

Such corridors important for landscape connectivity could therefore be used to 

identify areas with a big potential to implement AECMs (Agri-Environment-climate 

Measures) supported by the European CAP (Common Agricultural Policy) that leads 

to landscape features that could helped to limit the resistance of the landscape matrix 

(Pe’er et al., 2019). AECMs could move from agricultural parcels to other inside 

such ecological corridors while still enhancing landscape connectivity. 

3. Perspectives 

The analyses conducted throughout this thesis, centered on the concept of 

ecological networks, can potentially be translated into tangible conservation actions, 

and serve as a guiding framework for making informed political decisions. 

However, it is worth noting that other similar concepts to ecological networks 

(EN), particularly those focusing on incorporating the production of ecosystem 

services (ES), have emerged to inform green space network planning (MA, 2003). 

Numerous initiatives integrated this concept into a new landscape planning 

management, notably due to the European Green Infrastructure strategy (European 

Commission, 2013; Liquete et al., 2015). Green Infrastructures (GI)  are defined as a 

network of natural or semi-natural ecosystems providing ES (European 

Commission, 2013). This definition is close to EN except it integrates the function 

of providing ES. However, EN are not completely implemented in all European 

countries and regions and initiatives are still in course. Due to the development of 

new strategies such as GI, it is important for practitioners to know if their efforts to 

implement EN will not be quickly outdated. Connected ecosystem through EN 

initiatives could also be used as a basis to GI planning which could avoid mapping 

another network. The question of compatibility between EN and GI framework is 

therefore a major issue. 

The following discussion results from a literature review carried in 2020 about the 

inclusion of ES concept in studies aiming to map networks facilitating species 

movements in fragmented landscapes. The original review with details about 

methods and results is available in Appendix 12. 
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3.1. Evolution of inclusion of ecosystem services concept in 

ecological network planning  

The way ES are integrated in EN research globally increased over time. First 

studies mentioning ESs cites them in their discussion as an added value delivered to 

give weight to some less natural part of ENs or to show a relative importance of ENs 

for policies (Leibenath, 2011; Zmelik et al., 2011). But it can be seen that even if the 

mention of ES has increased, few papers consider them as sufficiently important to 

be cited in their abstract (e.g. Mander et al. 2018; Hatziiordanou et al. 2019). The 

latest articles generally place the challenges of delivering ESs at the same level as 

those of conserving biodiversity in the core of their study but those studies are really 

scarces (Cunha and Magalhães, 2019; Ersoy et al., 2018; Marini et al., 2019). Some 

even consider ENs as multi-functional GI even speaking of socio-ecological 

networks/systems (Arnaiz-Schmitz et al., 2018; Capotorti et al., 2019a; Cunha and 

Magalhães, 2019).  

Beyond scientific initiatives, national and regional initiatives of EN planning led 

by nature practitioners are also including ES concept in their planning (Sordello et 

al., 2013). But ES supply is only cited as an indirect product of EN restoration to 

give weight to EN in land-use planning thanks to the benefits provided by 

ecosystems and their economic value. Moreover, stakeholders are probably 

encouraged to cite ES because of the GI strategy developed by the European 

Commission. However, we are far from a complete integration such as the 

development of socio-EN as defined by some authors (Arnaiz-Schmitz et al., 2018; 

Capotorti et al., 2019a; Cunha and Magalhães, 2019). This is probably due to a lack 

of reproducible methods or a lack of expertise in an emerging research field. 

It is interesting to highlight that the majority of papers evaluating ES supply use 

the term of GI as a concept integrating both EN and ES concepts (Cannas et al., 

2018; Capotorti et al., 2019a; Liquete et al., 2015). Some GI papers are even not 

citing EN as such but still integrate species habitat networks issues (Rodríguez-

Espinosa et al., 2019; Snäll et al., 2016). We can see that EN and GI are not 

complementary terms but GI has supplanted EN over time to englobe a concept 

including a multifunctional network strategy. Even if GI concept rely on a 

framework connecting natural and semi-natural elements such as EN. But this 

statement is only true for papers addressing EN issues, the use of GI concept with no 

link to EN concept and focusing only on ES supply is still in use (Badenhausser et 

al., 2020; Mullins et al., 2020). 

3.2. Toward multifunctional ecological network planning 

The integration of EN and ES concepts into one multifunctional framework was 

analyzed for papers including ES supply evaluation in EN planning. The resulting 

networks are now called “multifunctional network” to differentiate them from 

classic EN planning and from GI initiatives that do not consider EN issues. 
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Concerning the context within analyses are performed, the planning of 

multifunctional networks implies a demand for ES supply analysis +explaining why 

half the studies analysed are carried out in urban contexts (Capotorti et al., 2019b, 

2019a; Rodríguez-Espinosa et al., 2019). By contrast, Liquete et al. (2015) include 

rural environments into GI, due to the scale of their study (EU) implying a high 

proportion of rural environment. Those different contexts also create different levels 

of complexity to choose between production and biodiversity conservation priority 

land-use (Lanzas et al., 2019; Liquete et al., 2015; Newton et al., 2012; Rodríguez-

Espinosa et al., 2019; Snäll et al., 2016). This led to inherent trade-offs analysis 

affecting an important component of multifunctional network planning: the zonation 

of the network. 

Preserving ES supply and biodiversity is difficult as it does not always lead to 

preserving the same areas (Venter et al., 2009). Thus, authors suggest a systematic 

planning approach based on prioritization of zones to help address conflicting issues 

(Lanzas et al., 2019). The multifunctional framework used through the papers 

scrutinized could be split into two types of zones: core areas and mixed zones. Cores 

areas are the most common zone represented in most of studies analyzed here 

(Cannas et al., 2018; Capotorti et al., 2019b, 2019a; Lanzas et al., 2019; Liquete et 

al., 2015; Niemelä et al., 2010; Rodríguez-Espinosa et al., 2019). They are 

principally devoted to biodiversity conservation or they also include ES supply that 

are compatible with biodiversity conservation (Lanzas et al., 2019). Cores areas of a 

multifunctional network represent also areas were biodiversity conservation and ES 

supply are both maximized (Liquete et al., 2015). The other kind of zones (“mixed 

zones”) represents a gradient were we can find areas with ES supply but where 

biodiversity conservation has lower priority due to its conservation status or 

preservation state (Lanzas et al., 2019). Finally, we can find zones that are 

considered opposed to conservation goals and that only focus on ES supply (Lanzas 

et al., 2019). Those areas are often excluded from the multifunctional network and 

thus not considered (Lanzas et al., 2019; Liquete et al., 2015). 

The question of connectivity between core areas is not put aside. Some authors use 

species corridors models as important structuring input for the multifunctional 

network planning (Cannas et al., 2018; Liquete et al., 2015; Snäll et al., 2016). 

However, methods to do it are not as complex and complete as dedicated studies 

(Gurrutxaga and Saura, 2014; Pereira, 2018). Others suppose that some components 

of their network could play a role of corridors to reconnect core areas (Capotorti et 

al., 2019b, 2019a; Lanzas et al., 2019). Indeed mixed zones with ES supply and 

lower biodiversity conservation goals can play an important role of connecting but 

also playing a role of buffers to protect conservation areas from pollution and other 

impact of intensive human activities (Mubareka et al., 2013).  

This kind of land zoning is really similar to de different zonation known in EN 

planning with core areas, corridors and optional buffer zones (Bennett and 

Mulongoy, 2006; Bernier and Théau, 2013; Melin, 1997). Indeed, buffer zones may 

include areas under sustainable management taking into account portions of 
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landscape devoted to production (Bennett and Mulongoy, 2006; Melin, 1997). Thus, 

this idea of landscape partitioning including socio-economic issues (hence ES) in 

EN planning is not recent. Indeed, dealing with trade-offs between nature 

conservation and food production was already brought forward by EN planners 

(Bennett and Mulongoy, 2006; Melin, 1997) . Yet, EN framework could gain 

importance in land management thanks to the ES concept. Biodiversity conservation 

priority networks could benefit from ES supply evaluations by enhancing the role of 

conservation areas but also those with lower conservation value but still important 

for the network as buffer or corridors (Lanzas et al., 2019). However, it can be seen 

that some approaches to map multifunctional networks do not evaluate ES supply 

consistently by taking only into account ES not endangering nature conservation 

actions and putting aside others such as food production (Capotorti et al., 2019b; 

Lanzas et al., 2019; Liquete et al., 2015). This can be explained by the chosen 

approach or aims of the study. For instance, focusing on regulating and maintenance 

to identify network elements with conservation purposes (Liquete et al., 2015). 

Areas with opposed objectives to nature conservation should be mapped and 

considered for any multifunctional network planning. This issue could be tackled by 

moving forward to a more flexible definition of zones in EN planning and 

developing a real gradient of conservation vs. exploitation (Lanzas et al., 2019). This 

may move EN concept toward multifunctional EN framework. 

We saw that multifunctional networks planning are mainly performed in urban  

context (Capotorti et al., 2019b; Rodríguez-Espinosa et al., 2019),while EN concerns 

principally rural and natural areas (Bernier and Théau, 2013). But integration of EN 

planning in urban and peri-urban areas of paramount importance as most cities have 

nature conservation stakes in their close environment (Beckline and Yujun, 2014; 

Borgström et al., 2012). Due to the benefit of integrating nature and biodiversity in 

cities supplying an important amount of ES (Hamel et al., 2021; Hobbie and Grimm, 

2020), multifunctional ENs could be easily implemented to reconnect urban and 

peri-urban populations to rural and natural ones. This may help to conserve urban 

and peri-urban biodiversity while reducing the permeability to nature of cities. This 

is also the case for intensive agricultural and forestry areas where improving ES 

supply could be an argument to improve connectivity within those areas by defining 

zones sharing conservation and exploitation stakes. 

3.3. Conclusion 

Although GI framework is newer, old EN concepts such as buffer zones are still 

relevant and proposed as important component within multifunctional network 

planning (Lanzas et al., 2019). Moreover, dealing with trade-offs between nature 

conservation and production has already been tackled by both EN and GI planners. 

It can be said that EN planning, and GI strategy are largely compatible. GI can be 

considered as multifunctional networks connecting the different conservation areas 

and not independent GI only aiming for ES supply (Rodríguez-Espinosa et al., 
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2019). EN are networks planned principally focusing on biodiversity conservation 

and an important part of recent studies focus on developing methods to map the 

most accurate corridors (Duflot et al., 2018a; Ersoy et al., 2018). In parallel,  

methodological research on ES evaluation is still in course (Boeraeve et al., 2020b; 

Maebe et al., 2019). However, a certain amount of papers build multifunctional 

network while putting biodiversity conservation as a top priority assuming that a 

well-functioning network of ecosystems supply better quality ES (Cannas et al., 

2018; Liquete et al., 2015; Niemelä et al., 2010). This allows understanding that EN 

concept has not been superseded at all but has just evolved regarding consideration 

of ES. By including ES into EN planning, connectivity and nature conservation 

issues have now a chance to be put in the center of society’s interest. 

Multifunctional networks are maybe oversimplifying connectivity issues or ES 

supply evaluation, but they offer promising avenues for EN research by mixing both 

conservation issues and human needs thanks to trade-off analysis (Newton et al., 

2012). In the future, it could be interesting to see multifunctional network planning 

based on trade-offs analyses performed on results from more complete corridors 

mapping or ES supply evaluation. 

4. Conclusion 

In conclusion, this thesis represents a significant advancement in the field of 

biodiversity conservation in fragmented landscapes. The methodologies developed 

and applied throughout this research offer valuable insights into the identification of 

conservation priorities for various species in complex environments. Through a 

meticulous analysis of landscape elements, including the use of ecotopes and precise 

biotope modeling, this thesis provided a framework for accurate prediction and 

representation of multiple biotopes within a region. The incorporation of PNV in the 

modeling process further strengthened the good identification of ecological context. 

The research also delved into the critical aspect of habitat connectivity, especially 

focusing on mapping habitat networks facilitating species movement. By comparing 

expert knowledge-based approaches, data-driven methods, and hybrid strategies, this 

study provided insights in landscape connectivity assessment. The findings 

emphasized the interest of using knowledge-driven approach while ensuring the 

effectiveness of habitat networks.  

Furthermore, this thesis explored the modeling of multiple species habitat 

networks, demonstrating the feasibility of the approach even with limited data. The 

utilization of fragmentation-sensitive focal species chosen based on life history traits 

provided a comprehensive perspective, enabling the identification of key species and 

prioritization of connectivity efforts. The integration of multivariate analyses and 

graph-based techniques proved instrumental in assessing network divergence and 

establishing connectivity priorities across diverse ecosystems. 
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In summary, the outcomes of this thesis not only contribute significantly to the 

theoretical understanding of biodiversity conservation in fragmented landscapes but 

also offer practical methodologies for conservation practitioners and policymakers. 

By identifying critical habitat patches, mapping corridors, and prioritizing 

connectivity efforts, this research provides a roadmap for future conservation 

initiatives. These findings, rooted in a deep understanding of ecological 

complexities, will undoubtedly inform decision-making processes and guide the 

development of conservation strategies, ultimately fostering the preservation of 

biodiversity in fragmented landscapes. 

 



 

 
 

 

 

 

 

 

 
References 

 

  



 

 
 

  



References 

193 
 

Aanderaa, R., Rolstad, J., Sognen, S.M., 1996. Biological diversity in forests. Nor. 

Skogeierforbund Og Landbruksforlaget Oslo Nor. 

Aars, J., Ims, R.A., 1999. The Effect of Habitat Corridors on Rates of Transfer and 

Interbreeding Between Vole Demes. Ecology 80, 1648–1655. 

https://doi.org/10.1890/0012-9658(1999)080[1648:TEOHCO]2.0.CO;2 

Agee, J.K., 1996. Fire ecology of Pacific Northwest forests. Island press. 

Albert, C., Galler, C., Hermes, J., Neuendorf, F., von Haaren, C., Lovett, A., 2016. 

Applying ecosystem services indicators in landscape planning and 

management: The ES-in-Planning framework. Ecol. Indic., Developing and 

Applying Ecosystem Services Indicators in Decision-Support at Various 

Scales 61, 100–113. https://doi.org/10.1016/j.ecolind.2015.03.029 

Alcaraz-Segura, D., Lomba, A., Sousa-Silva, R., Nieto-Lugilde, D., Alves, P., 

Georges, D., Vicente, J.R., Honrado, J.P., 2017. Potential of satellite-derived 

ecosystem functional attributes to anticipate species range shifts. Int. J. 

Appl. Earth Obs. Geoinformation 57, 86–92. 

https://doi.org/10.1016/j.jag.2016.12.009 

Aldrich, C., 2020. Process Variable Importance Analysis by Use of Random Forests 

in a Shapley Regression Framework. Minerals 10, 420. 

https://doi.org/10.3390/min10050420 

Álvarez‐Martínez, J.M., Jiménez‐Alfaro, B., Barquín, J., Ondiviela, B., Recio, M., 

Silió‐Calzada, A., Juanes, J.A., 2018. Modelling the area of occupancy of 

habitat types with remote sensing. Methods Ecol. Evol. 9, 580–593. 

https://doi.org/10.1111/2041-210X.12925 

Ambuel, B., Temple, S.A., 1983. Area-dependent changes in the bird communities 

and vegetation of southern Wisconsin forests. Ecology 64, 1057–1068. 

Amici, V., Battisti, C., 2009. Selecting focal species in ecological network planning 

following an expert-based approach: A case study and a conceptual 

framework. Landsc. Res. 34, 545–561. 

https://doi.org/10.1080/01426390903177268 

Amsallem, J., Deshayes, M., Bonnevalle, M., 2011. Comparative analysis of 

formulation techniques for national and regional ecological networks. Sci. 

Eaux Territ. Rev. Irstea. 

Amsallem, J., Deshayes, M., Bonnevialle, M., 2010a. Analyse comparative de 

méthodes d’élaboration de trames vertes et bleues nationales et régionales. 

Sci. Eaux Territ. Numéro 3, 40–45. 

An, Y., Liu, S., Sun, Y., Shi, F., Beazley, R., 2020. Construction and optimization of 

an ecological network based on morphological spatial pattern analysis and 

circuit theory. Landsc. Ecol. 1–18. 

Anderson, A., Jenkins, C., 2006. Applying Nature’s Design, Applying Nature’s 

Design. Columbia University Press. 

Anderson, P.K., Cunningham, A.A., Patel, N.G., Morales, F.J., Epstein, P.R., 

Daszak, P., 2004. Emerging infectious diseases of plants: pathogen 



Mapping landscape connectivity challenges using biological data and local ecological knowledge 

194 
 

pollution, climate change and agrotechnology drivers. Trends Ecol. Evol. 

19, 535–544. https://doi.org/10.1016/j.tree.2004.07.021 

Anderson, R.P., Lew, D., Peterson, A.T., 2003. Evaluating predictive models of 

species’ distributions: criteria for selecting optimal models. Ecol. Model. 

162, 211–232. https://doi.org/10.1016/S0304-3800(02)00349-6 

Andrén, H., Angelstam, P., 1988. Elevated predation rates as an edge effect in 

habitat islands: experimental evidence. Ecology 69, 544–547. 

Andrian, G., 2015. Connecting the alpine protected areas in a wide ecological 

infrastructure: Opportunities from a legal point of view, in: Nature Policies 

and Landscape Policies: Towards an Alliance. pp. 119–126. 

https://doi.org/10.1007/978-3-319-05410-0_12 

Araújo, M.B., Guisan, A., 2006. Five (or so) challenges for species distribution 

modelling. J. Biogeogr. 33, 1677–1688. https://doi.org/10.1111/j.1365-

2699.2006.01584.x 

Arcidiacono, A., Ronchi, S., Salata, S., 2016. Managing Multiple Ecosystem 

Services for Landscape Conservation: A Green Infrastructure in Lombardy 

Region. Procedia Eng., World Multidisciplinary Civil Engineering-

Architecture-Urban Planning Symposium 2016, WMCAUS 2016 161, 

2297–2303. https://doi.org/10.1016/j.proeng.2016.08.831 

Arenas-Castro, S., Regos, A., Gonçalves, J.F., Alcaraz-Segura, D., Honrado, J., 

2019. Remotely Sensed Variables of Ecosystem Functioning Support 

Robust Predictions of Abundance Patterns for Rare Species. Remote Sens. 

11, 2086. https://doi.org/10.3390/rs11182086 

Armesto, J.J., Rozzi, R., Smith-Ramirez, C., Arroyo, M.T., 1998. Conservation 

targets in South American temperate forests. American Association for the 

Advancement of Science. 

Arnaiz-Schmitz, C., Schmitz, M.F., Herrero-Jáuregui, C., Gutiérrez-Angonese, J., 

Pineda, F.D., Montes, C., 2018. Identifying socio-ecological networks in 

rural-urban gradients: Diagnosis of a changing cultural landscape. Sci. Total 

Environ. 612, 625–635. https://doi.org/10.1016/j.scitotenv.2017.08.215 

Arrhenius, O., 1921. Species and area. J. Ecol. 9, 95–99. 

Ascensão, F., Mestre, F., Barbosa, A.M., 2019. Prioritizing road defragmentation 

using graph-based tools. Landsc. Urban Plan. 192, 103653. 

https://doi.org/10.1016/j.landurbplan.2019.103653 

Avon, C., Bergès, L., 2016. Prioritization of habitat patches for landscape 

connectivity conservation differs between least-cost and resistance 

distances. Landsc. Ecol. 31, 1551–1565. https://doi.org/10.1007/s10980-

015-0336-8 

Baatz, M., Schape, A., 2000. Multiresolution segmentation: an optimization 

approach for high quality multi-scale image segmentation. Angew Geogr 

Info Verarb. Wichmann-Verl. Heidelb. 12–23. 

Badenhausser, I., Gross, N., Mornet, V., Roncoroni, M., Saintilan, A., Rusch, A., 

2020. Increasing amount and quality of green infrastructures at different 



References 

195 
 

scales promotes biological control in agricultural landscapes. Agric. 

Ecosyst. Environ. 290, 106735. https://doi.org/10.1016/j.agee.2019.106735 

Baguette, M., Blanchet, S., Legrand, D., Stevens, V.M., Turlure, C., 2013. 

Individual dispersal, landscape connectivity and ecological networks. Biol. 

Rev. 88, 310–326. https://doi.org/10.1111/brv.12000 

Bah, B.B., Legrain, X., Engels, P., Colinet, G., Bock, L., 2007. Légende de la Carte 

Numérique des Sols de Wallonie - version 2. Legend of the Digital Soil Map 

of Wallonia - version 2. 

Baker, W.L., 1992. The landscape ecology of large disturbances in the design and 

management of nature reserves. Landsc. Ecol. 7, 181–194. 

https://doi.org/10.1007/BF00133309 

Baldwin, R.F., Trombulak, S.C., Leonard, P.B., Noss, R.F., Hilty, J.A., Possingham, 

H.P., Scarlett, L., Anderson, M.G., 2018. The Future of Landscape 

Conservation. BioScience 68, 60–63. https://doi.org/10.1093/biosci/bix142 

Balkenhol, N., Dudaniec, R.Y., Krutovsky, K.V., Johnson, J.S., Cairns, D.M., 

Segelbacher, G., Selkoe, K.A., von der Heyden, S., Wang, I.J., Selmoni, O., 

Joost, S., 2019. Landscape Genomics: Understanding Relationships 

Between Environmental Heterogeneity and Genomic Characteristics of 

Populations, in: Rajora, O.P. (Ed.), Population Genomics: Concepts, 

Approaches and Applications, Population Genomics. Springer International 

Publishing, Cham, pp. 261–322. https://doi.org/10.1007/13836_2017_2 

Banks, B., Beebee, T.J.C., 1988. Reproductive Success of Natterjack Toads Bufo 

calamita in Two Contrasting Habitats. J. Anim. Ecol. 57, 475–492. 

https://doi.org/10.2307/4919 

Banks, S.C., Finlayson, G.R., Lawson, S.J., Lindenmayer, D.B., Paetkau, D., Ward, 

S.J., Taylor, A.C., 2005. The effects of habitat fragmentation due to forestry 

plantation establishment on the demography and genetic variation of a 

marsupial carnivore, Antechinus agilis. Biol. Conserv. 122, 581–597. 

Bastian, O., Beierkuhnlein, C., Klink, H.-J., Löffler, J., Steinhardt, U., Volk, M., 

Wilmking, M., 2002. Landscape structures and processes, in: Bastian, Olaf, 

Steinhardt, Uta (Eds.), Development and Perspectives of Landscape 

Ecology. Springer Netherlands, Dordrecht, pp. 49–112. 

https://doi.org/10.1007/978-94-017-1237-8_2 

Battisti, C., 2013. Ecological network planning - from paradigms to design and 

back: A cautionary note. J. Land Use Sci. 8, 215–223. 

https://doi.org/10.1080/1747423X.2011.639098 

Battisti, C., 2003. Habitat fragmentation, fauna and ecological network planning: 

Toward a theoretical conceptual framework. Ital. J. Zool. 70, 241–247. 

https://doi.org/10.1080/11250000309356524 

Baur, B., Jaggi, C., 1999. Overgrowing forest as a possible cause for the local 

extinction of Vipera aspis in the northern Swiss Jura mountains. Amphib.-

Reptil. 20, 25–34. 



Mapping landscape connectivity challenges using biological data and local ecological knowledge 

196 
 

Beckline, M., Yujun, S., 2014. Assessing the effectiveness of urban nature reserves 

on biodiversity conservation. Appl. Ecol. Environ. Sci. 2, 130–134. 

Bede-Fazekas, Á., Somodi, I., 2020. The way bioclimatic variables are calculated 

has impact on potential distribution models. Methods Ecol. Evol. 11, 1559–

1570. https://doi.org/10.1111/2041-210X.13488 

Beier, P., 1993. Determining Minimum Habitat Areas and Habitat Corridors for 

Cougars. Conserv. Biol. 7, 94–108. https://doi.org/10.1046/j.1523-

1739.1993.07010094.x 

Beier, P., Majka, D.R., Spencer, W.D., 2008. Forks in the road: choices in 

procedures for designing wildland linkages. Conserv. Biol. J. Soc. Conserv. 

Biol. 22, 836–851. https://doi.org/10.1111/j.1523-1739.2008.00942.x 

Beier, P., Noss, R.F., 1998. Do habitat corridors provide connectivity ? Conserv. 

Biol. 12, 1241–1252. 

Belgiu, M., Drăguţ, L., 2016. Random forest in remote sensing: A review of 

applications and future directions. ISPRS J. Photogramm. Remote Sens. 

114, 24–31. https://doi.org/10.1016/j.isprsjprs.2016.01.011 

Bender, D.J., Contreras, T.A., Fahrig, L., 1998. Habitat Loss and Population 

Decline: A Meta-Analysis of the Patch Size Effect. Ecology 79, 517–533. 

https://doi.org/10.1890/0012-9658(1998)079[0517:HLAPDA]2.0.CO;2 

Bennett, A., Kimber, S., Ryan, P., 2000. Revegetation and wildlife. Guide 

Enhancing Reveg. Habitats Wildl. Conserv. Rural Environ. Bushcare Natl. 

Res. Dev. Program Res. Rep. 2. 

Bennett, A.F., 1998. Linkages in the Landscape. The role of corridors and 

connectivity in Wildlife Conservation. IUCN, Gland, Switzerland. 

Bennett, A.F., 1991. ROADS, ROADSIDES AND WILDLIFE CONSERVATION: 

A REVIEW. Nat. Conserv. 2 ROLE CORRIDORS. 

Bennett, A.F., 1990. Habitat corridors and the conservation of small mammals in a 

fragmented forest environment. Landsc. Ecol. 4, 109–122. 

Bennett, G., Mulongoy, K.J., 2006. Review of experience with ecological networks, 

corridors and buffer zones, in: Secretariat of the Convention on Biological 

Diversity, Montreal, Technical Series. p. 100. 

Bennett, G., Wit, P. de, 2001. The development and application of ecological 

networks : a review of proposals, plans and programmes. 

Benton, T.G., Vickery, J.A., Wilson, J.D., 2003. Farmland biodiversity: is habitat 

heterogeneity the key? Trends Ecol. Evol. 18, 182–188. 

https://doi.org/10.1016/S0169-5347(03)00011-9 

Berggren, Å., Birath, B., Kindvall, O., 2002. Effect of Corridors and Habitat Edges 

on Dispersal Behavior, Movement Rates, and Movement Angles in Roesel’s 

Bush-Cricket (Metrioptera roeseli). Conserv. Biol. 16, 1562–1569. 

https://doi.org/10.1046/j.1523-1739.2002.01203.x 

Bernier, A., Théau, J., 2013. Modélisation de réseaux écologiques et impacts des 

choix méthodologiques sur leur configuration spatiale : analyse de cas en 

Estrie (Québec, Canada). VertigO - Rev. Électronique En Sci. Environ. 



References 

197 
 

Beunen, R., Hagens, J.E., 2009. The use of the concept of Ecological Networks in 

nature conservation policies and planning practices. Landsc. Res. 34, 563–

580. https://doi.org/10.1080/01426390903184280 

Biau, G., Scornet, E., 2016. A random forest guided tour. TEST 25, 197–227. 

https://doi.org/10.1007/s11749-016-0481-7 

Bierregaard, R.O., Lovejoy, .E., Kapos, V., Santos, A.A. dos, Hutchings, R.W., 

1992. The Biological Dynamics of Tropical Rainforest Fragments. 

BioScience 42, 859–866. https://doi.org/10.2307/1312085 

Birch, C.P.D., Oom, S.P., Beecham, J.A., 2007. Rectangular and hexagonal grids 

used for observation, experiment and simulation in ecology. Ecol. Model. 

206, 347–359. https://doi.org/10.1016/j.ecolmodel.2007.03.041 

Blake, J.G., Karr, J.R., 1987. Breeding Birds of Isolated Woodlots: Area and Habitat 

Relationships. Ecology 68, 1724–1734. https://doi.org/10.2307/1939864 

Blasi, C., Filibeck, G., Frondoni, R., Rosati, L., Smiraglia, D., 2004. The map of the 

vegetation series of Italy. Fitosociologia 41, 21–26. 

Boecklen, W.J., 1986. Effects of habitat heterogeneity on the species-area 

relationships of forest birds. J. Biogeogr. 59–68. 

Boeraeve, F., Bourdouxhe, A., Dufrêne, M., Mahy, G., 2020a. Guide 

méthodologique provisoire de la cartographie du réseau écologique à 

l’échelle locale. Provisional methodological guide for ecological network 

mapping at the local scale. 

Boeraeve, F., Dendoncker, N., Cornelis, J.-T., Degrune, F., Dufrêne, M., 2020b. 

Contribution of agroecological farming systems to the delivery of ecosystem 

services. J. Environ. Manage. 

https://doi.org/10.1016/j.jenvman.2019.109576 

Bohn, U., Gollub, G., 2006. THE USE AND APPLICATION OF THE MAP OF 

THE NATURAL VEGETATION OF EUROPE WITH PARTICULAR 

REFERENCE TO GERMANY. Biol. Environ. Proc. R. Ir. Acad. 106B, 

199–213. 

Borgström, S., Cousins, S.A.O., Lindborg, R., 2012. Outside the boundary – Land 

use changes in the surroundings of urban nature reserves. Appl. Geogr. 32, 

350–359. https://doi.org/10.1016/j.apgeog.2011.06.012 

Botts, E.A., Erasmus, B.F.N., Alexander, G.J., 2011. Geographic sampling bias in 

the South African Frog Atlas Project: implications for conservation 

planning. Biodivers. Conserv. 20, 119–139. https://doi.org/10.1007/s10531-

010-9950-6 

Bourdouxhe, A., Duflot, R., Radoux, J., Dufrêne, M., 2020. Comparison of methods 

to model species habitat networks for decision-making in nature 

conservation: The case of the wildcat in southern Belgium. J. Nat. Conserv. 

58, 125901. https://doi.org/10.1016/j.jnc.2020.125901 

Bourdouxhe, A., Wibail, L., Claessens, H., Dufrêne, M., 2023. Modeling potential 

natural vegetation: A new light on an old concept to guide nature 



Mapping landscape connectivity challenges using biological data and local ecological knowledge 

198 
 

conservation in fragmented and degraded landscapes. Ecol. Model. 481, 

110382. https://doi.org/10.1016/j.ecolmodel.2023.110382 

Bradstock, R.A., Williams, J.E., Gill, M.A., 2002. Flammable Australia: the fire 

regimes and biodiversity of a continent. Cambridge University Press. 

Braithwaite, W., 2004. Do current forestry practices threaten forest fauna? A 

perspective. 

Braithwaite, W., Belbin, L., Ive, J., Austin, M., 1993. Land use allocation and 

biological conservation in the Batemans Bay forests of New South Wales. 

Aust. For. 56, 4–21. 

Breckheimer, I., Haddad, N.M., Morris, W.F., Trainor, A.M., Fields, W.R., Jobe, 

R.T., Hudgens, B.R., Moody, A., Walters, J.R., 2014. Defining and 

evaluating the umbrella species concept for conserving and restoring 

landscape connectivity. Conserv. Biol. J. Soc. Conserv. Biol. 28, 1584–

1593. https://doi.org/10.1111/cobi.12362 

Breiman, L., 2001. Random Forests. Mach. Learn. 45, 5–32. 

https://doi.org/10.1023/A:1010933404324 

Brennan, A., Beytell, P., Aschenborn, O., Du Preez, P., Funston, P.J., Hanssen, L., 

Kilian, J.W., Stuart-Hill, G., Taylor, R.D., Naidoo, R., 2020. Characterizing 

multispecies connectivity across a transfrontier conservation landscape. J. 

Appl. Ecol. 57, 1700–1710. https://doi.org/10.1111/1365-2664.13716 

Bright, P.W., 1998. Behaviour of specialist species in habitat corridors: arboreal 

dormice avoid corridor gaps. Anim. Behav. 56, 1485–1490. 

Brodie, J.F., Giordano, A.J., Dickson, B., Hebblewhite, M., Bernard, H., Mohd-

Azlan, J., Anderson, J., Ambu, L., 2015. Evaluating multispecies landscape 

connectivity in a threatened tropical mammal community. Conserv. Biol. 29, 

122–132. https://doi.org/10.1111/cobi.12337 

Brooker, L., 2002. The application of focal species knowledge to landscape design 

in agricultural lands using the ecological neighbourhood as a template. 

Landsc. Urban Plan. 60, 185–210. 

Brooker, M., Brooker, L., 2001. Breeding biology, reproductive success and survival 

of blue-breasted fairy-wrens in fragmented habitat in the Western Australian 

wheatbelt. Wildl. Res. 28, 205–214. 

Brown, J.H., Kodric-Brown, A., 1977. Turnover rates in insular biogeography: 

effect of immigration on extinction. Ecology 58, 445–449. 

Bruinderink, G.G., Van Der Sluis, T., Lammertsma, D., Opdam, P., Pouwels, R., 

2003. Designing a coherent ecological network for large mammals in 

northwestern Europe. Conserv. Biol. 17, 549–557. 

https://doi.org/10.1046/j.1523-1739.2003.01137.x 

Bruun, H.H., 2000. Patterns of species richness in dry grassland patches in an 

agricultural landscape. Ecography 23, 641–650. 

https://doi.org/10.1111/j.1600-0587.2000.tb00307.x 



References 

199 
 

Bryn, A., 2008. Recent forest limit changes in south-east Norway: Effects of climate 

change or regrowth after abandoned utilisation? Nor. Geogr. Tidsskr.-Nor. J. 

Geogr. 62, 251–270. 

Bunce, R., Metzger, M., Jongman, R., Brandt, J., De Blust, G., Elena-Rossello, R., 

Groom, G.B., Halada, L., Hofer, G., Howard, D., others, 2008. A 

standardized procedure for surveillance and monitoring European habitats 

and provision of spatial data. Landsc. Ecol. 23, 11–25. 

Bunnell, F.L., 1999. What habitat is an island. For. Wildl. Fragm. Manag. Implic. 1–

31. 

Burbrink, F.T., Phillips, C.A., Heske, E.J., 1998. A riparian zone in southern Illinois 

as a potential dispersal corridor for reptiles and amphibians. Biol. Conserv. 

86, 107–115. https://doi.org/10.1016/S0006-3207(98)00054-8 

Burel, F., 1996. Hedgerows and Their Role in Agricultural Landscapes. Crit. Rev. 

Plant Sci. 15, 169–190. https://doi.org/10.1080/07352689.1996.10393185 

Burnett, S.E., 1992. Effects of a Rainforest Road on Movements of Small Mammals: 

Mechanisms and Implications. Wildl. Res. 19, 95–104. 

https://doi.org/10.1071/wr9920095 

Burnside, N.G., Smith, R.F., Waite, S., 2002. Habitat suitability modelling for 

calcareous grassland restoration on the South Downs, United Kingdom. J. 

Environ. Manage. 65, 209–221. 

Cane, J.H., Minckley, R.L., Kervin, L.J., Roulston, T.H., Williams, N.M., 2006. 

Complex Responses Within A Desert Bee Guild (Hymenoptera: Apiformes) 

To Urban Habitat Fragmentation. Ecol. Appl. 16, 632–644. 

https://doi.org/10.1890/1051-0761(2006)016[0632:CRWADB]2.0.CO;2 

Cannas, I., Lai, S., Leone, F., Zoppi, C., 2018. Green infrastructure and ecological 

corridors: A regional study Concerning Sardinia. Sustain. Switz. 10. 

https://doi.org/10.3390/su10041265 

Capotorti, G., Alós Ortí, M.M., Copiz, R., Fusaro, L., Mollo, B., Salvatori, E., 

Zavattero, L., 2019. Biodiversity and ecosystem services in urban green 

infrastructure planning: A case study from the metropolitan area of Rome 

(Italy). Urban For. Urban Green. 37, 87–96. 

https://doi.org/10.1016/j.ufug.2017.12.014 

Carte Numérique des Sols de Wallonie - Série [WWW Document], 2015. URL 

http://geoportail.wallonie.be/catalogue/c5bedf2b-1cac-4231-9d9a-

854e0ef2c9ce.html (accessed 2.13.23). 

Cascante, A., Quesada, M., Lobo, J.J., Fuchs, E.A., 2002. Effects of dry tropical 

forest fragmentation on the reproductive success and genetic structure of the 

tree Samanea saman. Conserv. Biol. 16, 137–147. 

Chakraborty, D., Dobor, L., Zolles, A., Hlásny, T., Schueler, S., 2021. High-

resolution gridded climate data for Europe based on bias-corrected EURO-

CORDEX: The ECLIPS dataset. Geosci. Data J. 8, 121–131. 

https://doi.org/10.1002/gdj3.110 



Mapping landscape connectivity challenges using biological data and local ecological knowledge 

200 
 

Chalfoun, A.D., Thompson III, F.R., Ratnaswamy, M.J., 2002. Nest predators and 

fragmentation: a review and meta-analysis. Conserv. Biol. 16, 306–318. 

Chan, J.C.-W., Paelinckx, D., 2008. Evaluation of Random Forest and Adaboost 

tree-based ensemble classification and spectral band selection for ecotope 

mapping using airborne hyperspectral imagery. Remote Sens. Environ. 112, 

2999–3011. https://doi.org/10.1016/j.rse.2008.02.011 

Chawla, N.V., Bowyer, K.W., Hall, L.O., Kegelmeyer, W.P., 2002. SMOTE: 

synthetic minority over-sampling technique. J. Artif. Intell. Res. 16, 321–

357. 

Chen, C., Breiman, L., 2004. Using Random Forest to Learn Imbalanced Data. Univ. 

Calif. Berkeley. 

Chen, J., 1991. Edge effects: microclimatic pattern and biological responses in old-

growth Douglas-fir forests. University of Washington. 

Chen, J., Franklin, J.F., Spies, T.A., 1992. Vegetation Responses to Edge 

Environments in Old-Growth Douglas-Fir Forests. Ecol. Appl. 2, 387–396. 

https://doi.org/10.2307/1941873 

Chepko-Sade, B.D., Halpin, Z.T., 1987. Mammalian dispersal patterns: the effects of 

social structure on population genetics. University of Chicago Press. 

Chiarucci, A., Araújo, M.B., Decocq, G., Beierkuhnlein, C., Fernández-Palacios, 

J.M., 2010. The concept of potential natural vegetation: an epitaph? J. Veg. 

Sci. 21, 1172–1178. https://doi.org/10.1111/j.1654-1103.2010.01218.x 

Clauzel, C., Jeliazkov, A., Mimet, A., 2018. Coupling a landscape-based approach 

and graph theory to maximize multispecific connectivity in bird 

communities. Landsc. Urban Plan. 179, 1–16. 

https://doi.org/10.1016/j.landurbplan.2018.07.002 

Clauzel, C., Xiqing, D., Gongsheng, W., Giraudoux, P., Li, L., 2015. Assessing the 

impact of road developments on connectivity across multiple scales: 

Application to Yunnan snub-nosed monkey conservation. Biol. Conserv. 

192, 207–217. https://doi.org/10.1016/j.biocon.2015.09.029 

Collinge, S.K., Forman, R.T.T., 1998. A Conceptual Model of Land Conversion 

Processes: Predictions and Evidence from a Microlandscape Experiment 

with Grassland Insects. Oikos 82, 66–84. https://doi.org/10.2307/3546918 

Connor, E.F., McCoy, E.D., 1979. The statistics and biology of the species-area 

relationship. Am. Nat. 113, 791–833. 

Cordeiro, N.J., Howe, H.F., 2003. Forest fragmentation severs mutualism between 

seed dispersers and an endemic African tree. Proc. Natl. Acad. Sci. 100, 

14052–14056. https://doi.org/10.1073/pnas.2331023100 

Costa-Pereira, R., Moll, R.J., Jesmer, B.R., Jetz, W., 2022. Animal tracking moves 

community ecology: Opportunities and challenges. J. Anim. Ecol. 91, 1334–

1344. https://doi.org/10.1111/1365-2656.13698 

Covington, W.W., 2003. The evolutionary and historical context. Ecol. Restor. 

Southwest. Ponderosa Pine For. Isl. Press Wash. DC 26–47. 



References 

201 
 

CPDT, 2014. Atlas des Paysages de Wallonie 5 : L’Ardenne centrale - La Thiérache, 

SPW-DGO4 – Aménagement du Territoire. ed. Namur. 

CPDT, 2010. Atlas des Paysages de Wallonie 3 : Le Plateau condrusien, SPW-

DGO4 – Aménagement du Territoire. ed. Namur. 

Crespin, S.J., García-Villalta, J.E., 2014. Integration of Land-Sharing and Land-

Sparing Conservation Strategies Through Regional Networking: The 

Mesoamerican Biological Corridor as a Lifeline for Carnivores in El 

Salvador. Ambio 43, 820–824. https://doi.org/10.1007/s13280-013-0470-y 

Croizat, L., 1960. Principia Botanica, or beginnings of botany. 

Crooks, K.R., Suarez, A.V., Bolger, D.T., Soulé, M.E., 2001. Extinction and 

Colonization of Birds on Habitat Islands. Conserv. Biol. 15, 159–172. 

https://doi.org/10.1111/j.1523-1739.2001.99379.x 

Cruickshank, S.S., Bühler, C., Schmidt, B.R., 2019. Quantifying data quality in a 

citizen science monitoring program: False negatives, false positives and 

occupancy trends. Conserv. Sci. Pract. 1, e54. 

https://doi.org/10.1111/csp2.54 

Cunha, N.S., Magalhães, M.R., 2019. Methodology for mapping the national 

ecological network to mainland Portugal: A planning tool towards a green 

infrastructure. Ecol. Indic. 104, 802–818. 

https://doi.org/10.1016/j.ecolind.2019.04.050 

Cushman, S.A., Landguth, E.L., 2012. Multi-taxa population connectivity in the 

Northern Rocky Mountains. Ecol. Model. 231, 101–112. 

https://doi.org/10.1016/j.ecolmodel.2012.02.011 

Cutler, A., 1991. Nested Faunas and Extinction in Fragmented Habitats. Conserv. 

Biol. 5, 496–504. https://doi.org/10.1111/j.1523-1739.1991.tb00357.x 

Darveau, M., Beauchesne, P., Bélanger, L., Huot, J., Larue, P., 1995. Riparian 

Forest Strips as Habitat for Breeding Birds in Boreal Forest. J. Wildl. 

Manag. 59, 67–78. https://doi.org/10.2307/3809117 

Davies, C.E., Moss, D., Hill, M.O., 2004. EUNIS habitat classification revised 2004. 

Rep. Eur. Environ. Agency-Eur. Top. Cent. Nat. Prot. Biodivers. 127–143. 

Davies, Z.G., Pullin, A.S., 2007. Are hedgerows effective corridors between 

fragments of woodland habitat? An evidence-based approach. Landsc. Ecol. 

22, 333–351. https://doi.org/10.1007/s10980-006-9064-4 

Davis, A., Ruddle, K., 2010. Constructing confidence: rational skepticism and 

systematic enquiry in local ecological knowledge research. Ecol. Appl. 20, 

880–894. https://doi.org/10.1890/09-0422.1 

De Keersmaeker, L., Rogiers, N., Vandekerkhove, K., De Vos, B., Roelandt, B., 

Cornelis, J., De Schrijver, A., Onkelinx, T., Thomaes, A., Hermy, M., 

Verheyen, K., 2013. Application of the Ancient Forest Concept to Potential 

Natural Vegetation Mapping in Flanders, A Strongly Altered Landscape in 

Northern Belgium. Folia Geobot. 48, 137–162. 

https://doi.org/10.1007/s12224-012-9135-z 



Mapping landscape connectivity challenges using biological data and local ecological knowledge 

202 
 

De Ornellas, P., Milner-Gulland, E.J., Nicholson, E., 2011. The impact of data 

realities on conservation planning. Biol. Conserv. 144, 1980–1988. 

https://doi.org/10.1016/j.biocon.2011.04.018 

De Troch, R., Termonia, P., Van Schaeybroeck, B., 2020. High-resolution future 

climate data for species distribution models in Europe. 

https://doi.org/10.5281/zenodo.3694065 

De Vroey, M., de Vendictis, L., Zavagli, M., Bontemps, S., Heymans, D., Radoux, 

J., Koetz, B., Defourny, P., 2022. Mowing detection using Sentinel-1 and 

Sentinel-2 time series for large scale grassland monitoring. Remote Sens. 

Environ. 280, 113145. https://doi.org/10.1016/j.rse.2022.113145 

Delangre, J., Radoux, J., Dufrene, M., 2017. Landscape delineation strategy and size 

of mapping units influence the performance of habitat suitability models. 

Ecol. Inform. https://doi.org/10.1016/j.ecoinf.2017.08.005 

Delescaille, L.M., Delaitte, S., 2011. L’Atlas floristique de Wallonie : où en est-on? 

Adoxa 68 17–19. 

Delescaille, L.M., Wibail, L., Claessens, H., Dufrêne, M., Mahy, G., Peeters, A., 

Sérusiaux, E., 2021. Les Habitats d’Intérêt Communautaire de Wallonie, 

Publication du Département de l’Étude du Milieu Naturel et Agricole (SPW 

ARNE ), Série « Faune – Flore – Habitat ». Gembloux. 

Deng, W., Zheng, G., 2004. Landscape and habitat factors affecting cabot’s tragopan 

Tragopan caboti occurrence in habitat fragments. Biol. Conserv. 117, 25–32. 

https://doi.org/10.1016/S0006-3207(03)00259-3 

Denton, J.S., Beebee, T.J.C., 1994. The basis of niche separation during terrestrial 

life between two species of toad (Bufo bufo and Bufo calamita): competition 

or specialisation? Oecologia 97, 390–398. 

https://doi.org/10.1007/BF00317330 

Derraik, J.G., Slaney, D., 2007. Anthropogenic environmental change, mosquito-

borne diseases and human health in New Zealand. EcoHealth 4, 72–81. 

Diamond, J.M., 1975. The island dilemma: lessons of modern biogeographic studies 

for the design of natural reserves. Biol. Conserv. 7, 129–146. 

Dinerstein, E., Vynne, C., Sala, E., Joshi, A.R., Fernando, S., Lovejoy, T.E., 

Mayorga, J., Olson, D., Asner, G.P., Baillie, J.E.M., Burgess, N.D., Burkart, 

K., Noss, R.F., Zhang, Y.P., Baccini, A., Birch, T., Hahn, N., Joppa, L.N., 

Wikramanayake, E., 2019. A Global Deal For Nature: Guiding principles, 

milestones, and targets. Sci. Adv. 5, eaaw2869. 

https://doi.org/10.1126/sciadv.aaw2869 

Donald, P.F., Evans, A.D., 2006. Habitat connectivity and matrix restoration: the 

wider implications of agri-environment schemes. J. Appl. Ecol. 43, 209–

218. 

D’Or Dimitri, 2021. Soil texture – Ephesia Consult. URL https://www.ephesia-

consult.com/portfolio/soil-texture/ (accessed 3.28.22). 

Drăguţ, L., Eisank, C., 2012. Automated object-based classification of topography 

from SRTM data. Geomorphology 141, 21–33. 



References 

203 
 

Drăguţ, L., Tiede, D., Levick, S.R., 2010. ESP: a tool to estimate scale parameter for 

multiresolution image segmentation of remotely sensed data. Int. J. Geogr. 

Inf. Sci. 24, 859–871. 

Dramstad, W., Olson, J.D., Forman, R.T., 1996. Landscape ecology principles in 

landscape architecture and land-use planning. Island press. 

Drescher, M., Perera, A.H., 2012. Exploring Expert Knowledge of Forest 

Succession: An Assessment of Uncertainty and a Comparison with 

Empirical Data. Expert Knowl. Its Appl. Landsc. Ecol. 173–188. 

Driezen, K., Adriaensen, F., Rondinini, C., Doncaster, C.P., Matthysen, E., 2007. 

Evaluating least-cost model predictions with empirical dispersal data: A 

case-study using radiotracking data of hedgehogs (Erinaceus europaeus). 

Ecol. Model. 209, 314–322. 

https://doi.org/10.1016/j.ecolmodel.2007.07.002 

Dubois, Q., Renglet, J., 2020. Identification des zones de conflits entre la faune et le 

réseau routier en Wallonie. Biotope Environnement, Vance, Belgique. 

Duflot, R., Avon, C., Roche, P., Bergès, L., 2018a. Combining habitat suitability 

models and spatial graphs for more effective landscape conservation 

planning: An applied methodological framework and a species case study. J. 

Nat. Conserv. 46, 38–47. https://doi.org/10.1016/j.jnc.2018.08.005 

Duflot, R., Daniel, H., Aviron, S., Alignier, A., Beaujouan, V., Burel, F., Cochard, 

A., Ernoult, A., Pain, G., Pithon, J.A., 2018b. Adjacent woodlands rather 

than habitat connectivity influence grassland plant, carabid and bird 

assemblages in farmland landscapes. Biodivers. Conserv. 27, 1925–1942. 

https://doi.org/10.1007/s10531-018-1517-y 

Dufrêne, M., 2005. Le réseau Natura 2000 en région wallonne : stratégies, réseau 

écologique et mise en oeuvre. Presented at the Chaire Tractebel. 

Dufrêne, M., 2000. L’inventaire des sites de grand intérêt biologique comme 

contribution à la cartographie du patrimoine naturel. Presented at the 

Colloque “Inventaire et suivi de la biodiversité en Région wallonne.” 

Dufrêne, M., Delescaille, L.-M., 2007. Guide méthodologique pour l’inventaire et la 

cartographie des habitats et des habitats d’espèces dans le cadre de la 

réalisation des arrêtés de désignation en Région wallonne. 

Dufrêne, M., Delescaille, L.-M., 2005. La typologie WalEUNIS des biotopes 

wallons. 

Dufrêne, M., Legendre, P., 1997. Species Assemblages and Indicator Species:the 

Need for a Flexible Asymmetrical Approach. Ecol. Monogr. 67, 345–366. 

https://doi.org/10.1890/0012-9615(1997)067[0345:SAAIST]2.0.CO;2 

Dufrêne, M., Legendre, P., 1991. Geographic structure and potential ecological 

factors in Belgium. J. Biogeogr. 18, 257–266. 

Dunn, R.R., 2004. Managing the tropical landscape: a comparison of the effects of 

logging and forest conversion to agriculture on ants, birds, and lepidoptera. 

For. Ecol. Manag. 191, 215–224. 

https://doi.org/10.1016/j.foreco.2003.12.008 



Mapping landscape connectivity challenges using biological data and local ecological knowledge 

204 
 

Duvigneaud, P., 1949. Classification phytosociologique des tourbières de l’Europe. 

Bull. Société R. Bot. Belg. Van K. Belg. Bot. Ver. 81, 58–129. 

Dyer, R.J., 2015. Population graphs and landscape genetics. Annu. Rev. Ecol. Evol. 

Syst. 46, 327–342. 

EEA Glossary — European Environment Agency [WWW Document], n.d. URL 

https://www.eea.europa.eu/help/glossary/eea-glossary (accessed 10.4.23). 

Egan, J.F., Mortensen, D.A., 2012. A comparison of land‐sharing and land‐sparing 

strategies for plant richness conservation in agricultural landscapes. Ecol. 

Appl. 22, 459–471. https://doi.org/10.1890/11-0206.1 

Egoh, B., Drakou, E.G., Dunbar, M.B., Maes, J., Willemen, L., others, 2012. 

Indicators for mapping ecosystem services: a review. European 

Commission, Joint Research Centre (JRC). 

Ejrnæs, R., 2000. Can we trust gradients extracted by Detrended Correspondence 

Analysis? J. Veg. Sci. 11, 565–572. https://doi.org/10.2307/3246586 

Ellis, E.C., Wang, H., Xiao, H.S., Peng, K., Liu, X.P., Li, S.C., Ouyang, H., Cheng, 

X., Yang, L.Z., 2006. Measuring long-term ecological changes in densely 

populated landscapes using current and historical high resolution imagery. 

Remote Sens. Environ. 100, 457–473. 

https://doi.org/10.1016/j.rse.2005.11.002 

Elton, C.S., 2001. Animal ecology. University of Chicago Press. 

Epps, C.W., Mutayoba, B.M., Gwin, L., Brashares, J.S., 2011. An empirical 

evaluation of the African elephant as a focal species for connectivity 

planning in East Africa. Divers. Distrib. 17, 603–612. 

https://doi.org/10.1111/j.1472-4642.2011.00773.x 

Epps, C.W., Palsbøll, P.J., Wehausen, J.D., Roderick, G.K., Ramey, R.R., 

McCullough, D.R., 2005. Highways block gene flow and cause a rapid 

decline in genetic diversity of desert bighorn sheep. Ecol. Lett. 8, 1029–

1038. https://doi.org/10.1111/j.1461-0248.2005.00804.x 

Ersoy, E., Jorgensen, A., Warren, P.H., 2018. Identifying multispecies connectivity 

corridors and the spatial pattern of the landscape. 

https://doi.org/10.1016/j.ufug.2018.08.001 

European Commission, 2013. Communication from the Commission to the 

European Parliament, the Council, the European Economic and Social 

Committee and the Committee of the Regions: Green Infrastructure (GI) – 

Enhancing Europe’s Natural Capital. COM (2013) 249 final, Brussels, 2013 

11 p. 

Ewers, R.M., Didham, R.K., 2006. Confounding factors in the detection of species 

responses to habitat fragmentation. Biol. Rev. 81, 117–142. 

https://doi.org/10.1017/S1464793105006949 

Eycott, A.E., Stewart, G.B., Buyung-Ali, L.M., Bowler, D.E., Watts, K., Pullin, 

A.S., 2012. A meta-analysis on the impact of different matrix structures on 

species movement rates. Landsc. Ecol. 27, 1263–1278. 

https://doi.org/10.1007/s10980-012-9781-9 



References 

205 
 

Fahrig, L., 2003. Effects of Habitat Fragmentation on Biodiversity. Annu. Rev. Ecol. 

Evol. Syst. 34, 487–515. 

https://doi.org/10.1146/annurev.ecolsys.34.011802.132419 

Fahrig, L., 1999. Forest loss and fragmentation: which has the greater effect on 

persistence of forest-dwelling animals?, in: Forest Fragmentation: Wildlife 

Management Implications. Leiden, Germany, pp. 87–95. 

Fahrig, L., 1998. When does fragmentation of breeding habitat affect population 

survival? Ecol. Model. 105, 273–292. https://doi.org/10.1016/S0304-

3800(97)00163-4 

Fahrig, L., Merriam, G., 1985. Habitat Patch Connectivity and Population Survival. 

Ecology 66, 1762–1768. https://doi.org/10.2307/2937372 

Falcucci, A., Maiorano, L., Boitani, L., 2007. Changes in land-use/land-cover 

patterns in Italy and their implications for biodiversity conservation. Landsc. 

Ecol. 22, 617–631. https://doi.org/10.1007/s10980-006-9056-4 

Falcy, M.R., Estades, C.F., 2007. Effectiveness of Corridors Relative to 

Enlargement of Habitat Patches. Conserv. Biol. 21, 1341–1346. 

https://doi.org/10.1111/j.1523-1739.2007.00766.x 

Fernández-Juricic, E., 2004. Spatial and temporal analysis of the distribution of 

forest specialists in an urban-fragmented landscape (Madrid, Spain): 

Implications for local and regional bird conservation. Landsc. Urban Plan. 

69, 17–32. https://doi.org/10.1016/j.landurbplan.2003.09.001 

Ferreras, P., 2001. Landscape structure and asymmetrical inter-patch connectivity in 

a metapopulation of the endangered Iberian lynx. Biol. Conserv. 100, 125–

136. 

Fischer, C., Schlinkert, H., Ludwig, M., Holzschuh, A., Gallé, R., Tscharntke, T., 

Batáry, P., 2013. The impact of hedge-forest connectivity and microhabitat 

conditions on spider and carabid beetle assemblages in agricultural 

landscapes. J. Insect Conserv. 17, 1027–1038. 

https://doi.org/10.1007/s10841-013-9586-4 

Fischer, J., Abson, D.J., Butsic, V., Chappell, M.J., Ekroos, J., Hanspach, J., 

Kuemmerle, T., Smith, H.G., von Wehrden, H., 2014. Land Sparing Versus 

Land Sharing: Moving Forward. Conserv. Lett. 7, 149–157. 

https://doi.org/10.1111/conl.12084 

Fischer, J., Fazey, I., Briese, R., Lindenmayer, D.B., 2005. Making the matrix 

matter: challenges in Australian grazing landscapes. Biodivers. Conserv. 14, 

561–578. https://doi.org/10.1007/s10531-004-3916-5 

Fischer, J., Lindenmayer, D.B., 2007. Landscape modification and habitat 

fragmentation: a synthesis. Glob. Ecol. Biogeogr. 16, 265–280. 

https://doi.org/10.1111/j.1466-8238.2007.00287.x 

Foley, J.A., DeFries, R., Asner, G.P., Barford, C., Bonan, G., Carpenter, S.R., 

Chapin, F.S., Coe, M.T., Daily, G.C., Gibbs, H.K., Helkowski, J.H., 

Holloway, T., Howard, E.A., Kucharik, C.J., Monfreda, C., Patz, J.A., 



Mapping landscape connectivity challenges using biological data and local ecological knowledge 

206 
 

Prentice, I.C., Ramankutty, N., Snyder, P.K., 2005. Global Consequences of 

Land Use. Science 309, 570–574. https://doi.org/10.1126/science.1111772 

Folke, C., Jansson, Å., Rockström, J., Olsson, P., Carpenter, S.R., Stuart Chapin, F., 

Crépin, A.-S., Daily, G., Danell, K., Ebbesson, J., Elmqvist, T., Galaz, V., 

Moberg, F., Nilsson, M., Österblom, H., Ostrom, E., Persson, Å., Peterson, 

G., Polasky, S., Steffen, W., Walker, B., Westley, F., 2011. Reconnecting to 

the Biosphere. AMBIO J. Hum. Environ. 40, 719–738. 

https://doi.org/10.1007/s13280-011-0184-y 

Foltête, J.-C., 2019. How ecological networks could benefit from landscape graphs: 

A response to the paper by Spartaco Gippoliti and Corrado Battisti. Land 

Use Policy 80, 391–394. https://doi.org/10.1016/j.landusepol.2018.04.020 

Foltête, J.-C., Clauzel, C., Vuidel, G., 2012. A software tool dedicated to the 

modelling of landscape networks. Environ. Model. Softw. 38, 316–327. 

https://doi.org/10.1016/j.envsoft.2012.07.002 

Foltête, J.-C., Girardet, X., Clauzel, C., 2014. A methodological framework for the 

use of landscape graphs in land-use planning. Landsc. Urban Plan. 124, 

140–150. https://doi.org/10.1016/j.landurbplan.2013.12.012 

Foltête, J.-C., Vuidel, G., Savary, P., Clauzel, C., Sahraoui, Y., Girardet, X., 

Bourgeois, M., 2021. Graphab: An application for modeling and managing 

ecological habitat networks. Softw. Impacts 8, 100065. 

https://doi.org/10.1016/j.simpa.2021.100065 

Forest Ecosystem Management Assessment Team, 1993. Forest Ecosystem 

Management: An Ecological, Economic, and Social Assessment. The 

Service. 

Forestimator [WWW Document], 2021. URL 

https://forestimator.gembloux.ulg.ac.be/ (accessed 2.13.23). 

Forman, R.T., 1995. Land mosaics: The ecology of landscapes and regions. Ecol. 

Des. Plan. Read. Isl. Wash. DC USA 217–234. 

Forman, R.T., Baudry, J., 1984. Hedgerows and hedgerow networks in landscape 

ecology. Environ. Manage. 8, 495–510. 

Forman, R.T.T., 1995. Land Mosaics: The Ecology of Landscapes and Regions, 

Cambridge University Press. ed. Cambridge, UK. 

Forman, R.T.T., Deblinger, R.D., 2000. The Ecological Road-Effect Zone of a 

Massachusetts (U.S.A.) Suburban Highway. Conserv. Biol. 14, 36–46. 

https://doi.org/10.1046/j.1523-1739.2000.99088.x 

Forshaw, J., 2002. Australian Parrots. Illustrated by WT Cooper. Alexander Ed. 

Robina Qld. 

Francesco Ficetola, G., De Bernardi, F., 2004. Amphibians in a human-dominated 

landscape: the community structure is related to habitat features and 

isolation. Biol. Conserv. 119, 219–230. 

https://doi.org/10.1016/j.biocon.2003.11.004 

Franklin, J.F., 1985. Ecosystem responses to the eruption of Mount St. Helens. Natl. 

Geogr. Res. 1, 198–216. 



References 

207 
 

Franklin, J.F., Cromack, K.J., Denison, W., McKee, A., Maser, C., Sedell, J., 

Swanson, F., Juday, G., 1981. Ecological attributes of old-growth Douglas-

fir forests. USDA For. Serv. Gen. Tech. Rep. PNW 118. 

Fry, G., Gustavsson, R., 1996. Testing landscape design principles: the landscape 

laboratory. Ecol. Landsc. Consequences Land Use Change Eur. Eur. Cent. 

Nat. Conserv. ECNC Tilburg 143–154. 

Galetti, M., Donatti, C.I., Pires, A.S., GUIMARÃES JR, P.R., Jordano, P., 2006. 

Seed survival and dispersal of an endemic Atlantic forest palm: the 

combined effects of defaunation and forest fragmentation. Bot. J. Linn. Soc. 

151, 141–149. 

Galindo-González, J., Guevara, S., Sosa, V.J., 2000. Bat-and bird-generated seed 

rains at isolated trees in pastures in a tropical rainforest. Conserv. Biol. 14, 

1693–1703. 

Gallizia Vuerich, L., Poldini, L., Feoli, E., 2001. Model for the potential natural 

vegetation mapping of Friuli-Venezia Giulia (Ne Italy) and its application 

for a biogeographic classification of the region. Plant Biosyst. 135, 319–

336. 

Galpern, P., Manseau, M., Fall, A., 2011. Patch-Based Graphs of Landscape 

Connectivity: A Guide to Construction, Analysis and Application for 

Conservation. Biol. Conserv. 144, 44–55. 

https://doi.org/10.1016/j.biocon.2010.09.002 

Geerling, G., Vreeken-Buijs, M., Jesse, P., Ragas, A., Smits, A., 2009. Mapping 

river floodplain ecotopes by segmentation of spectral (CASI) and structural 

(LiDAR) remote sensing data. River Res. Appl. 25, 795–813. 

Genuer, R., Poggi, J.-M., Tuleau-Malot, C., 2015. VSURF: An R Package for 

Variable Selection Using Random Forests. R J. 7. 

Gerçek, D., 2017. A Conceptual Model for Delineating Land Management Units 

(LMUs) Using Geographical Object-Based Image Analysis. ISPRS Int. J. 

Geo-Inf. 6, 170. 

Gerçek, D., Toprak, V., Strobl, J., 2011. Object-based classification of landforms 

based on their local geometry and geomorphometric context. Int. J. Geogr. 

Inf. Sci. 25, 1011–1023. 

Gessler, P., Chadwick, O., Chamran, F., Althouse, L., Holmes, K., 2000. Modeling 

soil–landscape and ecosystem properties using terrain attributes. Soil Sci. 

Soc. Am. J. 64, 2046–2056. 

Gibson, L., Lynam, A.J., Bradshaw, C.J.A., He, F., Bickford, D.P., Woodruff, D.S., 

Bumrungsri, S., Laurance, W.F., 2013. Near-Complete Extinction of Native 

Small Mammal Fauna 25 Years After Forest Fragmentation. Science 341, 

1508–1510. https://doi.org/10.1126/science.1240495 

Gilbert, F., Gonzalez, A., Evans-Freke, I., 1998. Corridors maintain species richness 

in the fragmented landscapes of a microecosystem. Proc. R. Soc. Lond. B 

Biol. Sci. 265, 577–582. https://doi.org/10.1098/rspb.1998.0333 



Mapping landscape connectivity challenges using biological data and local ecological knowledge 

208 
 

Gil-Tena, A., Nabucet, J., Mony, C., Abadie, J., Saura, S., Butet, A., Burel, F., 

Ernoult, A., 2014. Woodland bird response to landscape connectivity in an 

agriculture-dominated landscape: A functional community approach. 

Community Ecol. 15, 256–268. 

https://doi.org/10.1556/ComEc.15.2014.2.14 

Godwin H., 1975. The History of the British Flora: A Factual Basis for 

Phytogeography., 2nd ed. Cambridge University Press, Cambridge. 

Gotelli, N.J., 1995. A Primer of Ecology, 206 p. Sinauer Associates, Inc. 

Sunderland, Massachusetts. 

Gottschalk, T.K., Aue, B., Hotes, S., Ekschmitt, K., 2011. Influence of grain size on 

species–habitat models. Ecol. Model. 222, 3403–3412. 

https://doi.org/10.1016/j.ecolmodel.2011.07.008 

Graf, R.F., Bollmann, K., Suter, W., Bugmann, H., 2005. The Importance of Spatial 

Scale in Habitat Models: Capercaillie in the Swiss Alps. Landsc. Ecol. 20, 

703–717. https://doi.org/10.1007/s10980-005-0063-7 

Grantham, H.S., Wilson, K.A., Moilanen, A., Rebelo, T., Possingham, H.P., 2009. 

Delaying conservation actions for improved knowledge: how long should 

we wait? Ecol. Lett. 12, 293–301. https://doi.org/10.1111/j.1461-

0248.2009.01287.x 

Gray, M.J., Smith, L.M., Leyva, R.I., 2004. Influence of agricultural landscape 

structure on a Southern High Plains, USA, amphibian assemblage. Landsc. 

Ecol. 19, 719–729. 

Green, R.E., Cornell, S.J., Scharlemann, J.P.W., Balmford, A., 2005. Farming and 

the Fate of Wild Nature. Science 307, 550–555. 

https://doi.org/10.1126/science.1106049 

Grzybowski, M., Glińska-Lewczuk, K., 2020. The principal threats to the peatlands 

habitats, in the continental bioregion of Central Europe – A case study of 

peatland conservation in Poland. J. Nat. Conserv. 53, 125778. 

https://doi.org/10.1016/j.jnc.2019.125778 

Guilbert, E., Moulin, B., 2017. Towards a common framework for the identification 

of landforms on terrain models. ISPRS Int. J. Geo-Inf. 6, 12. 

Guirado, M., Pino, J., Rodà, F., 2006. Understorey plant species richness and 

composition in metropolitan forest archipelagos: effects of forest size, 

adjacent land use and distance to the edge. Glob. Ecol. Biogeogr. 15, 50–62. 

https://doi.org/10.1111/j.1466-822X.2006.00197.x 

Guisan, A., Graham, C.H., Elith, J., Huettmann, F., Group,  the N.S.D.M., 2007. 

Sensitivity of predictive species distribution models to change in grain size. 

Divers. Distrib. 13, 332–340. https://doi.org/10.1111/j.1472-

4642.2007.00342.x 

Guisan, A., Thuiller, W., Zimmermann, N.E., 2017. Habitat suitability and 

distribution models: with applications in R. Cambridge University Press. 

Guisan, A., Tingley, R., Baumgartner, J.B., Naujokaitis-Lewis, I., Sutcliffe, P.R., 

Tulloch, A.I.T., Regan, T.J., Brotons, L., McDonald-Madden, E., Mantyka-



References 

209 
 

Pringle, C., Martin, T.G., Rhodes, J.R., Maggini, R., Setterfield, S.A., Elith, 

J., Schwartz, M.W., Wintle, B.A., Broennimann, O., Austin, M., Ferrier, S., 

Kearney, M.R., Possingham, H.P., Buckley, Y.M., 2013. Predicting species 

distributions for conservation decisions. Ecol. Lett. 16, 1424–1435. 

https://doi.org/10.1111/ele.12189 

Guisan, A., Zimmermann, N.E., 2000. Predictive habitat distribution models in 

ecology. Ecol. Model. 135, 147–186. http://dx.doi.org/10.1016/S0304-

3800(00)00354-9 

Gurrutxaga, M., Marull, J., Domene, E., Urrea, J., 2015. Assessing the Integration of 

Landscape Connectivity into Comprehensive Spatial Planning in Spain. 

Landsc. Res. 40, 817–833. https://doi.org/10.1080/01426397.2015.1031096 

Gurrutxaga, M., Saura, S., 2014. Prioritizing highway defragmentation locations for 

restoring landscape connectivity. Environ. Conserv. 41, 157–164. 

https://doi.org/10.1017/S0376892913000325 

Gustafson, E.J., 1998. Quantifying landscape spatial pattern: what is the state of the 

art? Ecosystems 1, 143–156. 

Haber, W., 1990. Using landscape ecology in planning and management, in: 

Changing Landscapes: An Ecological Perspective. Springer, pp. 217–232. 

Haber, W., Kawanabe, H., Ohgushi, T., Higashi, M., others, 1990. Basic concepts of 

landscape ecology and their application in land management. Physiol. Ecol. 

Jpn. 27, 131–146. 

Haddad, N.M., Baum, K.A., 1999. An experimental test of corridor effects on 

butterfly densities. Ecol. Appl. 9, 623–633. 

Haines-Young, R., Potschin-Young, M., 2018. Revision of the common 

international classification for ecosystem services (CICES V5. 1): a policy 

brief. One Ecosyst. 3, e27108. 

Hall, B., Motzkin, G., Foster, D.R., Syfert, M., Burk, J., 2002. Three hundred years 

of forest and land-use change in Massachusetts, USA. J. Biogeogr. 29, 

1319–1335. 

Hall, C.M., 1988. The “worthless lands hypothesis” and Australia’s national parks 

and reserves. Aust. Ever Chang. For. Aust. Def. Force Acad. Canberra Aust. 

441–459. 

Hamel, P., Guerry, A.D., Polasky, S., Han, B., Douglass, J.A., Hamann, M., Janke, 

B., Kuiper, J.J., Levrel, H., Liu, H., Lonsdorf, E., McDonald, R.I., 

Nootenboom, C., Ouyang, Z., Remme, R.P., Sharp, R.P., Tardieu, L., 

Viguié, V., Xu, D., Zheng, H., Daily, G.C., 2021. Mapping the benefits of 

nature in cities with the InVEST software. Npj Urban Sustain. 1, 1–9. 

https://doi.org/10.1038/s42949-021-00027-9 

Hanski, I., 2005. Landscape fragmentation, biodiversity loss and the societal 

response: The longterm consequences of our use of natural resources may be 

surprising and unpleasant. EMBO Rep. 6, 388–392. 

https://doi.org/10.1038/sj.embor.7400398 



Mapping landscape connectivity challenges using biological data and local ecological knowledge 

210 
 

Hanski, I., 1994. Patch-occupancy dynamics in fragmented landscapes. Trends Ecol. 

Evol. 9, 131–135. 

Hansson, L., 1991. Dispersal and connectivity in metapopulations. Biol. J. Linn. 

Soc. 42, 89–103. https://doi.org/10.1111/j.1095-8312.1991.tb00553.x 

Hansson, L., Söderström, L., Solbreck, C., 1992. The Ecology of Dispersal in 

Relation to Conservation, in: Ecological Principles of Nature Conservation, 

Conservation Ecology Series: Principles, Practices and Management. 

Springer, Boston, MA, pp. 162–200. https://doi.org/10.1007/978-1-4615-

3524-9_5 

Harchies, M., Boeraeve, F., Bourdouxhe, A., Dufrêne, M., 2018. Cartographie du 

Réseau écologique wallon - Etat des lieux. Mapping of the Walloon 

Ecological Network - State of the Art. 

Harper, K.A., Macdonald, S.E., Burton, P.J., Chen, J., Brosofske, K.D., Saunders, 

S.C., Euskirchen, E.S., Roberts, D., Jaiteh, M.S., Esseen, P.-A., 2005. Edge 

Influence on Forest Structure and Composition in Fragmented Landscapes. 

Conserv. Biol. 19, 768–782. https://doi.org/10.1111/j.1523-

1739.2005.00045.x 

Harris, G., Thirgood, S., Hopcraft, J.G.C., Cromsigt, J.P.G.M., Berger, J., 2009. 

Global decline in aggregated migrations of large terrestrial mammals. 

Endanger. Species Res. 7, 55–76. https://doi.org/10.3354/esr00173 

Harris, L.D., 2013. The Fragmented Forest, The Fragmented Forest. University of 

Chicago Press. 

Harris, L.D., Scheck, J., 1991. From implications to applications: the dispersal 

corridor principle applied to the conservation of biological diversity. Nat. 

Conserv. 2, 189–220. 

Harrison, S., 1991. Local extinction in a metapopulation context: an empirical 

evaluation. Biol. J. Linn. Soc. 42, 73–88. https://doi.org/10.1111/j.1095-

8312.1991.tb00552.x 

Harrison, S., Murphy, D.D., Ehrlich, P.R., 1988. Distribution of the Bay 

Checkerspot Butterfly, Euphydryas editha bayensis: Evidence for a 

Metapopulation Model. Am. Nat. 132, 360–382. 

https://doi.org/10.1086/284858 

Harrison, S., Taylor, A.D., 1997. Empirical evidence for metapopulation dynamics. 

Metapopulation Biol. 27–42. 

Hartmann, S.A., Steyer, K., Kraus, R.H.S., Segelbacher, G., Nowak, C., 2013. 

Potential barriers to gene flow in the endangered European wildcat (Felis 

silvestris). Conserv. Genet. 14, 413–426. https://doi.org/10.1007/s10592-

013-0468-9 

Haskell, D.G., 2000. Effects of Forest Roads on Macroinvertebrate Soil Fauna of the 

Southern Appalachian Mountains. Conserv. Biol. 14, 57–63. 

https://doi.org/10.1046/j.1523-1739.2000.99232.x 

Hatziiordanou, L., Fitoka, E., Hadjicharalampous, E., Eleftheria Votsi, N., Palaskas, 

D., Abdul Malak, D., 2019. Indicators for mapping and assessment of 



References 

211 
 

ecosystem condition and of the ecosystem service habitat maintenance in 

support of the EU biodiversity strategy to 2020. One Ecosyst. 4. 

https://doi.org/10.3897/oneeco.4.e32704 

Hearn, S.M., Healey, J.R., McDonald, M.A., Turner, A.J., Wong, J.L.G., Stewart, 

G.B., 2011. The repeatability of vegetation classification and mapping. J. 

Environ. Manage. 92, 1174–1184. 

https://doi.org/10.1016/j.jenvman.2010.11.021 

Heim, O., Schröder, A., Eccard, J., Jung, K., Voigt, C.C., 2016. Seasonal activity 

patterns of European bats above intensively used farmland. Agric. Ecosyst. 

Environ. 233, 130–139. https://doi.org/10.1016/j.agee.2016.09.002 

Heller, N.E., Zavaleta, E.S., 2009. Biodiversity management in the face of climate 

change: A review of 22 years of recommendations. Biol. Conserv. 142, 14–

32. https://doi.org/10.1016/j.biocon.2008.10.006 

Hels, T., Buchwald, E., 2001. The effect of road kills on amphibian populations. 

Biol. Conserv. 99, 331–340. https://doi.org/10.1016/S0006-3207(00)00215-

9 

Hemsing, L.Ø., Bryn, A., 2012. Three methods for modelling potential natural 

vegetation (PNV) compared: A methodological case study from south-

central Norway. Nor. Geogr. Tidsskr.-Nor. J. Geogr. 66, 11–29. 

Herbauts, J., Tanghe, M., 1987. RELATIONS ENTRE FORMATIONS 

SUPERFICIELLES, SOLS ET ASSOCIATIONS FORESTIÈRES SUR LA 

CUESTA BAJOCIENNE DE LORRAINE BELGE. L’EXEMPLE DU 

BOIS DE LA CÔTE À VIRTON-SAINT-MARD. Bull. Société R. Bot. 

Belg. Bull. Van K. Belg. Bot. Ver. 120, 93–105. 

Hertwig, S.T., Schweizer, M., Stepanow, S., Jungnickel, A., Böhle, U.-R., Fischer, 

M.S., 2009. Regionally high rates of hybridization and introgression in 

German wildcat populations (Felis silvestris, Carnivora, Felidae). J. Zool. 

Syst. Evol. Res. 47, 283–297. https://doi.org/10.1111/j.1439-

0469.2009.00536.x 

Hess, G.R., 1996. Linking Extinction to Connectivity and Habitat Destruction in 

Metapopulation Models. Am. Nat. 148, 226–236. 

https://doi.org/10.1086/285922 

Hewittson, H., 1997. The genetic consequences of habitat fragmentation on the bush 

rat (Rattus fuscipes) in a pine plantation near Tumut, NSW. Hons Thesis 

Aust. Natl. Univ. Canberra. 

Hijmans, R.J., Cameron, S.E., Parra, J.L., Jones, P.G., Jarvis, A., 2005. Very high 

resolution interpolated climate surfaces for global land areas. Int. J. 

Climatol. 25, 1965–1978. 

Hill, J.K., Thomas, C.D., Lewis, O.T., 1996. Effects of Habitat Patch Size and 

Isolation on Dispersal by Hesperia comma Butterflies: Implications for 

Metapopulation Structure. J. Anim. Ecol. 65, 725–735. 

https://doi.org/10.2307/5671 



Mapping landscape connectivity challenges using biological data and local ecological knowledge 

212 
 

Hilty, J., Worboys, G.L., Keeley, A., Woodley, S., Lausche, B.J., Locke, H., Carr, 

M., Pulsford, I., Pittock, J., White, J.W., Theobald, D.M., Levine, J., 

Reuling, M., Watson, J.E.M., Ament, R., Tabor, G.M., 2020. Guidelines for 

conserving connectivity through ecological networks and corridors. IUCN, 

International Union for Conservation of Nature. 

https://doi.org/10.2305/IUCN.CH.2020.PAG.30.en 

Hilty, J.A., Keeley, A.T., Merenlender, A.M., Lidicker Jr, W.Z., 2019. Corridor 

Ecology: Linking Landscapes for Biodiversity Conservation and Climate 

Adaptation. Island Press. 

Hilty, J.A., Lidicker, W.Z.Jr., Merenlender, A.M., 2006. Corridor Ecology : the 

science and practice of linking landscapes for biodiversity conservation, 

Island Press. ed. Washington DC. 

Hinsley, S.A., Rothery, P., Bellamy, P.E., 1999. Influence of woodland area on 

breeding success in Great Tits Parus major and Blue Tits Parus caeruleus. J. 

Avian Biol. 271–281. 

Hobbie, S.E., Grimm, N.B., 2020. Nature-based approaches to managing climate 

change impacts in cities. Philos. Trans. R. Soc. B Biol. Sci. 375, 20190124. 

https://doi.org/10.1098/rstb.2019.0124 

Hobbs, R.J., Yates, C.J., 2003. Impacts of ecosystem fragmentation on plant 

populations: generalising the idiosyncratic. Aust. J. Bot. 51, 471–488. 

https://doi.org/10.1071/bt03037 

Hoctor, T.S., Carr, M.H., Zwick, P.D., 2000. Identifying a Linked Reserve System 

Using a Regional Landscape Approach: the Florida Ecological Network. 

Conserv. Biol. 14, 984–1000. https://doi.org/10.1046/j.1523-

1739.2000.99075.x 

Hodgson, J.A., Thomas, C.D., Wintle, B.A., Moilanen, A., 2009. Climate change, 

connectivity and conservation decision making: back to basics. J. Appl. 

Ecol. 46, 964–969. https://doi.org/10.1111/j.1365-2664.2009.01695.x 

Hokit, D.G., Stith, B.M., Branch, L.C., 1999. Effects of Landscape Structure in 

Florida Scrub: A Population Perspective. Ecol. Appl. 9, 124–134. 

https://doi.org/10.1890/1051-0761(1999)009[0124:EOLSIF]2.0.CO;2 

Holyoak, M., 2000. Habitat Patch Arrangement and Metapopulation Persistence of 

Predators and Prey. Am. Nat. 156, 378–389. https://doi.org/10.1086/303395 

HONG, S.-K., Kim, S., CHO, K.-H., KIM, J.-E., Kang, S., Lee, D., 2004. Ecotope 

mapping for landscape ecological assessment of habitat and ecosystem. 

Ecol. Res. 19, 131–139. 

Honnay, O., Verheyen, K., Hermy, M., 2002. Permeability of ancient forest edges 

for weedy plant species invasion. For. Ecol. Manag. 161, 109–122. 

https://doi.org/10.1016/S0378-1127(01)00490-X 

Horvath, P., Halvorsen, R., Stordal, F., Tallaksen, L.M., Tang, H., Bryn, A., 2019. 

Distribution modelling of vegetation types based on area frame survey data. 

Appl. Veg. Sci. 22, 547–560. https://doi.org/10.1111/avsc.12451 



References 

213 
 

Hrudey, S.E., Hrudey, E.J., 2007. Published case studies of waterborne disease 

outbreaks—evidence of a recurrent threat. Water Environ. Res. 79, 233–

245. 

Hubbard, A.L., McOris, S., Jones, T.W., Boid, R., Scott, R., Easterbee, N., 1992. Is 

survival of European wildcats Felis silvestris in Britain threatened by 

interbreeding with domestic cats? Biol. Conserv. 61, 203–208. 

https://doi.org/10.1016/0006-3207(92)91117-B 

Hubert, B., 1991. Changing land use in Provence (France). Multiple use as a 

management tool. 

Huhta, E., Aho, T., Jäntti, A., Suorsa, P., Kuitunen, M., Nikula, A., Hakkarainen, H., 

2004. Forest fragmentation increases nest predation in the Eurasian 

treecreeper. Conserv. Biol. 18, 148–155. 

Huhta, E., Jokimäki, J., Rahko, P., 1999. Breeding success of pied flycatchers in 

artificial forest edges: the effect of a suboptimally shaped foraging area. The 

Auk 116, 528–535. 

IPBES, 2019. Global assessment report on biodiversity and ecosystem services of 

the Intergovernmental Science-Policy Platform on Biodiversity and 

Ecosystem Services. Bonn, Germany. 

Jaeger, J., Madrinan, L., Soukup, T., Schwick, C., Kienast, F., 2011. Landscape 

fragmentation in Europe (Publication No. 2/2011). European Environment 

Agency, Swiss Confederation. 

Janowski, L., Trzcinska, K., Tegowski, J., Kruss, A., Rucinska-Zjadacz, M., 

Pocwiardowski, P., 2018. Nearshore Benthic Habitat Mapping Based on 

Multi-Frequency, Multibeam Echosounder Data Using a Combined Object-

Based Approach: A Case Study from the Rowy Site in the Southern Baltic 

Sea. Remote Sens. 10, 1983. 

Jansen, A., Robertson, A.I., 2001. Riparian bird communities in relation to land 

management practices in floodplain woodlands of south-eastern Australia. 

Biol. Conserv. 100, 173–185. https://doi.org/10.1016/S0006-

3207(00)00235-4 

Jerosch, S., Kramer-Schadt, S., Götz, M., Roth, M., 2018. The importance of small-

scale structures in an agriculturally dominated landscape for the European 

wildcat (Felis silvestris silvestris) in central Europe and implications for its 

conservation. J. Nat. Conserv. 41, 88–96. 

https://doi.org/10.1016/j.jnc.2017.11.008 

Johnson, P.T., Lunde, K.B., Thurman, E.M., Ritchie, E.G., Wray, S.N., Sutherland, 

D.R., Kapfer, J.M., Frest, T.J., Bowerman, J., Blaustein, A.R., 2002. 

Parasite (Ribeiroia ondatrae) infection linked to amphibian malformations in 

the western United States. Ecol. Monogr. 72, 151–168. 

Johnston, A., Matechou, E., Dennis, E.B., 2023. Outstanding challenges and future 

directions for biodiversity monitoring using citizen science data. Methods 

Ecol. Evol. 14, 103–116. https://doi.org/10.1111/2041-210X.13834 



Mapping landscape connectivity challenges using biological data and local ecological knowledge 

214 
 

Jones, K.R., Venter, O., Fuller, R.A., Allan, J.R., Maxwell, S.L., Negret, P.J., 

Watson, J.E.M., 2018. One-third of global protected land is under intense 

human pressure. Science 360, 788–791. 

https://doi.org/10.1126/science.aap9565 

Jones, M.E., Bain, G.C., Hamer, R.P., Proft, K.M., Gardiner, R.Z., Dixon, K.J., 

Kittipalawattanapol, K., Zepeda de Alba, A.L., Ranyard, C.E., Munks, S.A., 

Barmuta, L.A., Burridge, C.P., Johnson, C.N., Davidson, N.J., 2021. 

Research supporting restoration aiming to make a fragmented landscape 

‘functional’ for native wildlife. Ecol. Manag. Restor. 22, 65–74. 

https://doi.org/10.1111/emr.12504 

Jones-Walters, L., 2007. Pan-European Ecological Networks. J. Nat. Conserv. 15, 

262–264. https://doi.org/10.1016/j.jnc.2007.10.001 

Jongman, R.H.G., Bouwma, I.M., Griffioen, A., Jones-Walters, L., Van Doorn, 

A.M., 2011. The Pan European Ecological Network: PEEN. Landsc. Ecol. 

26, 311–326. https://doi.org/10.1007/s10980-010-9567-x 

Jongman, R.H.G., Külvik, M., Kristiansen, I., 2004. European ecological networks 

and greenways. Landsc. Urban Plan., International Greenway Planning 68, 

305–319. https://doi.org/10.1016/S0169-2046(03)00163-4 

Jongman, R.H.G., Leemans, J., 1982. Vegetatieonderzoek Gelderse Uiterwaarden. 

Een onderzoek naar de relatie tussen vegetatie, rivierregime en 

ontgrondingen. 

Kadmon, R., Farber, O., Danin, A., 2004. Effect of Roadside Bias on the Accuracy 

of Predictive Maps Produced by Bioclimatic Models. Ecol. Appl. 14, 401–

413. https://doi.org/10.1890/02-5364 

Kangas, A.S., Kangas, J., 2004. Probability, possibility and evidence: approaches to 

consider risk and uncertainty in forestry decision analysis. For. Policy Econ. 

6, 169–188. 

Ke, A., Sibiya, M.D., Reynolds, C., McCleery, R.A., Monadjem, A., Fletcher, R.J., 

2018. Landscape heterogeneity shapes taxonomic diversity of non-breeding 

birds across fragmented savanna landscapes. Biodivers. Conserv. 27, 2681–

2698. https://doi.org/10.1007/s10531-018-1561-7 

Kearns, C.A., Inouye, D.W., Waser, N.M., 1998. Endangered mutualisms: the 

conservation of plant-pollinator interactions. Annu. Rev. Ecol. Syst. 29, 83–

112. 

Keeley, A.T.H., Beier, P., Gagnon, J.W., 2016. Estimating landscape resistance from 

habitat suitability: effects of data source and nonlinearities. Landsc. Ecol. 

31, 2151–2162. https://doi.org/10.1007/s10980-016-0387-5 

Keesing, F., Holt, R.D., Ostfeld, R.S., 2006. Effects of species diversity on disease 

risk. Ecol. Lett. 9, 485–498. 

Kerr, J.T., Deguise, I., 2004. Habitat loss and the limits to endangered species 

recovery. Ecol. Lett. 7, 1163–1169. 



References 

215 
 

Kilgo, J.C., Sargent, R.A., Chapman, B.R., Miller, K.V., 1998. Effect of Stand 

Width and Adjacent Habitat on Breeding Bird Communities in Bottomland 

Hardwoods. J. Wildl. Manag. 62, 72–83. https://doi.org/10.2307/3802265 

Kindlmann, P., Burel, F., 2008. Connectivity measures: a review. Landsc. Ecol. 23, 

879–890. https://doi.org/10.1007/s10980-008-9245-4 

Kirchner, F., Ferdy, J.-B., Andalo, C., Colas, B., Moret, J., 2003. Role of Corridors 

in Plant Dispersal: an Example with the Endangered Ranunculus nodif lorus. 

Conserv. Biol. 17, 401–410. https://doi.org/10.1046/j.1523-

1739.2003.01392.x 

Klar, N., Fernández, N., Kramer-Schadt, S., Herrmann, M., Trinzen, M., Büttner, I., 

Niemitz, C., 2008. Habitat selection models for European wildcat 

conservation. Biol. Conserv. 141, 308–319. 

https://doi.org/10.1016/j.biocon.2007.10.004 

Klar, N., Herrmann, M., Kramer-Schadt, S., 2009. Effects and Mitigation of Road 

Impacts on Individual Movement Behavior of Wildcats. J. Wildl. Manag. 

73, 631–638. 

Klaus, F., Bass, J., Marholt, L., Müller, B., Klatt, B., Kormann, U., 2015. 

Hedgerows Have a Barrier Effect and Channel Pollinator Movement in the 

Agricultural Landscape. J. Landsc. Ecol. 8, 22–31. 

https://doi.org/10.1515/jlecol-2015-0001 

Kramer-Schadt, S., Niedballa, J., Pilgrim, J.D., Schröder, B., Lindenborn, J., 

Reinfelder, V., Stillfried, M., Heckmann, I., Scharf, A.K., Augeri, D.M., 

Cheyne, S.M., Hearn, A.J., Ross, J., Macdonald, D.W., Mathai, J., Eaton, J., 

Marshall, A.J., Semiadi, G., Rustam, R., Bernard, H., Alfred, R., Samejima, 

H., Duckworth, J.W., Breitenmoser-Wuersten, C., Belant, J.L., Hofer, H., 

Wilting, A., 2013. The importance of correcting for sampling bias in 

MaxEnt species distribution models. Divers. Distrib. 19, 1366–1379. 

https://doi.org/10.1111/ddi.12096 

Krauss, J., Klein, A.-M., Steffan-Dewenter, I., Tscharntke, T., 2004. Effects of 

habitat area, isolation, and landscape diversity on plant species richness of 

calcareous grasslands. Biodivers. Conserv. 13, 1427–1439. 

https://doi.org/10.1023/B:BIOC.0000021323.18165.58 

Kravchenko, A.N., Bullock, D.G., 2000. Correlation of corn and soybean grain yield 

with topography and soil properties. Agron. J. 92, 75–83. 

Kremen, C., 2015. Reframing the land-sparing/land-sharing debate for biodiversity 

conservation. Ann. N. Y. Acad. Sci. 1355, 52–76. 

https://doi.org/10.1111/nyas.12845 

Kuchler, A.W., 1973. Problems in Classifying and Mapping Vegetation for 

Ecological Regionalization. Ecology 54, 512–523. 

https://doi.org/10.2307/1935336 

Laita, A., Mönkkönen, M., Kotiaho, J.S., 2010. Woodland key habitats evaluated as 

part of a functional reserve network. Biol. Conserv. 143, 1212–1227. 

https://doi.org/10.1016/j.biocon.2010.02.029 



Mapping landscape connectivity challenges using biological data and local ecological knowledge 

216 
 

Landis, J.R., Koch, G.G., 1977. An Application of Hierarchical Kappa-type 

Statistics in the Assessment of Majority Agreement among Multiple 

Observers. Biometrics 33, 363–374. https://doi.org/10.2307/2529786 

Landsberg, J., 1999. Status of temperate eucalyptus woodlands in the Australian 

Capital Territory region, in: Temperate Eucalyptus Woodlands in Australia: 

Biology, Conservation, Management and Restoration. pp. 32–44. 

Lanzas, M., Hermoso, V., de-Miguel, S., Bota, G., Brotons, L., 2019. Designing a 

network of green infrastructure to enhance the conservation value of 

protected areas and maintain ecosystem services. Sci. Total Environ. 651, 

541–550. https://doi.org/10.1016/j.scitotenv.2018.09.164 

Laurance, W.F., 2000. Do edge effects occur over large spatial scales? Trends Ecol. 

Evol. 15, 134–135. 

Laurance, W.F., 1991. Ecological correlates of extinction proneness in Australian 

tropical rain forest mammals. Conserv. Biol. 5, 79–89. 

Law, B.S., Anderson, J., Chidel, M., 1999. Bat communities in a fragmented forest 

landscape on the south-west slopes of New South Wales, Australia. Biol. 

Conserv. 88, 333–345. https://doi.org/10.1016/S0006-3207(98)00118-9 

Lecis, R., Pierpaoli, M., Birò, Z.S., Szemethy, L., Ragni, B., Vercillo, F., Randi, E., 

2006. Bayesian analyses of admixture in wild and domestic cats (Felis 

silvestris) using linked microsatellite loci. Mol. Ecol. 15, 119–131. 

https://doi.org/10.1111/j.1365-294X.2005.02812.x 

Leguédois, S., Party, J.-P., Dupouey, J.-L., Gauquelin, T., Gégout, J.-C., Lecareux, 

C., Badeau, V., Probst, A., 2011. La carte de végétation du CNRS à l’ère du 

numérique. Cybergeo Eur. J. Geogr. https://doi.org/10.4000/cybergeo.24688 

Leibenath, M., 2011. Exploring substantive interfaces between spatial planning and 

ecological networks in Germany. Plan. Pract. Res. 26, 257–270. 

https://doi.org/10.1080/02697459.2011.580110 

Levey, D.J., Bolker, B.M., Tewksbury, J.J., Sargent, S., Haddad, N.M., 2005. 

Effects of Landscape Corridors on Seed Dispersal by Birds. Science 309, 

146–148. https://doi.org/10.1126/science.1111479 

Lewis, O., Thomas, C., Hill, J., Brookes, M., Crane, T.P., Graneau, Y., Mallet, J., 

Rose, O., 1997. Three ways of assessing metapopulation structure in the 

butterfly Plebejus argus. Ecol. Entomol. 22, 283–293. 

https://doi.org/10.1046/j.1365-2311.1997.00074.x 

Li, X., Li, D., Ma, Z., Schneider, D.C., 2006. Nest site use by crested ibis: 

dependence of a multifactor model on spatial scale. Landsc. Ecol. 21, 1207–

1216. https://doi.org/10.1007/s10980-006-0021-z 

Libois, R., Maréchal, C., 1994. Le chat forestier ou chat sylvetsre (Felis silvestris 

silvestris). 

Libois, R.M., 1991. Atlas des mammifères sauvages de Wallonie (suite). Le chat 

sauvage, Felis silvestris Schreber, 1777. Cah. Ethologie 11, 81–90. 



References 

217 
 

Lifewatch-FWB : UCL - Geomatics [WWW Document], 2022. URL 

https://maps.elie.ucl.ac.be/lifewatch/habitat.html?lang=en (accessed 

2.13.23). 

Lillesand, T., Kiefer, R.W., Chipman, J., 2008. Remote Sensing and Image 

Interpretation. Wiley. 

Lindenmayer D. B., Cunningham R. B., Donnelly C. F., 1993. The conservation of 

arboreal marsupials in the montane ash forests of the central highlands of 

Victoria, South-east Australia, IV. The presence and abundance of Arboreal 

marsupials in retained linear habitats (wildlife corridors) within logged 

forest. Biol. Conserv. 66, 207–221. https://doi.org/10.1016/0006-

3207(93)90006-M 

Lindenmayer, D., Burgman, M., 2005. Practical conservation biology. Csiro 

Publishing. 

Lindenmayer, D., Claridge, A., Hazell, D., 2003. Wildlife on Farms: How to 

Conserve Native Animals. Csiro Publishing. 

Lindenmayer, D.B., Cunningham, R.B., Tanton, M.T., Nix, H.A., Smith, A.P., 1991. 

The conservation of arboreal marsupials in the montane ash forests of the 

Central Highlands of Victoria, South-East Australia: III. The habitat 

requirements of leadbeater’s possum Gymnobelideus leadbeateri and models 

of the diversity and abundance of arboreal marsupials. Biol. Conserv. 56, 

295–315. https://doi.org/10.1016/0006-3207(91)90063-F 

Lindenmayer, D.B., Fischer, J., 2013. Habitat Fragmentation and Landscape 

Change: An Ecological and Conservation Synthesis. Island Press. 

Lindenmayer, D.B., Franklin, J.F., 2002. Conserving Forest Biodiversity: A 

Comprehensive Multiscaled Approach. Island Press. 

Lindenmayer, D.B., Margules, C.R., Botkin, D.B., 2000. Indicators of Biodiversity 

for Ecologically Sustainable Forest Management. Conserv. Biol. 14, 941–

950. https://doi.org/10.1046/j.1523-1739.2000.98533.x 

Linder, P., Östlund, L., 1998. Structural changes in three mid-boreal Swedish forest 

landscapes, 1885–1996. Biol. Conserv. 85, 9–19. 

https://doi.org/10.1016/S0006-3207(97)00168-7 

Liquete, C., Kleeschulte, S., Dige, G., Maes, J., Grizzetti, B., Olah, B., Zulian, G., 

2015. Mapping green infrastructure based on ecosystem services and 

ecological networks: A Pan-European case study. Environ. Sci. Policy 54, 

268–280. https://doi.org/10.1016/j.envsci.2015.07.009 

Liu, C., Newell, G., White, M., Bennett, A.F., 2018. Identifying wildlife corridors 

for the restoration of regional habitat connectivity: A multispecies approach 

and comparison of resistance surfaces. PLoS ONE 13. 

https://doi.org/10.1371/journal.pone.0206071 

Liu, C., White, M., Newell, G., 2013. Selecting thresholds for the prediction of 

species occurrence with presence-only data. J. Biogeogr. 40, 778–789. 

https://doi.org/10.1111/jbi.12058 



Mapping landscape connectivity challenges using biological data and local ecological knowledge 

218 
 

Liu, H., Wang, L., Yang, J., Nakagoshi, N., Liang, C., Wang, W., Lv, Y., 2009. 

Predictive modeling of the potential natural vegetation pattern in northeast 

China. Ecol. Res. 24, 1313–1321. https://doi.org/10.1007/s11284-009-0616-

3 

Löfvenhaft, K., Björn, C., Ihse, M., 2002. Biotope patterns in urban areas: a 

conceptual model integrating biodiversity issues in spatial planning. Landsc. 

Urban Plan., Fragmentation and Land Use Planning: Analysis and beyond? 

58, 223–240. https://doi.org/10.1016/S0169-2046(01)00223-7 

Loidi, J., 1999. Preserving biodiversity in the European Union: the Habitats 

Directive and its application in Spain. Plant Biosyst. 133, 99–106. 

Loidi, J., Fernández-González, F., 2012. Potential natural vegetation: reburying or 

reboring? J. Veg. Sci. 23, 596–604. https://doi.org/10.1111/j.1654-

1103.2012.01387.x 

Longcore, T., Noujdina, N., Dixon, P.J., 2018. Landscape Modeling of the Potential 

Natural Vegetation of Santa Catalina Island, California. West. North Am. 

Nat. 78, 617–632. https://doi.org/10.3398/064.078.0406 

Lucas, P., van Oort, G., 1993. Dynamiek in een stadsrandzone: werken en wonen in 

de stadsrandzone van de agglomeratie Utrecht. na. 

Luck G. W., 2007. A review of the relationships between human population density 

and biodiversity. Biol. Rev. 82, 607–645. https://doi.org/10.1111/j.1469-

185X.2007.00028.x 

Lumsden, L., Bennett, A., Silins, J., Krasna, S., 1994. Fauna in a remnant 

vegetation-farmland mosaic: movements, roosts and foraging ecology of 

bats. Rep. Aust. Nat. Conserv. Agency ‘Save Bush’Program Flora Fauna 

Branch Dep. Conserv. Nat. Resour. Vic. 

MA, 2003. Millenium Ecosystem Assessment: Ecosystems and Human Well-being. 

A Framework for Assessment. 

Mabry, K.E., Barrett, G.W., 2002. Effects of corridors on home range sizes and 

interpatch movements of three small mammal species. Landsc. Ecol. 17, 

629–636. https://doi.org/10.1023/A:1021545419534 

MacArthur, R.H., 1964. Environmental factors affecting bird species diversity. Am. 

Nat. 98, 387–397. 

MacArthur, R.H., Wilson, E.O., 2001. The Theory of Island Biogeography. 

Princeton University Press. 

Mackinson, S., 2001. Integrating Local and Scientific Knowledge: An Example in 

Fisheries Science. Environ. Manage. 27, 533–545. 

https://doi.org/10.1007/s0026702366 

MacMahon, J.A., Holl, K.D., 2001. Ecological restoration: a key to conservation 

biology’s future. Conserv. Biol. Res. Priorities Decade Isl. Press Wash. DC 

245–269. 

Madsen, T., Shine, R., Olsson, M., Wittzell, H., 1999. Restoration of an inbred adder 

population. Nature 402, 34–35. 



References 

219 
 

Maebe, L., Claessens, H., Dufrêne, M., 2019. The critical role of abiotic factors and 

human activities in the supply of ecosystem services in the ES matrix. One 

Ecosyst. 4. https://doi.org/10.3897/oneeco.4.e34769 

Maes, J., Egoh, B., Willemen, L., Liquete, C., Vihervaara, P., Schägner, J.P., 

Grizzetti, B., Drakou, E.G., Notte, A.L., Zulian, G., Bouraoui, F., Luisa 

Paracchini, M., Braat, L., Bidoglio, G., 2012. Mapping ecosystem services 

for policy support and decision making in the European Union. Ecosyst. 

Serv. 1, 31–39. https://doi.org/10.1016/j.ecoser.2012.06.004 

Maggini, R., Lehmann, A., Zimmermann, N.E., Guisan, A., 2006. Improving 

generalized regression analysis for the spatial prediction of forest 

communities. J. Biogeogr. 33, 1729–1749. https://doi.org/10.1111/j.1365-

2699.2006.01465.x 

Mair, L., Ruete, A., 2016. Explaining Spatial Variation in the Recording Effort of 

Citizen Science Data across Multiple Taxa. PloS One 11, e0147796. 

https://doi.org/10.1371/journal.pone.0147796 

Malanson, G.P., Cramer, B.E., 1999. Landscape heterogeneity, connectivity, and 

critical landscapes for conservation. Divers. Distrib. 5, 27–39. 

https://doi.org/10.1046/j.1472-4642.1999.00035.x 

Mander, Ü., Kull, A., Uuemaa, E., Mõisja, K., Külvik, M., Kikas, T., Raet, J., 

Tournebize, J., Sepp, K., 2018. Green and brown infrastructures support a 

landscape-level implementation of ecological engineering. Ecol. Eng. 120, 

23–35. https://doi.org/10.1016/j.ecoleng.2018.05.019 

Margules, C.R., Milkovits, G.A., Smith, G.T., 1994. Constrasting Effects of Habitat 

Fragmentation on the Scorpion Cercophonius Squama and an Amphipod. 

Ecology 75, 2033–2042. https://doi.org/10.2307/1941608 

Margules, C.R., Pressey, R.L., 2000a. Systematic conservation planning. Nature 

405, 243–253. https://doi.org/10.1038/35012251 

Margules, C.R., Pressey, R.L., 2000b. Systematic conservation planning. Nature 

405, 243–253. https://doi.org/10.1038/35012251 

Marini, L., Bartomeus, I., Rader, R., Lami, F., 2019. Species–habitat networks: A 

tool to improve landscape management for conservation. J. Appl. Ecol. 56, 

923–928. https://doi.org/10.1111/1365-2664.13337 

Marini, M.A., Robinson, S.K., Heske, E.J., 1995. Edge effects on nest predation in 

the Shawnee National Forest, southern Illinois. Biol. Conserv. 74, 203–213. 

Martin, T.E., Karr, J.R., 1986. Patch utilization by migrating birds: resource 

oriented? Ornis Scand. 165–174. 

Martin, W.K., Eyears-Chaddock, M., Wilson, B.R., Lemon, J., 2004. The value of 

habitat reconstruction to birds at Gunnedah, New South Wales. Emu 104, 

177–189. https://doi.org/10.1071/mu02053 

Matthysen, E., Adriaensen, F., Dhondt, A.A., 1995. Dispersal distances of 

nuthatches, Sitta europaea, in a highly fragmented forest habitat. Oikos 375–

381. 



Mapping landscape connectivity challenges using biological data and local ecological knowledge 

220 
 

May, S.A., Norton, T.W., 1996. Influence of fragmentation and disturbance on the 

potential impact of feral predators on native fauna in Australian forest 

ecosystems. Wildl. Res. 23, 387–400. 

Mayor, S.J., Guralnick, R.P., Tingley, M.W., Otegui, J., Withey, J.C., Elmendorf, 

S.C., Andrew, M.E., Leyk, S., Pearse, I.S., Schneider, D.C., 2017. 

Increasing phenological asynchrony between spring green-up and arrival of 

migratory birds. Sci. Rep. 7, 1902. https://doi.org/10.1038/s41598-017-

02045-z 

McCarthy, M.A., Lindenmayer, D.B., 1999. Incorporating Metapopulation 

Dynamics of Greater Gliders into Reserve Design in Disturbed Landscapes. 

Ecology 80, 651–667. https://doi.org/10.1890/0012-

9658(1999)080[0651:IMDOGG]2.0.CO;2 

McCarthy, M.A., Lindenmayer, D.B., Drechsler, M., 1997. Extinction Debts and 

Risks Faced by Abundant Species. Conserv. Biol. 11, 221–226. 

https://doi.org/10.1046/j.1523-1739.1997.95381.x 

McClure, M.L., Hansen, A.J., Inman, R.M., 2016. Connecting models to 

movements: testing connectivity model predictions against empirical 

migration and dispersal data. Landsc. Ecol. 31, 1419–1432. 

https://doi.org/10.1007/s10980-016-0347-0 

McIntyre, N.E., Wright, C.K., Swain, S., Hayhoe, K., Liu, G., Schwartz, F.W., 

Henebry, G.M., 2014. Climate forcing of wetland landscape connectivity in 

the Great Plains. Front. Ecol. Environ. 12, 59–64. 

https://doi.org/10.1890/120369 

McIntyre, S., Hobbs, R., 1999. A Framework for Conceptualizing Human Effects on 

Landscapes and Its Relevance to Management and Research Models. 

Conserv. Biol. 13, 1282–1292. https://doi.org/10.1046/j.1523-

1739.1999.97509.x 

McRae, B.H., Dickson, B.G., Keitt, T.H., Shah, V.B., 2008. USING CIRCUIT 

THEORY TO MODEL CONNECTIVITY IN ECOLOGY, EVOLUTION, 

AND CONSERVATION. Ecology 89, 2712–2724. 

https://doi.org/10.1890/07-1861.1 

Meier, K., Kuusemets, V., Luig, J., Mander, Ü., 2005. Riparian buffer zones as 

elements of ecological networks: Case study on Parnassius mnemosyne 

distribution in Estonia. Ecol. Eng. 24, 531–537. 

https://doi.org/10.1016/j.ecoleng.2005.01.017 

Melin, E., 1997. La problématique du réseau écologique. Bases théoriques et 

perspectives d’une stratégie écologique d’occupation et de gestion de 

l’espace. Presented at the Le réseau écologique., Ministère de la Région 

Wallonne, Arquennes. 

Mennechez, G., Schtickzelle, N., Baguette, M., 2003. Metapopulation dynamics of 

the bog fritillary butterfly: Comparison of demographic parameters and 

dispersal between a continuous and a highly fragmented landscape. Landsc. 

Ecol. 18, 279–291. https://doi.org/10.1023/A:1024448829417 



References 

221 
 

Metzger, J.P., 2001. SciELO - Brazil - Effects of deforestation pattern and private 

nature reserves on the forest conservation in settlement areas of the 

Brazilian Amazon Effects of deforestation pattern and private nature 

reserves on the forest conservation in settlement areas of the Brazilian 

Amazon. Biota Neotropica 1, 1–14. https://doi.org/10.1590/S1676-

06032001000100003 

Miller, J.R., 2005. Biodiversity conservation and the extinction of experience. 

Trends Ecol. Evol. 20, 430–434. https://doi.org/10.1016/j.tree.2005.05.013 

Mittermeier, R.A., Turner, W.R., Larsen, F.W., Brooks, T.M., Gascon, C., 2011. 

Global Biodiversity Conservation: The Critical Role of Hotspots, in: 

Zachos, F.E., Habel, J.C. (Eds.), Biodiversity Hotspots: Distribution and 

Protection of Conservation Priority Areas. Springer Berlin Heidelberg, 

Berlin, Heidelberg, pp. 3–22. https://doi.org/10.1007/978-3-642-20992-5_1 

Moilanen, A., Nieminen, M., 2002. Simple connectivity measures in spatial ecology. 

Ecology 83, 1131–1145. 

Molné, F., Donati, G.F.A., Bolliger, J., Fischer, M., Maurer, M., Bach, P.M., 2023. 

Supporting the planning of urban blue-green infrastructure for biodiversity: 

A multi-scale prioritisation framework. J. Environ. Manage. 342, 118069. 

https://doi.org/10.1016/j.jenvman.2023.118069 

Mönkkönen, M., Mutanen, M., 2003. Occurrence of moths in boreal forest corridors. 

Conserv. Biol. 17, 468–475. 

Morrison, M.L., Marcot, B., Mannan, W., 2012. Wildlife-Habitat Relationships: 

Concepts and Applications. Island Press. 

Mougenot, C., Melin, É., 2000. Entre science et action: le concept de réseau 

écologique. Nat. Sci. Sociétés 8, 20–30. https://doi.org/10.1016/S1240-

1307(00)80057-6 

Mubareka, S., Estreguil, C., Baranzelli, C., Gomes, C.R., Lavalle, C., Hofer, B., 

2013. A land-use-based modelling chain to assess the impacts of Natural 

Water Retention Measures on Europe’s Green Infrastructure. Int. J. Geogr. 

Inf. Sci. 27, 1740–1763. https://doi.org/10.1080/13658816.2013.782408 

Mullins, A.R., Bain, D.J., Pfeil-McCullough, E., Hopkins, K.G., Lavin, S., 

Copeland, E., 2020. Seasonal drivers of chemical and hydrological patterns 

in roadside infiltration-based green infrastructure. Sci. Total Environ. 714, 

136503. https://doi.org/10.1016/j.scitotenv.2020.136503 

Murphy, H.T., Lovett-Doust, J., 2004. Context and connectivity in plant 

metapopulations and landscape mosaics: does the matrix matter? Oikos 105, 

3–14. 

Myers, N., Mittermeier, R.A., Mittermeier, C.G., da Fonseca, G.A.B., Kent, J., 2000. 

Biodiversity hotspots for conservation priorities. Nature 403, 853–858. 

https://doi.org/10.1038/35002501 

Nemmaoui, A., Aguilar, M., Aguilar, F., Novelli, A., García Lorca, A., 2018. 

Greenhouse crop identification from multi-temporal multi-sensor satellite 



Mapping landscape connectivity challenges using biological data and local ecological knowledge 

222 
 

imagery using object-based approach: a case study from Almería (Spain). 

Remote Sens. 10, 1751. 

New, T.R., 2000. Conservation biology: an introduction for Southern Australia. 

Oxford University Press. 

Newman, D., Tallmon, D.A., 2001. Experimental Evidence for Beneficial Fitness 

Effects of Gene Flow in Recently Isolated Populations. Conserv. Biol. 15, 

1054–1063. https://doi.org/10.1046/j.1523-1739.2001.0150041054.x 

Newmark, W.D., 1987. A land-bridge island perspective on mammalian extinctions 

in western North American parks. Nature 325, 430–432. 

https://doi.org/10.1038/325430a0 

Newmark, W.D., 1986. Species-area relationship and its determinants for mammals 

in western North American national parks. Biol. J. Linn. Soc. 28, 83–98. 

https://doi.org/10.1111/j.1095-8312.1986.tb01750.x 

Newton, A.C., Hodder, K., Cantarello, E., Perrella, L., Birch, J.C., Robins, J., 

Douglas, S., Moody, C., Cordingley, J., 2012. Cost-benefit analysis of 

ecological networks assessed through spatial analysis of ecosystem services. 

J. Appl. Ecol. 49, 571–580. https://doi.org/10.1111/j.1365-

2664.2012.02140.x 

Niemelä, J., Saarela, S.-R., Söderman, T., Kopperoinen, L., Yli-Pelkonen, V., Väre, 

S., Kotze, D.J., 2010. Using the ecosystem services approach for better 

planning and conservation of urban green spaces: A Finland case study. 

Biodivers. Conserv. 19, 3225–3243. https://doi.org/10.1007/s10531-010-

9888-8 

Niering, W.A., 1987. Vegetation Dynamics (Succession and Climax) in Relation to 

Plant Community Management. Conserv. Biol. 1, 287–295. 

https://doi.org/10.1111/j.1523-1739.1987.tb00049.x 

Noirfalise, A., 1984. Forêts et stations forestières en Belgique, Les Presses 

Agronomiques. ed. Persée - Portail des revues scientifiques en SHS, 

Gembloux. 

Noss, R.F., Cooperrider, A., 1994. Saving nature’s legacy: protecting and restoring 

biodiversity. Island Press. 

Noss, R.F., Harris, L.D., 1986. Nodes, networks, and MUMs: Preserving diversity at 

all scales. Environ. Manage. 10, 299–309. 

https://doi.org/10.1007/BF01867252 

Oertli, B., Joye, D.A., Castella, E., Juge, R., Cambin, D., Lachavanne, J.-B., 2002. 

Does size matter? The relationship between pond area and biodiversity. 

Biol. Conserv. 104, 59–70. https://doi.org/10.1016/S0006-3207(01)00154-9 

O’Hagan, A., Buck, C.E., Daneshkhah, A., Eiser, J.R., Garthwaite, P.H., Jenkinson, 

D.J., Oakley, J.E., Rakow, T., 2006. Uncertain Judgements: Eliciting Expert 

Probabilities. John Wiley, Chichester. 

Opdam, P., Steingröver, E., Rooij, S. van, 2006. Ecological networks: A spatial 

concept for multi-actor planning of sustainable landscapes. Landsc. Urban 



References 

223 
 

Plan., Landscapes and sustainability 75, 322–332. 

https://doi.org/10.1016/j.landurbplan.2005.02.015 

OpenStreetMap contributors, 2017. Planet dump retrieved from 

https://planet.osm.org. 

Osborne, P.E., Alonso, J., Bryant, R., 2001. Modelling landscape-scale habitat use 

using GIS and remote sensing: a case study with great bustards. J. Appl. 

Ecol. 38, 458–471. 

Ostermann, O.P., 1998. The need for management of nature conservation sites 

designated under Natura 2000. J. Appl. Ecol. 35, 968–973. 

https://doi.org/10.1111/j.1365-2664.1998.tb00016.x 

Ostfeld, R.S., Glass, G.E., Keesing, F., 2005. Spatial epidemiology: an emerging (or 

re-emerging) discipline. Trends Ecol. Evol., SPECIAL ISSUE: BUMPER 

BOOK REVIEW 20, 328–336. https://doi.org/10.1016/j.tree.2005.03.009 

Ostfeld, R.S., Keesing, F., 2011. Biodiversity series: The function of biodiversity in 

the ecology of vector-borne zoonotic diseases. Can. J. Zool. 

https://doi.org/10.1139/z00-172 

Palomares, F., Delibes, M., Ferreras, P., Fedriani, J.M., Calzada, J., Revilla, E., 

2000. Iberian Lynx in a Fragmented Landscape: Predispersal, Dispersal, and 

Postdispersal Habitats. Conserv. Biol. 14, 809–818. 

https://doi.org/10.1046/j.1523-1739.2000.98539.x 

Parris, K.M., 2006. Urban amphibian assemblages as metacommunities. J. Anim. 

Ecol. 75, 757–764. https://doi.org/10.1111/j.1365-2656.2006.01096.x 

Paton, D.C., 2000. Disruption of Bird-Plant Pollination Systems in Southern 

Australia. Conserv. Biol. 14, 1232–1234. 

Peacock, M.M., Smith, A.T., 1997. The effect of habitat fragmentation on dispersal 

patterns, mating behavior, and genetic variation in a pika (Ochotona 

princeps) metapopulation. Oecologia 112, 524–533. 

Pe’er, G., Zinngrebe, Y., Moreira, F., Sirami, C., Schindler, S., Müller, R., 

Bontzorlos, V., Clough, D., Bezák, P., Bonn, A., Hansjürgens, B., Lomba, 

A., Möckel, S., Passoni, G., Schleyer, C., Schmidt, J., Lakner, S., 2019. A 

greener path for the EU Common Agricultural Policy. Science 365, 449–

451. https://doi.org/10.1126/science.aax3146 

Peintinger, M., Bergamini, A., Schmid, B., 2003. Species-area relationships and 

nestedness of four taxonomic groups in fragmented wetlands. Basic Appl. 

Ecol. 4, 385–394. https://doi.org/10.1078/1439-1791-00181 

Pereira, J., 2018. Multi-node protection of landscape connectivity: Habitat 

availability and topological reachability. Community Ecol. 19, 176–185. 

https://doi.org/10.1556/168.2018.19.2.10 

Peterken, G.F., Francis, J.L., 1999. Open spaces as habitats for vascular ground flora 

species in the woods of central Lincolnshire, UK. Biol. Conserv. 91, 55–72. 

Peterman, W.E., Crawford, J.A., Kuhns, A.R., 2013. Using species distribution and 

occupancy modeling to guide survey efforts and assess species status. J. Nat. 

Conserv. 21, 114–121. https://doi.org/10.1016/j.jnc.2012.11.005 



Mapping landscape connectivity challenges using biological data and local ecological knowledge 

224 
 

Petersen, T.K., Speed, J.D.M., Grøtan, V., Austrheim, G., 2021. Species data for 

understanding biodiversity dynamics: The what, where and when of species 

occurrence data collection. Ecol. Solut. Evid. 2, e12048. 

https://doi.org/10.1002/2688-8319.12048 

Peterson, A.T., Papeş, M., Soberón, J., 2008. Rethinking receiver operating 

characteristic analysis applications in ecological niche modeling. Ecol. 

Model. 213, 63–72. https://doi.org/10.1016/j.ecolmodel.2007.11.008 

Petit S., Cordier S., Claessens H., Ponette Q., Vincke C., Marchal D., Weissen F., 

2017. Fichier écologique des essences. 

Phillips, S.J., Anderson, R.P., Schapire, R.E., 2006. Maximum entropy modeling of 

species geographic distributions. Ecol. Model. 190, 231–259. 

https://doi.org/10.1016/j.ecolmodel.2005.03.026 

Picton, H.D., 1979. The application of insular biogeographic theory to the 

conservation of large mammals in the northern rocky mountains. Biol. 

Conserv. 15, 73–79. https://doi.org/10.1016/0006-3207(79)90016-8 

Pierpaoli, M., Birò, Z.S., Herrmann, M., Hupe, K., Fernandes, M., Ragni, B., 

Szemethy, L., Randi, E., 2003. Genetic distinction of wildcat (Felis 

silvestris) populations in Europe, and hybridization with domestic cats in 

Hungary. Mol. Ecol. 12, 2585–2598. 

Piessens, K., Honnay, O., Nackaerts, K., Hermy, M., 2004. Plant species richness 

and composition of heathland relics in north-western Belgium: evidence for 

a rescue-effect? J. Biogeogr. 31, 1683–1692. https://doi.org/10.1111/j.1365-

2699.2004.01056.x 

Pliscoff, P., Simonetti, J.A., Grez, A.A., Vergara, P.M., Barahona-Segovia, R.M., 

2020. Defining corridors for movement of multiple species in a forest-

plantation landscape. Glob. Ecol. Conserv. 23, e01108. 

https://doi.org/10.1016/j.gecco.2020.e01108 

Pocock, M.J.O., Tweddle, J.C., Savage, J., Robinson, L.D., Roy, H.E., 2017. The 

diversity and evolution of ecological and environmental citizen science. 

PloS One 12, e0172579. https://doi.org/10.1371/journal.pone.0172579 

Poggio, L., de Sousa, L.M., Batjes, N.H., Heuvelink, G.B.M., Kempen, B., Ribeiro, 

E., Rossiter, D., 2021. SoilGrids 2.0: producing soil information for the 

globe with quantified spatial uncertainty. SOIL 7, 217–240. 

https://doi.org/10.5194/soil-7-217-2021 

Pokharel, B., Dech, J.P., 2011. An ecological land classification approach to 

modeling the production of forest biomass. For. Chron. 87, 23–32. 

Porneluzi, P., Bednarz, J.C., Goodrich, L.J., Zawada, N., Hoover, J., 1993. 

Reproductive Performance of Territorial Ovenbirds Occupying Forest 

Fragments and a Contiguous Forest in Pennsylvania. Conserv. Biol. 7, 618–

622. 

Powney, G.D., Broaders, L.K., Oliver, T.H., 2012. Towards a measure of functional 

connectivity: local synchrony matches small scale movements in a 



References 

225 
 

woodland edge butterfly. Landsc. Ecol. 27, 1109–1120. 

https://doi.org/10.1007/s10980-012-9771-y 

Prach, K., Tichý, L., Lencová, K., Adámek, M., Koutecký, T., Sádlo, J., Bartošová, 

A., Novák, J., Kovář, P., Jírová, A., Šmilauer, P., Řehounková, K., 2016. 

Does succession run towards potential natural vegetation? An analysis 

across seres. J. Veg. Sci. 27, 515–523. https://doi.org/10.1111/jvs.12383 

Pradervand, J.-N., Dubuis, A., Pellissier, L., Guisan, A., Randin, C., 2014. Very 

high resolution environmental predictors in species distribution models: 

Moving beyond topography? Prog. Phys. Geogr. Earth Environ. 38, 79–96. 

https://doi.org/10.1177/0309133313512667 

Preston, F.W., 1962. The canonical distribution of commonness and rarity: Part I. 

Ecology 43, 185–215. 

Probst, P., Wright, M.N., Boulesteix, A.-L., 2019. Hyperparameters and tuning 

strategies for random forest. WIREs Data Min. Knowl. Discov. 9, e1301. 

https://doi.org/10.1002/widm.1301 

Proctor, M.F., Paetkau, D., Mclellan, B.N., Stenhouse, G.B., Kendall, K.C., Mace, 

R.D., Kasworm, W.F., Servheen, C., Lausen, C.L., Gibeau, M.L., 

Wakkinen, W.L., Haroldson, M.A., Mowat, G., Apps, C.D., Ciarniello, 

L.M., Barclay, R.M.R., Boyce, M.S., Schwartz, C.C., Strobeck, C., 2012. 

Population fragmentation and inter-ecosystem movements of grizzly bears 

in western Canada and the northern United States. Wildl. Monogr. 180, 1–

46. https://doi.org/10.1002/wmon.6 

Quadu, F., Leclercq, A., Hanin, Y., 2014. Actualisation et évolution de l’indicateur 

de la fragmentation du territoire wallon. Centre de Recherches et d’Études 

pour l’Action Territoriale, Louvain-la-Neuve. 

Quinn, J.F., Harrison, S.P., 1988. Effects of habitat fragmentation and isolation on 

species richness: evidence from biogeographic patterns. Oecologia 75, 132–

140. https://doi.org/10.1007/BF00378826 

Radeloff, V.C., Dubinin, M., Coops, N.C., Allen, A.M., Brooks, T.M., Clayton, 

M.K., Costa, G.C., Graham, C.H., Helmers, D.P., Ives, A.R., Kolesov, D., 

Pidgeon, A.M., Rapacciuolo, G., Razenkova, E., Suttidate, N., Young, B.E., 

Zhu, L., Hobi, M.L., 2019. The Dynamic Habitat Indices (DHIs) from 

MODIS and global biodiversity. Remote Sens. Environ. 222, 204–214. 

https://doi.org/10.1016/j.rse.2018.12.009 

Radoux, J., Bogaert, P., 2017. Good Practices for Object-Based Accuracy 

Assessment. Remote Sens. 9, 646. https://doi.org/10.3390/rs9070646 

Radoux, J., Bogaert, P., 2014. Accounting for the area of polygon sampling units for 

the prediction of primary accuracy assessment indices. Remote Sens. 

Environ. 142, 9–19. 

Radoux, Julien, Bogaert, P., 2014. Accounting for the area of polygon sampling 

units for the prediction of primary accuracy assessment indices. Remote 

Sens. Environ. 142, 9–19. 



Mapping landscape connectivity challenges using biological data and local ecological knowledge 

226 
 

Radoux, J., Bourdouxhe, A., Coos, W., Dufrêne, M., Defourny, P., 2019. Improving 

Ecotope Segmentation by Combining Topographic and Spectral Data. 

Remote Sens. 11, 354. https://doi.org/10.3390/rs11030354 

Radoux, J., Bourdouxhe, A., Coppée, T., De Vroey, M., Dufrêne, M., Defourny, P., 

2023. A Consistent Land Cover Map Time Series at 2 m Spatial 

Resolution—The LifeWatch 2006-2015-2018-2019 Dataset for Wallonia. 

Data 8, 13. https://doi.org/10.3390/data8010013 

Radoux, J., Defourny, P., 2008. Quality assessment of segmentation results devoted 

to object-based classification, in: Object-Based Image Analysis. Springer, 

pp. 257–271. https://doi.org/10.1007/978-3-540-77058-9_14 

Ratcliffe, P.R., Peterken, G.F., 1995. The potential for biodiversity in British upland 

spruce forests. For. Ecol. Manag. 79, 153–160. 

Ratner, B., 2009. The correlation coefficient: Its values range between +1/−1, or do 

they? J. Target. Meas. Anal. Mark. 17. https://doi.org/10.1057/jt.2009.5 

Rayfield, B., Pelletier, D., Dumitru, M., Cardille, J.A., Gonzalez, A., 2016. 

Multipurpose habitat networks for short-range and long-range connectivity: 

a new method combining graph and circuit connectivity. Methods Ecol. 

Evol. 7, 222–231. https://doi.org/10.1111/2041-210X.12470 

Rees, M., Condit, R., Crawley, M., Pacala, S., Tilman, D., 2001. Long-Term Studies 

of Vegetation Dynamics. Science 293, 650–655. 

https://doi.org/10.1126/science.1062586 

Reger, B., Häring, T., Ewald, J., 2014. The TRM Model of Potential Natural 

Vegetation in Mountain Forests. Folia Geobot. 49, 337–359. 

https://doi.org/10.1007/s12224-013-9158-0 

Regos, A., Gonçalves, J., Arenas-Castro, S., Alcaraz-Segura, D., Guisan, A., 

Honrado, J.P., 2022. Mainstreaming remotely sensed ecosystem functioning 

in ecological niche models. Remote Sens. Ecol. Conserv. 8, 431–447. 

https://doi.org/10.1002/rse2.255 

Rejmánková, E., Grieco, J., Achee, N., Masuoka, P., Pope, K., Roberts, D., Higashi, 

R.M., 2006. Freshwater community interactions and malaria. Dis. Ecol. 

Community Struct. Pathog. Dyn. 90–104. 

Rejmánková, E., Pope, K.O., Roberts, D.R., Lege, M.G., Andre, R., Greico, J., 

Alonzo, Y., 1998. Characterization and detection of Anopheles vestitipennis 

and Anopheles punctimacula (Diptera: Culicidae) larval habitats in Belize 

with field survey and SPOT satellite imagery. J. Vector Ecol. J. Soc. Vector 

Ecol. 23, 74–88. 

Rejmánková, E., Roberts, D.R., Manguin, S., Pope, K.O., Komárek, J., Post, R.A., 

1996. Anopheles albimanus (Diptera: Culicidae) and cyanobacteria: an 

example of larval habitat selection. Environ. Entomol. 25, 1058–1067. 

Relief de la Wallonie - Modèle Numérique de Surface (MNS) 2013-2014 – 

Hillshade [WWW Document], 2015. URL 

http://geoportail.wallonie.be/catalogue/4ff6714d-61ae-485f-94e5-

e6a2bebdf7ef.html (accessed 2.13.23). 



References 

227 
 

Resasco, J., 2019. Meta-analysis on a Decade of Testing Corridor Efficacy: What 

New Have we Learned? Curr. Landsc. Ecol. Rep. 4, 61–69. 

https://doi.org/10.1007/s40823-019-00041-9 

Robinson, S.K., Thompson, F.R., Donovan, T.M., Whitehead, D.R., Faaborg, J., 

1995. Regional forest fragmentation and the nesting success of migratory 

birds. Science 267, 1987–1990. 

Rodríguez, A., Andrén, H., Jansson, G., 2001. Habitat-mediated predation risk and 

decision making of small birds at forest edges. Oikos 95, 383–396. 

https://doi.org/10.1034/j.1600-0706.2001.950303.x 

Rodríguez-Espinosa, V.M., Aguilera-Benavente, F., Gómez-Delgado, M., 2019. 

Green infrastructure design using GIS and spatial analysis: a proposal for 

the Henares Corridor (Madrid-Guadalajara, Spain). Landsc. Res. 

https://doi.org/10.1080/01426397.2019.1569221 

Romano, B., Zullo, F., 2015. Protected areas, natura 2000 sites and landscape: 

Divergent policies on converging values, in: Nature Policies and Landscape 

Policies: Towards an Alliance. pp. 127–135. https://doi.org/10.1007/978-3-

319-05410-0_13 

Rosenberg, D.K., Noon, B.R., Meslow, E.C., 1997. Biological Corridors: Form, 

Function, and Efficacy. BioScience 47, 677–687. 

https://doi.org/10.2307/1313208 

Rosenzweig, M.L., 1995. Species diversity in space and time. Cambridge University 

Press. 

Royle, J.A., Nichols, J.D., 2003. Estimating Abundance from Repeated Presence–

Absence Data or Point Counts. Ecology 84, 777–790. 

https://doi.org/10.1890/0012-9658(2003)084[0777:EAFRPA]2.0.CO;2 

Ruan, R., Ren, L., 2007. Urban ecotope mapping using QuickBird imagery, in: 

Geoscience and Remote Sensing Symposium, 2007. IGARSS 2007. IEEE 

International. IEEE, pp. 2963–2966. 

https://doi.org/10.1109/IGARSS.2007.4423466 

Rudnick, D., Ryan, S., Beier, P., Cushman, S., Dieffenbach, F., Epps, C., Gerber, L., 

Hartter, J., Jenness, J., Kintsch, J., Merenlender, A., Perkl, R., Perziosi, D., 

Trombulack, S., 2012. The Role of Landscape Connectivity in Planning and 

Implementing Conservation and Restoration Priorities. Issues in Ecology. 

Issues Ecol. 

Sahraoui, Y., Foltête, J.-C., Clauzel, C., 2017. A multi-species approach for 

assessing the impact of land-cover changes on landscape connectivity. 

Landsc. Ecol. 32, 1819–1835. https://doi.org/10.1007/s10980-017-0551-6 

Santos, J.P., Sobral-Souza, T., Brown Jr, K.S., Vancine, M.H., Ribeiro, M.C., 

Freitas, A.V.L., 2020. Effects of landscape modification on species richness 

patterns of fruit-feeding butterflies in Brazilian Atlantic Forest. Divers. 

Distrib. 26, 196–208. https://doi.org/10.1111/ddi.13007 

Sanuy, D., Avrillier, J.-N., Miaud, C., 2000. Terrestrial movements of the natterjack 

toad Bufo calamita (Amphibia, Anura) in a semi-arid, agricultural 



Mapping landscape connectivity challenges using biological data and local ecological knowledge 

228 
 

landscape. Amphib.-Reptil. 21, 357–369. 

https://doi.org/10.1163/156853800507426 

Sargent, R.A., Kilgo, J.C., Chapman, B.R., Miller, K.V., 1998. Predation of 

Artificial Nests in Hardwood Fragments Enclosed by Pine and Agricultural 

Habitats. J. Wildl. Manag. 62, 1438–1442. https://doi.org/10.2307/3802010 

Saunders, D.A., 1987. Nature conservation: the role of remnants of native 

vegetation. 

Saunders, D.A., 1980. Food and movements of the short-billed form of the white-

tailed black cockatoo. Wildl. Res. 7, 257–269. 

Saunders, D.A., Hobbs, R.J., 1991. Nature conservation 2: the role of corridors. 

Surrey Beatty and Sons Pty Ltd. 

Saunders, D.A., Hobbs, R.J., Margules, C.R., 1991. Biological Consequences of 

Ecosystem Fragmentation: A Review. Conserv. Biol. 5, 18–32. 

https://doi.org/10.1111/j.1523-1739.1991.tb00384.x 

Saunders, D.A., Ingram, J.A., 1987. Factors affecting survival of breeding 

populations of Carnaby’s cockatoo Calyptorhynchus funereus latirostris in 

remnants of native vegetation. 

Saunders, D.A., Smith, G.T., Ingram, J.A., Forrester, R.I., 2003. Changes in a 

remnant of salmon gum Eucalyptus salmonophloia and York gum E. 

loxophleba woodland, 1978 to 1997. Implications for woodland 

conservation in the wheat–sheep regions of Australia. Biol. Conserv. 110, 

245–256. https://doi.org/10.1016/S0006-3207(02)00223-9 

Saura, S., Pascual-Hortal, L., 2007. A new habitat availability index to integrate 

connectivity in landscape conservation planning: Comparison with existing 

indices and application to a case study. Landsc. Urban Plan. 83, 91–103. 

https://doi.org/10.1016/j.landurbplan.2007.03.005 

Saura, S., Rubio, L., 2010. A common currency for the different ways in which 

patches and links can contribute to habitat availability and connectivity in 

the landscape. Ecography 33, 523–537. https://doi.org/10.1111/j.1600-

0587.2009.05760.x 

Savary, P., Foltête, J.C., Garnier, S., 2021a. Cost distances and least cost paths 

respond differently to cost scenario variations: a sensitivity analysis of 

ecological connectivity modeling. Int. J. Geogr. Inf. Sci. 0, 1–25. 

https://doi.org/10.1080/13658816.2021.2014852 

Savary, P., Foltête, J.-C., Moal, H., Vuidel, G., Garnier, S., 2021b. Analysing 

landscape effects on dispersal networks and gene flow with genetic graphs. 

Mol. Ecol. Resour. 21, 1167–1185. https://doi.org/10.1111/1755-

0998.13333 

Sawyer, H., Kauffman, M.J., Nielson, R.M., Horne, J.S., 2009. Identifying and 

prioritizing ungulate migration routes for landscape-level conservation. 

Ecol. Appl. 19, 2016–2025. https://doi.org/10.1890/08-2034.1 

Sawyer, S.C., Epps, C.W., Brashares, J.S., 2011. Placing linkages among 

fragmented habitats: do least-cost models reflect how animals use 



References 

229 
 

landscapes? J. Appl. Ecol. 48, 668–678. https://doi.org/10.1111/j.1365-

2664.2011.01970.x 

Schlinkert, H., Ludwig, M., Batáry, P., Holzschuh, A., Kovács-Hostyánszki, A., 

Tscharntke, T., Fischer, C., 2016. Forest specialist and generalist small 

mammals in forest edges and hedges. Wildl. Biol. 22, wlb.00855. 

https://doi.org/10.2981/wlb.00176 

Schlüpmann, M., 1995. Verbreitung, Ökologie und Schutz der Kreuzkröte (Bufo 

calamita) im Hagener Raum (Nordrhein-Westfalen). Z Feldherpetol 

Magdebg. 2, 55–84. 

Schtickzelle, N., Baguette, M., 2003. Behavioural responses to habitat patch 

boundaries restrict dispersal and generate emigration–patch area 

relationships in fragmented landscapes. J. Anim. Ecol. 72, 533–545. 

Schuetz, J.G., Johnston, A., 2021. Tracking the cultural niches of North American 

birds through time. People Nat. 3, 251–260. 

https://doi.org/10.1002/pan3.10173 

Schwartz, M.W., van Mantgem, P.J., 1997. The Value of Small Preserves in 

Chronically Fragmented Landscapes, in: Schwartz, M.W. (Ed.), 

Conservation in Highly Fragmented Landscapes. Springer New York, 

Boston, MA, pp. 379–394. https://doi.org/10.1007/978-1-4757-0656-7_16 

Seabloom, E.W., Dobson, A.P., Stoms, D.M., 2002. Extinction rates under 

nonrandom patterns of habitat loss. Proc. Natl. Acad. Sci. 99, 11229–11234. 

Segurado, P., Araújo, M.B., 2004. An evaluation of methods for modelling species 

distributions. J. Biogeogr. 31, 1555–1568. https://doi.org/10.1111/j.1365-

2699.2004.01076.x 

Seidler, R.G., Long, R.A., Berger, J., Bergen, S., Beckmann, J.P., 2015. Identifying 

impediments to long-distance mammal migrations. Conserv. Biol. 29, 99–

109. https://doi.org/10.1111/cobi.12376 

Sharma, N., Colucci-Gray, L., Siddharthan, A., Comont, R., Wal, R. van der, 2019. 

Designing online species identification tools for biological recording: the 

impact on data quality and citizen science learning. PeerJ 6, e5965. 

https://doi.org/10.7717/peerj.5965 

Sharpe, D.M., Stearns, F.W., Burgess, R.L., Johnson, W.C., 1981. Spatio-temporal 

patterns of forest ecosystems in man-dominated landscape. Perspect. 

Landsc. Ecol. 109–116. 

Shen, L., Wu, L., Dai, Y., Qiao, W., Wang, Y., 2017. Topic modelling for object-

based unsupervised classification of VHR panchromatic satellite images 

based on multiscale image segmentation. Remote Sens. 9, 840. 

Siitonen, P., Lehtinen, A., Siitonen, M., 2005. Effects of Forest Edges on the 

Distribution, Abundance, and Regional Persistence of Wood-Rotting Fungi. 

Conserv. Biol. 19, 250–260. https://doi.org/10.1111/j.1523-

1739.2005.00232.x 

Simberloff, D., Cox, J., 1987. Consequences and costs of conservation corridors. 

Conserv. Biol. 1, 63–71. 



Mapping landscape connectivity challenges using biological data and local ecological knowledge 

230 
 

Simberloff, D., Gotelli, N., 1984. Effects of insularisation on plant species richness 

in the prairie-forest ecotone. Biol. Conserv. 29, 27–46. 

https://doi.org/10.1016/0006-3207(84)90012-0 

Simensen, T., Horvath, P., Vollering, J., Erikstad, L., Halvorsen, R., Bryn, A., 2020. 

Composite landscape predictors improve distribution models of ecosystem 

types. Divers. Distrib. 26, 928–943. https://doi.org/10.1111/ddi.13060 

Small, M.F., Hunter, M.L., 1988. Forest fragmentation and avian nest predation in 

forested landscapes. Oecologia 76, 62–64. 

Snäll, T., Lehtomäki, J., Arponen, A., Elith, J., Moilanen, A., 2016. Green 

Infrastructure Design Based on Spatial Conservation Prioritization and 

Modeling of Biodiversity Features and Ecosystem Services. Environ. 

Manage. 57, 251–256. https://doi.org/10.1007/s00267-015-0613-y 

SoIB, 2020. State of India’s birds 2020: Range, trends and conservation status. SoIB 

Partnersh. 50. 

Somodi, I., Molnár, Z., Czúcz, B., Bede-Fazekas, Á., Bölöni, J., Pásztor, L., 

Laborczi, A., Zimmermann, N.E., 2017. Implementation and application of 

multiple potential natural vegetation models – a case study of Hungary. J. 

Veg. Sci. 28, 1260–1269. https://doi.org/10.1111/jvs.12564 

Sordello, R., 2018. Species for a national coherence of the french green and blue 

infrastructure (TVB program): How have they been taken into account in the 

regional ecological-continuity plans (SRCE)? Rev. Ecol. Terre Vie 73, 446–

461. 

Sordello, R., 2016. Trame verte et bleue - Bilan technique sur la première génération 

des Schémas régionaux de cohérence écologique. Lacunes, enjeux et actions 

de connaissances | Trame verte et bleue [WWW Document]. URL 

http://www.trameverteetbleue.fr/documentation/references-

bibliographiques/trame-verte-bleue-bilan-technique-sur-premiere-generatio-

1 (accessed 4.28.18). 

Sordello R., 2012. Synthèse bibliographique sur les traits de vie du Chat forestier 

(Felis silvestris Schreber, 1775) relatifs à ses déplacements et à ses besoins 

de continuités écologiques. 

Sordello, R., Billon, L., Amsallem, J., Vanpeene, S., 2017. Bilan technique et 

scientifique sur l’élaboration des Schémas régionaux de cohérence 

écologique. Volume 1: Méthodes d’identification des composantes de la 

TVB. Ministère de la Transition Ecologique et Solidaire. 

Sordello, R., Comolet-Tirman, J., Da Costa, H., Grech, G., Haffner, P., De Massary, 

J.-C., Rogeon, G., Siblet, J.-P., Touroult, J., 2013a. Mapping nationally 

important bocage ecological continuities in France for the “Trame verte et 

bleue” project. Rev. Ecol. Terre Vie 68, 305–317. 

Soulé, M.E., Terborgh, J., 1999. Conserving nature at regional and continental 

scales—a scientific program for North America. BioScience 49, 809–817. 

https://doi.org/10.2307/1313572 



References 

231 
 

Spackman, S.C., Hughes, J.W., 1995. Assessment of minimum stream corridor 

width for biological conservation: Species richness and distribution along 

mid-order streams in Vermont, USA. Biol. Conserv. 71, 325–332. 

https://doi.org/10.1016/0006-3207(94)00055-U 

Spanhove, T., Borre, J.V., Delalieux, S., Haest, B., Paelinckx, D., 2012. Can remote 

sensing estimate fine-scale quality indicators of natural habitats? Ecol. Indic. 

18, 403–412. 

Spellerberg, I., 1998. Ecological effects of roads and traffic: a literature review. 

Glob. Ecol. Biogeogr. Lett. 7, 317–333. https://doi.org/10.1046/j.1466-

822x.1998.00308.x 

Spooner, P., Lunt, I., Robinson, W., 2002. Is fencing enough? The short-term effects 

of stock exclusion in remnant grassy woodlands in southern NSW. Ecol. 

Manag. Restor. 3, 117–126. https://doi.org/10.1046/j.1442-

8903.2002.00103.x 

SPW - DGO3 - DEMNA - DEE, 2017. Rapport sur l’état de l’environnement wallon 

2017 (REEW 2017). SPW Éditions: Jambes, Belgique. 

Stahl, P., Artois, M., Europe, C. of, 1994. Status and Conservation of the Wildcat 

(Felis Silvestris) in Europe and Around the Mediterranean Rim. Council of 

Europe. 

Stanners, D., Bourdeau, P., 1995. Europe’s environment: the Dobris assessment, in: 

Europe’s Environment: The Dobrís Assessment. Office for Official 

Publication of the European Communities. 

Steger, C., Butt, B., Hooten, M.B., 2017. Safari Science: assessing the reliability of 

citizen science data for wildlife surveys. J. Appl. Ecol. 54, 2053–2062. 

https://doi.org/10.1111/1365-2664.12921 

Sternberg, M., Shoshany, M., 2001. Influence of slope aspect on Mediterranean 

woody formations: comparison of a semiarid and an arid site in Israel. Ecol. 

Res. 16, 335–345. 

Stevens, J.P., Blackstock, T.H., Howe, E.A., Stevens, D.P., 2004. Repeatability of 

Phase 1 habitat survey. J. Environ. Manage. 73, 53–59. 

https://doi.org/10.1016/j.jenvman.2004.05.009 

Stevenson-Holt, C.D., Watts, K., Bellamy, C.C., Nevin, O.T., Ramsey, A.D., 2014. 

Defining Landscape Resistance Values in Least-Cost Connectivity Models 

for the Invasive Grey Squirrel: A Comparison of Approaches Using Expert-

Opinion and Habitat Suitability Modelling. PLoS ONE 9. 

https://doi.org/10.1371/journal.pone.0112119 

Stigall, A.L., 2012. Using ecological niche modelling to evaluate niche stability in 

deep time: Evaluating niche stability in deep time. J. Biogeogr. 39, 772–781. 

https://doi.org/10.1111/j.1365-2699.2011.02651.x 

Stockman, A.K., Beamer, D.A., Bond, J.E., 2006. An evaluation of a GARP model 

as an approach to predicting the spatial distribution of non-vagile 

invertebrate species. Divers. Distrib. 12, 81–89. 

https://doi.org/10.1111/j.1366-9516.2006.00225.x 



Mapping landscape connectivity challenges using biological data and local ecological knowledge 

232 
 

Stow, A.J., Sunnucks, P., 2004. Inbreeding avoidance in Cunningham’s skinks 

(Egernia cunninghami) in natural and fragmented habitat. Mol. Ecol. 13, 

443–447. 

Stumpel, A.H.P., Kalkhoven, J.T.R., 1978. A Vegetation Map of the Netherlands, 

Based on the Relationship between Ecotopes and Types of Potential Natural 

Vegetation, in: van der Maarel, E., Werger, M.J.A. (Eds.), Plant Species and 

Plant Communities. Springer Netherlands, Dordrecht, pp. 137–147. 

https://doi.org/10.1007/978-94-009-9987-9_18 

Sukopp, H., Weiler, S., 1988. Biotope mapping and nature conservation strategies in 

urban areas of the Federal Republic of Germany. Landsc. Urban Plan., 

Special Issue: Urban Forest Ecology 15, 39–58. 

https://doi.org/10.1016/0169-2046(88)90015-1 

Sunde, P., Jessen, L., 2013. It counts who counts: an experimental evaluation of the 

importance of observer effects on spotlight count estimates. Eur. J. Wildl. 

Res. 59, 645–653. https://doi.org/10.1007/s10344-013-0717-8 

Sunquist, M., Sunquist, F., 2002. Wild cats of the world. Chicago University Press, 

London, UK. 

Taylor, P.D., Fahrig, L., Henein, K., Merriam, G., 1993. Connectivity is a vital 

element of landscape structure. Oikos 571–573. 

Tellería, J.L., Santos, T., 1992. Spatiotemporal patterns of egg predation in forest 

islands: an experimental approach. Biol. Conserv. 62, 29–33. 

Tews, J., Brose, U., Grimm, V., Tielbörger, K., Wichmann, M.C., Schwager, M., 

Jeltsch, F., 2004. Animal species diversity driven by habitat 

heterogeneity/diversity: the importance of keystone structures. J. Biogeogr. 

31, 79–92. https://doi.org/10.1046/j.0305-0270.2003.00994.x 

Theobald, D.M., 2006. Exploring the functional connectivity of landscapes using 

landscape networks, in: Crooks, K.R., Sanjayan, M. (Eds.), Connectivity 

Conservation, Conservation Biology. Cambridge University Press, 

Cambridge, pp. 416–444. https://doi.org/10.1017/CBO9780511754821.019 

Thomas, C.D., Cameron, A., Green, R.E., Bakkenes, M., Beaumont, L.J., 

Collingham, Y.C., Erasmus, B.F., De Siqueira, M.F., Grainger, A., Hannah, 

L., 2004. Extinction risk from climate change. Nature 427, 145–148. 

Thomas, J.W., 1990. A conservation strategy for the northern spotted owl. The 

Committee. 

Thompson, I.D., Baker, J.A., Ter-Mikaelian, M., 2003. A review of the long-term 

effects of post-harvest silviculture on vertebrate wildlife, and predictive 

models, with an emphasis on boreal forests in Ontario, Canada. For. Ecol. 

Manag. 177, 441–469. https://doi.org/10.1016/S0378-1127(02)00453-X 

Thorup, K., Tøttrup, A.P., Willemoes, M., Klaassen, R.H.G., Strandberg, R., Vega, 

M.L., Dasari, H.P., Araújo, M.B., Wikelski, M., Rahbek, C., 2017. Resource 

tracking within and across continents in long-distance bird migrants. Sci. 

Adv. 3, e1601360. https://doi.org/10.1126/sciadv.1601360 



References 

233 
 

Tiago, P., Ceia-Hasse, A., Marques, T.A., Capinha, C., Pereira, H.M., 2017. Spatial 

distribution of citizen science casuistic observations for different taxonomic 

groups. Sci. Rep. 7, 12832. https://doi.org/10.1038/s41598-017-13130-8 

Tilman, D., 1987. Secondary Succession and the Pattern of Plant Dominance Along 

Experimental Nitrogen Gradients. Ecol. Monogr. 57, 189–214. 

https://doi.org/10.2307/2937080 

Tilman, D., May, R.M., Lehman, C.L., Nowak, M.A., 1994. Habitat destruction and 

the extinction debt. Nature 371, 65–66. 

Toszogyova, A., Storch, D., 2019. Global diversity patterns are modulated by 

temporal fluctuations in primary productivity. Glob. Ecol. Biogeogr. 28, 

1827–1838. https://doi.org/10.1111/geb.12997 

Trombulak, S.C., Baldwin, R.F., 2010. Introduction: Creating a Context for 

Landscape-Scale Conservation Planning, in: Trombulak, S.C., Baldwin, R.F. 

(Eds.), Landscape-Scale Conservation Planning. Springer Netherlands, 

Dordrecht, pp. 1–15. https://doi.org/10.1007/978-90-481-9575-6_1 

Trombulak, S.C., Frissell, C.A., 2000. Review of Ecological Effects of Roads on 

Terrestrial and Aquatic Communities. Conserv. Biol. 14, 18–30. 

https://doi.org/10.1046/j.1523-1739.2000.99084.x 

Tscharntke, T., Klein, A.M., Kruess, A., Steffan-Dewenter, I., Thies, C., 2005. 

Landscape perspectives on agricultural intensification and biodiversity – 

ecosystem service management. Ecol. Lett. 8, 857–874. 

https://doi.org/10.1111/j.1461-0248.2005.00782.x 

Tscharntke, T., Steffan-Dewenter, I., Kruess, A., Thies, C., 2002. Characteristics of 

insect populations on habitat fragments: A mini review. Ecol. Res. 17, 229–

239. https://doi.org/10.1046/j.1440-1703.2002.00482.x 

Tubelis, D.P., Lindenmayer, D.B., Saunders, D.A., Cowling, A., Nix, H.A., 2004. 

Landscape supplementation provided by an exotic matrix: implications for 

bird conservation and forest management in a softwood plantation system in 

south-eastern Australia. Oikos 107, 634–644. 

Tulloch, A.I.T., Mustin, K., Possingham, H.P., Szabo, J.K., Wilson, K.A., 2013. To 

boldly go where no volunteer has gone before: predicting volunteer activity 

to prioritize surveys at the landscape scale. Divers. Distrib. 19, 465–480. 

https://doi.org/10.1111/j.1472-4642.2012.00947.x 

Tuxen, R., 1956. Die huetige potentielle naturliche Vegetation als Gegestand der 

Vegetationskarierung. Angew. Pflanzensozioligie 13, 5–42. 

Tye, C.A., McCleery, R.A., Fletcher Jr, R.J., Greene, D.U., Butryn, R.S., 2017. 

Evaluating citizen vs. professional data for modelling distributions of a rare 

squirrel. J. Appl. Ecol. 54, 628–637. https://doi.org/10.1111/1365-

2664.12682 

Urban, D., Keitt, T., 2001. Landscape Connectivity: A Graph-Theoretic Perspective. 

Ecology 82, 1205–1218. https://doi.org/10.2307/2679983 



Mapping landscape connectivity challenges using biological data and local ecological knowledge 

234 
 

Urban, D.L., Minor, E.S., Treml, E.A., Schick, R.S., 2009. Graph models of habitat 

mosaics. Ecol. Lett. 12, 260–273. https://doi.org/10.1111/j.1461-

0248.2008.01271.x 

van Dorp, D., Opdam, P.F.M., 1987. Effects of patch size, isolation and regional 

abundance on forest bird communities. Landsc. Ecol. 1, 59–73. 

https://doi.org/10.1007/BF02275266 

Vanden Borre, J., Paelinckx, D., Mucher, S., Kooistra, L., Haest, B., De Blust, G., 

Schmidt, A.M., 2011. Integrating remote sensing in Natura 2000 habitat 

monitoring: Prospects on the way forward. J. Nat. Conserv. 19, 116–125. 

https://doi.org/10.1016/j.jnc.2010.07.003 

Venseveren, J.P., 1969. Étude phytosociologique de deux transects de la vallée de la 

Lesse (Belgique). Bull. Société R. Bot. Belg. Bull. Van K. Belg. Bot. Ver. 

102, 149–164. 

Venter, O., Laurance, W.F., Iwamura, T., Wilson, K.A., Fuller, R.A., Possingham, 

H.P., 2009. Harnessing Carbon Payments to Protect Biodiversity. Science 

326, 1368–1368. https://doi.org/10.1126/science.1180289 

Venter, O., Magrach, A., Outram, N., Klein, C.J., Possingham, H.P., Marco, M.D., 

Watson, J.E.M., 2018. Bias in protected-area location and its effects on 

long-term aspirations of biodiversity conventions. Conserv. Biol. 32, 127–

134. https://doi.org/10.1111/cobi.12970 

Verboom, J., Schotman, A., Opdam, P., Metz, J.A., 1991. European nuthatch 

metapopulations in a fragmented agricultural landscape. Oikos 61, 149–156. 

Vial, F., Cleaveland, S., Rasmussen, G., Haydon, D.T., 2006. Development of 

vaccination strategies for the management of rabies in African wild dogs. 

Biol. Conserv. 131, 180–192. 

Vihervaara, P., Kumpula, T., Ruokolainen, A., Tanskanen, A., Burkhard, B., 2012. 

The use of detailed biotope data for linking biodiversity with ecosystem 

services in Finland. Int. J. Biodivers. Sci. Ecosyst. Serv. Manag. 8, 169–185. 

https://doi.org/10.1080/21513732.2012.686120 

Villafuerte, R., Litvaitis, J.A., Smith, D.F., 1997. Physiological responses by 

lagomorphs to resource limitations imposed by habitat fragmentation: 

implications for condition-sensitive predation. Can. J. Zool. 

https://doi.org/10.1139/z97-019 

Villemey, A., Jeusset, A., Vargac, M., Bertheau, Y., Coulon, A., Touroult, J., 

Vanpeene, S., Castagneyrol, B., Jactel, H., Witte, I., Deniaud, N., Flamerie 

De Lachapelle, F., Jaslier, E., Roy, V., Guinard, E., Le Mitouard, E., Rauel, 

V., Sordello, R., 2018. Can linear transportation infrastructure verges 

constitute a habitat and/or a corridor for insects in temperate landscapes? A 

systematic review. Environ. Evid. 7. https://doi.org/10.1186/s13750-018-

0117-3 

Virolainen, K.M., Suomi, T., Suhonen, J., Kuitunen, M., 1998. Conservation of 

vascular plants in single large and several small mires: species richness, 



References 

235 
 

rarity and taxonomic diversity. J. Appl. Ecol. 35, 700–707. 

https://doi.org/10.1046/j.1365-2664.1998.355344.x 

Viveiros de Castro, E.B., Fernandez, F.A.S., 2004. Determinants of differential 

extinction vulnerabilities of small mammals in Atlantic forest fragments in 

Brazil. Biol. Conserv. 119, 73–80. 

https://doi.org/10.1016/j.biocon.2003.10.023 

Vohland, K., Land-Zandstra, A., Ceccaroni, L., Lemmens, R., Perelló, J., Ponti, M., 

Samson, R., Wagenknecht, K., 2021. The science of citizen science evolves. 

Chapter 1 Vohland K Al Eds2021 Sci. Citiz. Sci. Springer Httpsdoi 

Org101007978-3-030-58278-4 Pp 1-12. 

Walker, S., Brower, A.L., Stephens, R.T.T., Lee, W.G., 2009. Why bartering 

biodiversity fails. Conserv. Lett. 2, 149–157. https://doi.org/10.1111/j.1755-

263X.2009.00061.x 

Wang, F., McShea, W.J., Li, S., Wang, D., 2018. Does one size fit all? A 

multispecies approach to regional landscape corridor planning. Divers. 

Distrib. 24, 415–425. https://doi.org/10.1111/ddi.12692 

Watts, K., Eycott, A.E., Handley, P., Ray, D., Humphrey, J.W., Quine, C.P., 2010. 

Targeting and evaluating biodiversity conservation action within fragmented 

landscapes: An approach based on generic focal species and least-cost 

networks. Landsc. Ecol. 25, 1305–1318. https://doi.org/10.1007/s10980-

010-9507-9 

Weber, N., Christophersen, T., 2002. The influence of non-governmental 

organisations on the creation of Natura 2000 during the European Policy 

process. For. Policy Econ. 4, 1–12. https://doi.org/10.1016/S1389-

9341(01)00070-3 

Weeks, R., 2017. Incorporating seascape connectivity in conservation prioritisation. 

PLOS ONE 12, e0182396. https://doi.org/10.1371/journal.pone.0182396 

Weishampel, J.F., 1997. Phenetic variation in insular populations of a rainforest 

centipede. Trop. For. Remn. Ecol. Manag. Conserv. Fragm. Communities. 

Weldon, A.J., 2006. How Corridors Reduce Indigo Bunting Nest Success. Conserv. 

Biol. 20, 1300–1305. https://doi.org/10.1111/j.1523-1739.2006.00403.x 

Wells, M., Timmer, F., Carr, A., 2011. Understanding Drivers and Setting Targets 

for Biodiversity in Urban Green Design. Quoted Ken Yeang Arthur Spector 

Green Des. Theory Pract. 

Whelan, R.J., Rodgerson, L., Dickman, C.R., Sutherland, E.F., 2002. Critical life 

cycles of plants and animals: developing a process-based understanding of 

population changes in fire-prone landscapes. Flammable Aust. Fire Regimes 

Biodivers. Cont. 94–124. 

Whitham, T.G., Morrow, P.A., Potts, B.M., 1991. Conservation of hybrid plants. 

Science 254, 779–780. 

Wiens, J.A., 1997. The Emerging Role of Patchiness in Conservation Biology, in: 

Pickett, S.T.A., Ostfeld, R.S., Shachak, M., Likens, G.E. (Eds.), The 

Ecological Basis of Conservation: Heterogeneity, Ecosystems, and 



Mapping landscape connectivity challenges using biological data and local ecological knowledge 

236 
 

Biodiversity. Springer US, Boston, MA, pp. 93–107. 

https://doi.org/10.1007/978-1-4615-6003-6_10 

Wiens, J.A., 1996. Wildlife in patchy environments: metapopulations, mosaics, and 

management. Metapopulations Wildl. Conserv. 53–84. 

Wiersma, Y.F., Urban, D.L., 2005. Beta Diversity and Nature Reserve System 

Design in the Yukon, Canada. Conserv. Biol. 19, 1262–1272. 

https://doi.org/10.1111/j.1523-1739.2005.00099.x 

Wilcox, B.A., 1980. 6. Insular ecology and conservation. 6 Insul. Ecol. Conserv. 95–

117. 

Williamson, M., 1981. Island Populations, Oxford University Press. ed. New York, 

NY. 

Wilson, E.O., Willis, E.O., 1975. Applied biogeography. Ecol. Evol. Communities 

260, 522–534. 

Wilson, J.W., Sexton, J.O., Todd Jobe, R., Haddad, N.M., 2013. The relative 

contribution of terrain, land cover, and vegetation structure indices to 

species distribution models. Biol. Conserv. 164, 170–176. 

https://doi.org/10.1016/j.biocon.2013.04.021 

Wittemyer, G., Elsen, P., Bean, W.T., Burton, A.C.O., Brashares, J.S., 2008. 

Accelerated Human Population Growth at Protected Area Edges. Science 

321, 123–126. https://doi.org/10.1126/science.1158900 

Woodroffe, R., Frank, L.G., 2005. Lethal control of African lions (Panthera leo): 

local and regional population impacts. Anim. Conserv. 8, 91–98. 

Woodward, J., 2009. The Physical Geography of the Mediterranean. OUP Oxford. 

Yates, E.D., Levia, D.F., Williams, C.L., 2004. Recruitment of three non-native 

invasive plants into a fragmented forest in southern Illinois. For. Ecol. 

Manag. 190, 119–130. https://doi.org/10.1016/j.foreco.2003.11.008 

Zanette, L., Doyle, P., Trémont, S.M., 2000. Food shortage in small fragments: 

evidence from an area-sensitive passerine. Ecology 81, 1654–1666. 

Zanette, L., Jenkins, B., 2000. Nesting success and nest predators in forest 

fragments: a study using real and artificial nests. The Auk 117, 445–454. 

Zeller, K.A., Jennings, M.K., Vickers, T.W., Ernest, H.B., Cushman, S.A., Boyce, 

W.M., 2018. Are all data types and connectivity models created equal? 

Validating common connectivity approaches with dispersal data. Divers. 

Distrib. 24, 868–879. https://doi.org/10.1111/ddi.12742 

Ziolkowska, E., Ostapowicz, K., Kuemmerle, T., Perzanowski, K., Radeloff, V., 

Kozak, J., 2012. Potential habitat connectivity of European bison (Bison 

bonasus) in the Carpathians. Biol. Conserv. 146, 188–196. 

https://doi.org/10.1016/j.biocon.2011.12.017 

Zmelik, K., Schindler, S., Wrbka, T., 2011. The European Green Belt: International 

collaboration in biodiversity research and nature conservation along the 

former Iron Curtain. Innovation 24, 273–294. 

https://doi.org/10.1080/13511610.2011.592075 

  



 

 
 

 

 

 

 

 

 

 

 

 

 

 
Appendices 

 

 



 

 
 

 

 

 

 

 

 

 

 

 

 

 

 

   

 

  



Appendices 

239 

 

Appendix 1: List of biotopes considered in this study and their related PNV. 

Biotopes are referred to by their EUNIS classification adapted to Wallonia and 

Habitats Directive classification (asterisks indicate habitat of priority European 

interest). Greyish biotopes are those shared by multiple PNV and are not considered 

in model calibration and validation. PNV are sorted by a humidity gradient of their 

ecological context from marshy to xeric. 

EUNIS 
Code 

Habitats 
Directive 
code 

Biotope names 
Potential Natural 

Vegetation 
Code 

D1.1 7110* Raised bogs 

Sphagnum Betula 
woods 

SB 

D2.2  Poor fens and soft-water spring mires 

D2.3  Transition mires and quaking bogs 

F9.2 7140 Salix carr and fen scrubs 

G1.51 91D0* Sphagnum Betula woods 

D5.21e  Beds of large Carex spp. 

Alnus swamp 
woods 

AS 

D4.1 7230 Alkaline fens 

E5.4  
Moist or wet tall-herb and fern fringes and 

meadows 

F9.2  Salix carr and fen scrub 

G1.4   
Broadleaved swamp woodland not on acid 

peat 

E2.11ba  
Permanent grazed meadows with little or 

no fertilization (Junco-Cynosuretum) 

Quercus and 
Betula forests with 
Molinia 

 

QBM 

E3.42  Juncus acutiflorus meadows 
E3.51 6410 Molinia caerulea meadows 

E3.52 4010 Humid Nardus stricta swards 

F4.11 4010 Northern wet heaths 

F4.11b 4010 
Heathlands with Vaccinium and Erica 

tetralix 

F4.13  Molinia caerulea degraded wet heath 

G1.81 9190 Quercus -Betula woods with Molinia 

G1.911a 9190 
Betula facies of Quercus-Betula woods with 

Molinia 

E2.11ba 
 
 

Permanent grazed meadows with little or 
no fertilization (Junco-Cynosuretum) 

Riparian and 
gallery woodland 

 
RG 

E2.2 6510 Low and medium altitude hay meadows 
E5.4 
 

6430 
 

Moist or wet tall-herb and fern fringes and 
meadows 

F9.12 91E0* Lowland and collinar riverine Salix scrub 

G1.1 91E0* 
Riparian and gallery woodland, with 

dominant Alnus, Betula, Populus or Salix 

G1.2 91E0*, 91F0 
Mixed riparian floodplain and gallery 

woodland 

E2.11ba 
 
 

Permanent grazed meadows with little or 
no fertilization (Junco-Cynosuretum) Fammenian 

Quercus and Carpinus 
forests 

FQC E2.2 6510 Low and medium altitude hay meadows 

E3.51 6410 Molinia caerulea meadows 
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E5.4  
Moist or wet tall-herb and fern fringes and 

meadows 

G1.A15a 9160 
Famennian Quercus - Carpinus 

betulus forests on schist   

E2.11ba  
Permanent grazed meadows with little or 

no fertilization (Junco-Cynosuretum) 

Neutrophile 
Quercus and Fraxinus 
forests on wet soils 

 NQF 

E2.2 6510 Low and medium altitude hay meadows 

E5.4 
 

 
Moist or wet tall-herb and fern fringes and 

meadows 

G1.A1ba  
Atlantic neutrophile Quercus and Fraxinus 

forests on hydromorphic soils 

G1.A1da 9160 
Sub-Atlantic neutrophile Quercus and 

Fraxinus forests on hydromorphic soils 

E2.11ba  
Permanent grazed meadows with little or 

no fertilization (Junco-Cynosuretum) 

Acidophilous 
Quercus and Carpinus 
forests on wet soils 

AQC 

E2.2 6510 Low and medium altitude hay meadows 
E2.3 6520 Mountain hay meadows 
E3.51 6410 Molinia caerulea meadows 

G1.A1aa  
Atlantic acidoclinic Quercus and Carpius 

forests on hydromorphic soils 

G1.A1ca 9160 
Sub-Atlantic acidoclinic Quercus and  

Carpinus  forests on hydromorphic soils 

E2.11bb  
Permanent grazed meadows with little or 

no fertilization (Galio-Trifolietum) 

Neutrophile Fagus 
forests 

NF 

E2.2 6510 Low and medium altitude hay meadows 

G1.63 9130 Medio-European neutrophile Fagus forests 

G1.A1bb  
Atlantic neutrophile Quercus and Fraxinus 

forests substitute to Fagus 

G1.A1db 9130 
Sub-Atlantic neutrophile Quercus and 

Fraxinus forests substitute to Fagus  

H2.3 8150 Medio-European upland siliceous screes 

Wet and Shady 
Ravine forests 

WSR 

H2.6 8160* 
Medio-European calcareous scree of hill 

and montane levels 

G1.A41a 9180* 
Acer and Tilia forests with Asplenium 

scolopendrium 

G1.A41b 9180* Acer and Ulmus Ardennes forests 

E1.71 6230* Nardus strica swards 

Acidophilous Fagus 
forests 

 
AF 

E2.11bc  
Permanent grazed meadows with little or 

no fertilization (Festuco-Cynosuretum) 
E2.2 6510 Low and medium altitude hay meadows  
E2.3 6520 Mountain hay meadows 

F4.2 4030 Dry heaths 

G1.61 9110 Medio-European acidophilous Fagus forests 

G1.62 9120 Atlantic acidophilous Fagus forests 

G1.82 9120 
Atlantic acidophilous Fagus - Quercus 

forests 

G1.87a  
Medio-European acidophilous non-

thermophilic Quercus forests 

G1.A1ab 9120 
Atlantic acidoclinic Quercus and Fraxinus 

forests substitute to Fagus  

http://biodiversite.wallonie.be/fr/9160-chenaies-charmaies-ou-chenaies-frenaies.html?IDD=234881119&IDC=1872
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G1.A1cb  
Sub-Atlantic acidoclinic Quercus and 

Fraxinus forests substitute to Betula 

E1.26 6210* Sub-Atlantic semi-dry calcareous grassland 

Calcareous Fagus 
and Quercus forests 

CFQ 

E1.27 
  

6210* 
 

Sub-Atlantic very dry calcareous grassland  

E2.2 
 

6510 
 

Low and medium altitude hay meadows  
 

F3.1b  Calcareous thermophile thickets  

G1.66 9150 Medio-European limestone Fagus forests 

G1.71  Western Quercus pubescens woods and 
related communities 

G1.A17 9150 Sub-Atlantic calciphile Quercus - Carpinus 
betulus forests 

F4.2 4030 Dry heaths 
Thermophile 

Acidophilous Quercus 
forests 

TAQ 
H2.3 8150 Medio-European siliceous scree 
G1.87b   Medio-European thermophile acidophilous 

Quercus forests 

E1.28 6210* 
Xerophilous grasslands on calcareous-

siliceous rocks 

Xerophile 
Fammenian Quercus 
and Carpinus forests 

XFQC 

F4.2 4030 Dry heaths 

H2.3 8150 Medio-European siliceous scree 

H2.6 
 

8160* 
 

Medio-European calcareous scree of hill 
and montane levels 

G1.A15b  
Famennian xerophile Quercus - Carpinus 

betulus forests  
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Appendix 2: Evolution of PNV reference data areas through spatial sampling and 

calibration filtering. 

PNV Area before 

main biotopes 

polygon shrinking 

(ha) 

Area before 

spatial sampling 

(ha) 

Area after 
spatial sampling 
(ha) 

Area used 
for 
calibration 
(ha) 

Area used 

for 

validation 

(ha) 

SB 485.3 485.3 72.5 50.8 412.8 

AS 229.2 229.2 201.5 141.1 27.7 

QBM 1509.9 1509.9 207.0 144.9 1302.9 

RG 1086.9 1086.9 482.5 337.8 604.4 

FQC 15367.7 9481.6 92.5 64.8 9389.1 

NQF 3231.0 3231.0 223.5 156.5 3007.5 

AQC 38.5 38.5 11.5 8.1 27.0 

NF 12031.9 6055.4 484.0 338.8 5571.4 

WSR 639.7 639.7 135.5 94.9 504.2 

AF 75022.3 42199.3 798.5 559.0 41400.8 

CFQ 5375.7 2442.6 187.5 131.3 2255.1 

TAQ 67.2 67.2 35.0 24.5 32.2 

XFQC 133.4 133.4 12.0 8.4 121.4 

Total 115218.7 67600.0 2943.5 2060.5 64656.5 
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 Appendix 3: Results of individual PNV modeling  

Table 1: Accuracy metric results of predictive maps for each PNV. The total area of 

reference biotopes used to model each PNV is presented in hectares (ha). Area under the 

curve and overall accuracy are respectively referred as AUC and OA. Producer (PA) and 

user accuracy (UA) above 0.8 (considered to be highly accurate for our objectives) are 

highlighted in bold text. The five most important predictors based on the Gini index are also 

presented.  

Potential 
Natural 
Vegetation 

Code Area 
used for 
calibrati
on (ha) 

AUC OA PA UA 5 most 
important 
variables 
(based on Gini 
Index) 

Sphagnum 
Betula woods 

SB 50.8 0.997 0.998 0.824 0.829 Organic; 

Drainage; 

Climatic_pca_1; 

Sand; Silt 

Alnus swamp 
woods 

AS 141.1 0.997 0.999 0.814 0.826 TPI; 

Climatic_pca_1; 

Hydric_lvl; 

AnnualVariation

Precipitation; 

Climatic_pca_2 

Quercus and 
Betula forests 
with Molinia  

QBM 144.9 0.995 0.993 0.816 0.861 Climatic_pca_

1; Drainage; 

Slope_prc; 

AnnualVariation

Precipitation; 

Sand 

Riparian and 
gallery woodland 

RG 337.8 0.995 0.995 0.816 0.818 Water_int; 

TPI; Hydric_lvl; 

Climatic_pca_1; 

AnnualVariation

Precipitation 
Fammenian 

Quercus and 
Carpinus forests 

  

FQC 64.8 0.996 0.971 0.886 0.909 Climatic_pca_

1; TPI; 

Trophic_lvl; 

Hydric_lvl; Silt 

Neutrophile 
Quercus and 
Fraxinus forests 
on wet soils  

NQF 156.5 0.995 0.990 0.877 0.915 Climatic_pca_

1; 

AnnualVariation

Precipitation; 

TPI; 

Climatic_pca_2; 

Silt 
Acidophilous 

Quercus and 
Carpinus forests 
on wet soils 

AQC 8.1 0.998 1.000 0.624 0.632 Climatic_pca_

1; 

Climatic_pca_2; 

AnnualVariation
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Precipitation; 

Sand; SunSpring 

Neutrophile 
Fagus forests 

NF 338.8 0.990 0.982 0.875 0.919 Climatic_pca_

1; 

AnnualVariation

Precipitation; 

Climatic_pca_2; 

Silt; Sand 

Wet and shady 
ravine forests 

WSR 94.9 0.989 0.994 0.635 0.670 Slope_prc; 

SunSpring; 

Radiative_SS; 

Sand; 

Climatic_pca_1 

Acidophilous 
Fagus forests 

AF 559.0 0.992 0.962 0.969 0.971 Sand; 

Climatic_pca_1; 

Hydric_lvl; 

AnnualVariation

Precipitation; 

Climatic_pca_2 

Calcareous 
Fagus and 
Quercus forests 

CFQ 131.3 0.993 0.990 0.852 0.862 Calcareous; 

TPI; 

Climatic_pca_1; 

Trophic_lvl; 

Sand 

Thermophile 
acidophilous 
Quercus forests 

TAQ 24.5 0.994 0.999 0.506 0.442 Slope_prc; 

TPI; 

Radiative_SS; 

Hydric_lvl; 

Climatic_pca_1 

Xerophile 
Fammenian 
Quercus and 
Carpinus forests 

XFQC 8.4 0.997 0.999 0.661 0.839 Radiative_SS; 

Climatic_pca_1; 

SunSpring; 

Trophic_lvl; 

AnnualVariation

Precipitation 
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Figure 1: An example of individual PNV models with prediction of the presence of 

calcareous Fagus and Quercus forests succession. Transparent blue polygons represent the 

presence of biotopes used to model this PNV. Transparent red polygons refer to other 

biotopes surveyed. This predictive map was created using different thresholds of user 

accuracy. For instance, dark green represents areas where there is 90 to 100% chance of 

finding ecological contexts for the development of the calcareous Fagus and Quercus forests 

PNV according to the individual model. White areas are no data. 
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Appendix 4. Differences of accuracy metric results of the classification map for 

each PNV discarding mixed areas compared to previous classification. Producer 

(PA) and user accuracy (UA) above 0.8 (considered as highly accurate for our 

objectives) are highlighted with bold text. Values between 0.5 and 0.8 are in normal 

text (considered as sufficiently accurate for our objectives). 

Potential Natural Vegetation Code 
Biotopes 

of reference 
extent (Ha) 

PA 
trends 

UA trends 

Sphagnum Betula woods SB 214 +0.020 +0.041 

Alnus swamp woods AS 220 +0.002 +0.058 

Quercus and Betula forests 
with Molinia  

QBM 1522 +0.016 +0.082 

Riparian and gallery woodland RG 1056 +0.005 +0.076 

Fammenian Quercus and 
Carpinus forests 

 

FQC 3222 +0.001 +0.051 

Neutrophile Quercus and 
Fraxinus forests on wet soils 

NQF 3222 +0.006 +0.013 

Acidophilous Quercus and 
Carpinus forests on wet soils 

AQC 35 +0.001 +0.066 

Neutrophile Fagus forests NF 11902 +0.001 +0.027 

Wet and shady ravine forests WSR 622 +0.007 +0.043 

Acidophilous Fagus forests AF 75059 +0.013 -0.006 

calcareous Fagus and Quercus 
forests 

CFQ 5285 +0.001 +0.022 

Thermophile acidophilous 
Quercus forests 

TAQ 66 +0.005 +0.156 

Xerophile Fammenian Quercus 
and Carpinus forests 

XFQC 133 +0.016 +0.058 
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Appendix 5. Extraction from complete Chi² analysis result 

taxprio freq_sp AS SB TAQ 

Carex appropinquata 116 1888.45172 -2.534498 -0.1913985 

Filipendula ulmaria 5904 1211.43384 8.44347008 -9.7415255 

Cirsium oleraceum 1388 1177.01879 -9.8992493 -2.2901825 

Caltha palustris 3553 1155.8387 215.594892 -5.8624051 

Triglochin palustris 101 1059.28885 -2.2067612 -0.1666487 

Equisetum palustre 997 955.877643 3.89938375 -1.6450374 

Oenanthe peucedanifolia 82 863.300563 -1.7916279 -0.135299 

Carex limosa 54 793.307815 -0.0274161 -0.0890993 

Comarum palustre 1855 783.61341 3117.65268 -3.0607266 

Crepis paludosa 655 780.285694 70.1676642 -1.0807417 

Juncus acutiflorus 2084 777.21961 1228.02529 -3.4385737 

Lychnis flos-cuculi 3133 766.255859 55.3369513 -1.9431931 

Cirsium palustre 4954 740.981261 253.843848 -8.1740375 

Menyanthes trifoliata 1200 739.273929 3473.51138 -1.9799849 

Persicaria bistorta 4058 723.343817 712.466265 -6.6956488 

Carex disticha 710 714.766164 -1.3128481 -1.171491 

Angelica sylvestris 4467 689.945784 153.501542 -7.3704936 

Lotus pedunculatus 3133 685.692079 144.763609 -3.3628561 

Phalaris arundinacea 2501 684.691742 17.9918405 -4.1266184 

Galium palustre 2026 679.757877 173.883866 -3.3428744 

Pedicularis palustris 111 675.283921 -2.4252524 -0.1831486 

Ranunculus lingua 91 662.455552 -1.98827 -0.1501489 
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Appendix 6: Habitat suitability map of the wildcat in study area with wildcat 

observations used to build the model with the data-driven approach. 
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Appendix 7: Percent contribution of each variable used to build the MaxEnt 

model. Only variables with a contribution > 1% were retained to construct this table. 

Variable code Variable 
Percent 
contribution 

NeedLV250 
Proportion of needle leaved forests in a 
250m radius 

36.5 

Light 
 
Artificial Light 
 

21.1 

Artif250 
Proportion of artificialized elements in a 
250m radius 

8.5 

Bare250 
 
Proportion of bare soils in a 250m radius 
 

7.4 

NOpen 
Proportion of natural open areas inside 
ecotope 

2.8 

BroadLV 

 
Proportion of broad-leaved forest inside 
ecotope 
 

2.8 

Artif 
Proportion of artificialized elements inside 
ecotope 

2.6 

COpen250 

 
Proportion of forest gap or clear cut in a 
250m radius 
 

2.3 

SunSpring Incident sun light in spring 2.2 

BroadLV 

 
Proportion of needle-leaved forest inside 
ecotope 
 

1.8 

NOpen250 
Proportion of natural open areas in a 
250m radius  

1.7 

BroadLV250 

 
Proportion of broad-leaved forest in a 
250m radius 
 

1.6 
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Appendix 8: Resistance maps used to perform connectivity analysis. 
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Appendix 9: Schematic representation of the connectivity of habitat patches for 

each approach.  

 

 



 

 
 

Appendix 10: Data table gathering species traits information and ecosystem network affiliation.  

Taxa Group Network Specialization Size Dispersal ability Trophic level 

Apatura iris Lepidoptera Deciduous forests Specialist Tall Medium Low 

Apodemus flavicollis Mammals Deciduous forests Medium Small Low Low 

Arethusana arethusa Lepidoptera Dry grasslands Specialist Medium High Low 

Argynnis adippe Lepidoptera Deciduous forests Medium Medium Medium Low 

Argynnis paphia Lepidoptera Deciduous forests Medium Tall Medium Low 

Barbastella 
barbastellus 

Mammals Deciduous forests Specialist Medium High High 

Boloria dia Lepidoptera Dry grasslands Medium Small Medium Low 

Boloria euphrosyne Lepidoptera Deciduous forests Medium Medium Medium Low 

Calosoma inquisitor Coléoptère Deciduous forests Specialist Medium Low Medium 

Cerambyx cerdo Coléoptère Deciduous forests Medium Tall High Low 

Cervus elaphus Mammals Deciduous forests Medium Tall High High 

Cicadetta montana Homoptères Deciduous forests Medium Tall Medium Low 

Colias alfacariensis Lepidoptera Dry grasslands Medium Medium Medium Low 

Cordulegaster 
bidentata 

Odonates Deciduous forests Specialist Tall Medium Medium 

Cupido minimus Lepidoptera Dry grasslands Specialist Small Low Low 

Erebia aethiops Lepidoptera Dry grasslands Medium Medium Low Low 

Erynnis tages Lepidoptera Dry grasslands Medium Small Low Low 

Felis silvestris Mammals Deciduous forests Specialist Medium High High 

Glaucopsyche arion Lepidoptera Dry grasslands Specialist Small Low Low 

Glis glis Mammals Deciduous forests Specialist Small Low Low 

Gnorimus nobilis Coléoptère Deciduous forests Medium Medium Low Low 

Hipparchia semele Lepidoptera Dry grasslands Specialist Tall Medium Low 
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Iphiclides podalirius Lepidoptera Dry grasslands Specialist Tall Medium Low 

Lasiommata maera Lepidoptera Dry grasslands Specialist Medium Medium Low 

Limenitis camilla Lepidoptera Deciduous forests Specialist Medium Medium Low 

Limenitis populi Lepidoptera Deciduous forests Specialist Tall Medium Low 

Lucanus cervus Coléoptère Deciduous forests Specialist Tall Medium Low 

Meles meles Mammals Deciduous forests Medium Medium Medium High 

Melitaea aurelia Lepidoptera Dry grasslands Specialist Medium Low Low 

Melitaea cinxia Lepidoptera Dry grasslands Specialist Medium Medium Low 

Melitaea didyma Lepidoptera Dry grasslands Specialist Medium High Low 

Myotis alcathoe Mammals Deciduous forests Medium Small Medium High 

Myotis bechsteinii Mammals Deciduous forests Specialist Small High Medium 

Neozephyrus quercus Lepidoptera Deciduous forests Specialist Small Low Low 

Nymphalis polychloros Lepidoptera Deciduous forests Medium Tall High Low 

Polyommatus bellargus Lepidoptera Dry grasslands Specialist Small Medium Low 

Polyommatus coridon Lepidoptera Dry grasslands Specialist Small High Low 

Prionus coriarius Coléoptère Deciduous forests Specialist Tall Medium Low 

Pyrgus armoricanus Lepidoptera Dry grasslands Specialist Small Low Low 

Pyrgus serratulae Lepidoptera Dry grasslands Specialist Small Low Low 

Rhinolophus 
ferrumequinum 

Mammals Deciduous forests Medium Small Medium Medium 

Rhinolophus 
hipposideros 

Mammals Deciduous forests Medium Small Medium Medium 

Satyrium ilicis Lepidoptera Deciduous forests Specialist Small Medium Low 

Spialia sertorius Lepidoptera Dry grasslands Specialist Small Low Low 

Thymelicus acteon Lepidoptera Dry grasslands Specialist Small Low Low 
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Appendix 11: The different cost of dispersion for each species  

Land-cover Erebia 
aethops 

Spialia 
sertorius 

Melitea 
cinxia 

Neozeph- 
yrus 
quercus 

Limenitis 
camilla 

Myotis 
nattereri 

Lucanus 
cervus 

Meles 
meles 

Water 1000 1000 1000 1000 100 100 1000 1000 

Wet and 
alluvial 
grasslands 

10 10 100 100 10 10 100 10 

Dry 
grasslands 

1 1 1 100 100 10 100 10 

Mesophilic 
grasslands 

10 1 10 100 10 10 100 10 

Crops 100 100 100 1000 1000 100 1000 100 

Intensive 
grasslands 

100 100 100 1000 1000 100 1000 10 

Mixed 
agricultural 
lands 

100 100 100 1000 1000 100 1000 100 

Groves and 
edges 

10 10 10 1 1 1 1 10 

Wet and 
alluvial 
deciduous 
forests 

100 100 100 1 1 1 1 1 

Mesophilic 
deciduous 
forests 

100 100 100 1 1 1 1 1 

Dry 
deciduous 
forests 

100 10 100 1 1 1 1 1 

Coniferous 
forests 

1000 1000 1000 100 1000 100 100 100 

Clearcuts and 
regenerations 

10 10 10 10 100 10 10 10 

Artificialized 1000 1000 1000 1000 1000 1000 1000 1000 

Mixed 
arificialized  

1000 1000 1000 1000 1000 1000 100 1000 

Parks 100 100 100 10 100 100 1 1000 

Gardens 100 100 100 10 100 1000 10 1000 

Bare soil 100 10 1000 1000 1000 1000 1000 1000 

Highways 1000 1000 1000 1000 1000 1000 1000 1000 

Major roads 100 100 100 100 100 10 100 100 

Minor roads 10 10 10 10 10 10 10 10 
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Appendix 12: Complete review on evaluation of ES supply in EN framework 

1. Introduction 

Despite considerable efforts made since the last century within the field of nature 

conservation, continuous anthropogenic changes have caused a wide fragmentation 

of the natural landscape. This fragmentation causes loss of natural habitats and their 

isolation in the landscape (Hanski, 2005; Stanners and Bourdeau, 1995). This is 

especially the case in areas with highly concentrated human populations, such as in 

Western Europe (Hansson et al., 1992; Jongman et al., 2004; Luck, 2007) where 

natural areas are becoming remnants in an anthropogenic matrix. With this high rate 

of fragmentation, flows of species populations through the landscapes are limited 

(Hansson et al., 1992; Jongman et al., 2004). Therefore, meta-population processes 

struggle which increases their extinction rates (Hansson et al., 1992).  

To address the lack of connectivity into landscape planning, the concept of 

ecological network (EN) has been developed and seems to act as the main dynamic 

and pragmatic strategy to face biodiversity loss (Melin, 1997; Opdam et al., 2006). 

This concept could be defined as a set of homogenous ecosystems linked together 

through flows of organisms in a spatially coherent way and interacting with the 

surrounding landscape matrix (Opdam et al., 2006). Other authors see in EN a way 

to summarize a biological landscape and its different flows of organisms into an 

operational map useful for land-use management (Melin, 1997; Mougenot and 

Melin, 2000). Moreover, various definitions of the EN concept illustrate how 

malleable the concept is (Bennett and Mulongoy, 2006; Bernier and Théau, 2013; 

Melin, 1997).  

More recently, the concept of ecosystem services has been developed, defined as 

the benefits provided by ecosystems to human populations (MA, 2003). Numerous 

initiatives integrated this concept into a new landscape planning management, 

notably due to the European Green Infrastructure strategy (European Commission, 

2013; Liquete et al., 2015). Green Infrastructures are defined as a network of natural 

or semi-natural ecosystems providing ES (European Commission, 2013). This 

definition is close to EN except it integrates the function of providing ES. However, 

EN are not completely implemented in all European countries and regions and 

initiatives are still in course. Due to the development of new strategies such as GI, it 

is important for practitioners to know if their efforts to implement EN will not be 

quickly outdated. Connected ecosystem through EN initiatives could also be used as 

a basis to GI planning which could avoid mapping another network. The question of 

compatibility between EN and GI framework is therefore a major issue. 

Last literature reviews on ENs and their application date back from more than 

fifteen years ago (Bennett and Wit, 2001; Jongman et al., 2004). The present paper 

will address this gap of knowledge by carrying a literature review on recent 
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publications and applications of the EN concept and by analyzing how well the ES 

concept is integrated. Since the EN concept has already been debated and presented 

in those previous reviews, our objective focuses on clarifying the appropriation level 

of the EN concept and of its multifunctional ambition and its adequacy with GI 

strategy. To do so, the present study reviews peer-reviewed literature addressing EN 

and GI concepts. More precisely, the paper addresses the following aims:  

 

• To present a review of the latest research based on the concepts of both EN 

and GI in Europe in order to identify trends in the inclusion of ES concepts. 

 

• To assess to which point the scientific community integrates the ES concept 

into the creation and mapping of EN. 

 

• Have ENs become obsolete since the arrival of GIs or are the two concepts 

compatible?   

 

3.1. Method 

A systematic review of the peer-reviewed scientific literature has been conducted 

using the Scopus database by searching the following terms: ("Ecological network"  

OR  "Green infrastructure" ) in the title, keywords, or abstract AND ( ( ( species  

W/15  connectivity )  OR  ( habitat  W/15  connectivity )  OR  ( landscape  W/15  

fragmentation )  OR  ( habitat  W/15  fragmentation )  OR  ( species  W/15  corridors 

)  OR  ( landscape  W/15  connectivity ) ) ) in all document.  The W/15 operator 

allows to search two terms that can be separated by maximum 15 words. This allows 

getting a less strict research with resulting document that can cite, for instance, 

“connectivity of species” instead of “species connectivity”. This results to 511 

papers (100%). All papers that are not in the scope of this review were discarded. To 

do so, all abstracts were screened and papers that did not address the subject of a 

network of natural or semi-natural habitats were eliminated. Thus, papers discussing 

only the evaluation of ES and not the connectivity of GI were also discarded as this 

review focus on the concept of EN. Also, book chapters, documents in other 

languages than English and case of studies out of Europe were eliminated. This led 

to 197 documents (38%). These papers were sorted in 4 categories using a 

dichotomous key (Figure 1). (1) Documents that did not mention ES were identified. 

The terms “ecosystem service” were searched through the entire document for all 

197 papers. This represented 134 papers (26%). (2) 38 papers (7%) mentioned 

ecosystem services only in the body of the paper, and not in the abstract. Papers 

mentioning ecosystem services in their abstract were then entirely read. (3) Papers 

not evaluating them (14 papers, 3%) were split from (4) papers evaluating ES (9 

papers, 2%). Evaluations of the regulating ES “Maintaining habitat of species” were 
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not taken in account and reallocated in the previous category. This ES is too close to 

nature conservation objectives that are encompassed in classic EN planning. Indeed, 

the goal of this step is to identify elements bringing EN to a multifunctional purpose 

by ensuring ES delivery simultaneously to conserving biodiversity. 

Papers evaluating ES were carefully examined and the following pieces of 

information were integrated in a table: the name of evaluated ESs, the sources or 

tools that helped the evaluation, the geographical extent of this evaluation and 

authors and year of publication. The different ES evaluated were also classified 

using the latest CICES classification (Haines-Young and Potschin-Young, 2018) to 

allow comparison across case studies. ES supply evaluation derived from existing 

map dataset are commonly used and the extent of the original data was indicated. To 

differentiate the use of pre-existing dataset of ES evaluation, “study area” was noted 

in the extent column if an evaluation was done for the purpose of the study.  

 

Figure 1: Dichotomy key used to sort the different papers of this review. 

4.3. Results and Discussion 

4.3.1. Evolution of inclusion of ecosystem services concept through time  

Results from paper sorting were summarized with two temporal plots (Figure 29). 

First, a comparative plot with cumulative number of publications with and without 

ecosystem services mentioned (based on the second sorting) was realized to compare 

the evolution of the number of studies mentioning ES and those who does not. Then 

a second plot distinguish the different inclusion of ES concept in EN by addressing 
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the number of publications only mentioning ES, those mentioning ES in their 

abstract too and those going further by dealing with ES supply evaluation. 

While papers concerning ENs are published consistently, the mention about ES 

really starts after 2010 (even if the first mention was in 2004). This year corresponds 

to the development of the GI strategy by EU. Thereafter, an increase of publications 

mentioning ESs in ENs can be seen. The research about ENs is principally dedicated 

to methodological developments (Bruinderink et al., 2003; Meier et al., 2005; 

Villemey et al., 2018). On this topic, an important quantity of papers is studying the 

use of spatial graph theory in the identification of species habitat networks (Clauzel 

et al., 2018; Foltête, 2019; Pereira, 2018). Indeed, identifying species corridors 

connecting landscape patches is complex and different approaches exist with their 

respective pros and cons (Gurrutxaga and Saura, 2014; Stevenson-Holt et al., 2014). 

The other fields of research are more concerned by theoretical discussions about the 

integration of EN in policies (Andrian, 2015; Beunen and Hagens, 2009; Romano 

and Zullo, 2015) or by the ways to make ENs more reliable and coherent (Baguette 

et al., 2013; Battisti, 2013, 2003). 

The way ES are integrated in EN research has changed over time (Figure 2). First 

paper mentioning ESs cites them in their discussion as an added value delivered to 

give weight to some less natural part of ENs or to show a relative importance of ENs 

for policies (Leibenath, 2011; Zmelik et al., 2011). But it can be seen that even if the 

mention of ES has increased, few papers (24) consider them as sufficiently 

important to be cited in their abstract (e.g. Mander et al. 2018; Hatziiordanou et al. 

2019). The latest articles generally place the challenges of delivering ESs at the 

same level as those of conserving biodiversity in the core of their study (Cunha and 

Magalhães, 2019; Ersoy et al., 2018; Marini et al., 2019). Some even consider ENs 

as multi-functional GI even speaking of socio-ecological networks/systems (Arnaiz-

Schmitz et al., 2018; Capotorti et al., 2019a; Cunha and Magalhães, 2019). Among 

these 9 papers, two are reviews speaking about the evaluation of ES supply and 7 are 

really applying a method of EN planning with ES’s evaluation. This represents only 

4% of the papers treating about EN planning and most of them were published in the 

last 2 years. 
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Figure 2: Cumulative line plot of number of publication by year for two categories of 

paper: those mentioning ES and those who do not. Papers published in 2020 were discarded 

for the plot construction because the year is not yet over. 

Beyond scientific initiatives, national and regional initiatives of EN planning led 

by nature practitioners are also including ES concept in their planning (Sordello et 

al., 2013b). But ES supply is only cited as an indirect product of EN restoration to 

give weight to EN in land-use planning thanks to the benefits provided by 

ecosystems and their economic value. Moreover, stakeholders are probably 

encouraged to cite ES because of the GI strategy developed by the European 

Commission. However, we are far from a complete integration such as the 

development of socio-EN as defined by some authors (Arnaiz-Schmitz et al., 2018; 

Capotorti et al., 2019a; Cunha and Magalhães, 2019). This is probably due to a lack 

of reproducible methods or a lack of expertise in an emerging research field. 

It is interesting to highlight that the majority of papers evaluating ES supply use 

the term of GI as a concept integrating both EN and ES concepts (Cannas et al., 

2018; Capotorti et al., 2019a; Liquete et al., 2015). Some GI papers are even not 

citing EN as such but still integrate ecological corridors issues (Rodríguez-Espinosa 

et al., 2019; Snäll et al., 2016). Only one still considers that EN concept is sufficient 
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to take into account ES supply issues and does not use the term of GI (Newton et al., 

2012) but GI concept was not well spread at this time. We can see that EN and GI 

are not complementary terms but GI has supplanted ES over time to englobe a 

concept including a multifunctional network strategy. Even if GI concept rely on a 

framework connecting natural and semi-natural elements such as EN. But this 

statement is only true for papers addressing EN issues, the use of GI concept with no 

link to EN concept and focusing only on ES supply is still in use (Badenhausser et 

al., 2020; Mullins et al., 2020). 

4.3.2. Toward multifunctional ecological network planning 

The integration of EN and ES concepts into one multifunctional framework was 

analyzed for the nine papers including ES supply evaluation in EN planning. The 

resulting networks are now called “multifunctional network” to differentiate them 

from classic EN planning and from GI initiative that do not consider EN issues. 

 The first parameter is the ES typology relied on. Some authors use international 

nomenclatures, such as CICES (Common International Classifications of Ecosystem 

Services) or EEA’s (European Environment Agency) classification (Lanzas et al., 

2019; Liquete et al., 2015; Rodríguez-Espinosa et al., 2019). Others refer to ESs 

with a coarser definition due to the peculiarities of the method or software used 

(Arcidiacono et al., 2016; Cannas et al., 2018; Capotorti et al., 2019a, 2019b).  

By analyzing the table summarizing the different ES evaluated, we can identify 

some patterns (Figure 3). Regulation and maintenance services are the most 

evaluated ones, in most cases. They regroup ES dealing mostly with “atmospheric 

composition”, “mediation of wastes or toxic substances of anthropogenic origin by 

living processes” or “regulation of baseline and extreme events”. The latter is also 

the most represented group of ES evaluated in the different studies. Provisioning 

evaluated ES are principally represented by “Cultivated terrestrial plants for 

nutrition, materials and energy” group. Cultural services are mainly represented by 

“Physical and experimental interactions with natural environment” and “Intellectual 

and representative interactions with natural environment”. In half of the cases, ES 

supply are evaluated through a proxy calculation and is mostly used for “Regulation 

and maintenance” ES (68% of cases) while panel evaluation (interviews or expert 

panels) methods apply mainly for cultural ES (50% of cases), which are qualitative 

assessments. They are also sometimes evaluated through quantitative assessments by 

estimating ,for instance, touristic attractiveness using location data of social media 

Flicker (Cannas et al., 2018) or using monetary evaluation (Cannas et al., 2018; 

Newton et al., 2012). In general, ES are selected based on the availability of the 

different data or on regional specificities such as traditional mushroom picking by 

instance (Lanzas et al., 2019).   
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Figure 3: Pie charts resuming the different classification made to identify patterns in ES 

supply evaluation in EN context. We have, the proportion of CICES section to identify the 

main section of ES evaluated (a), a more precise identification based on the CICES group (b) 

and finally the different type of evaluation performed (c). 

 

Concerning the context within analyses are performed, the planning of 

multifunctional networks implies a demand for ES supply explaining why a lot of 

studies (3 out of 7) are carried out in urban contexts (Capotorti et al., 2019b, 2019a; 

Rodríguez-Espinosa et al., 2019). By contrast, Liquete et al. (2015) include rural 

environments into GI, due to the scale of their study (EU) implying a high 

proportion of rural environment. Those different contexts also create different levels 

of complexity to choose between production and biodiversity conservation priority 

land-use (Lanzas et al., 2019; Liquete et al., 2015; Newton et al., 2012; Rodríguez-

Espinosa et al., 2019; Snäll et al., 2016). This led to inherent trade-offs analysis 

affecting an important component of multifunctional network planning: the zonation 

of the network. 
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Preserving ES supply and biodiversity is difficult as it does not always lead to 

preserving the same areas (Venter et al., 2009). Thus, authors suggest a systematic 

planning approach based on prioritization of zones to help address conflicting issues 

(Lanzas et al., 2019). The multifunctional framework used through the papers 

scrutinized could be split into two types of zones: core areas and mixed zones. Cores 

areas are the most common zone represented in most of studies analyzed here 

(Cannas et al., 2018; Capotorti et al., 2019b, 2019a; Lanzas et al., 2019; Liquete et 

al., 2015; Niemelä et al., 2010; Rodríguez-Espinosa et al., 2019). They are 

principally devoted to biodiversity conservation or they also include ES supply that 

are compatible with biodiversity conservation (Lanzas et al., 2019). Cores areas of a 

multifunctional network represent also areas were biodiversity conservation and ES 

supply are both maximized (Liquete et al., 2015). The other kind of zones (“mixed 

zones”) represents a gradient were we can find areas with ES supply but where 

biodiversity conservation has lower priority due to its conservation status or 

preservation state (Lanzas et al., 2019). Finally, we can find zones that are 

considered opposed to conservation goals and that only focus on ES supply (Lanzas 

et al., 2019). Those areas are often excluded from the multifunctional network and 

thus not considered (Lanzas et al., 2019; Liquete et al., 2015). 

The question of connectivity between core areas is not put aside. Some authors use 

species corridors models as important structuring input for the multifunctional 

network planning (Cannas et al., 2018; Liquete et al., 2015; Snäll et al., 

2016).However, methods to do it are not as complex and complete as dedicated 

studies (Gurrutxaga and Saura, 2014; Pereira, 2018). Others suppose that some 

components of their network could play a role of corridors to reconnect core areas 

(Capotorti et al., 2019b, 2019a; Lanzas et al., 2019). Indeed mixed zones with ES 

supply and lower biodiversity conservation goals can play an important role of 

connecting but also playing a role of buffers to protect conservation areas from 

pollution and other impact of intensive human activities (Mubareka et al., 2013).  

This kind of land zoning is really similar to de different zonation known in EN 

planning with core areas, corridors and optional buffer zones(Bennett and 

Mulongoy, 2006; Bernier and Théau, 2013; Melin, 1997). Indeed, buffer zones may 

include areas under sustainable management taking into account portions of 

landscape devoted to production (Bennett and Mulongoy, 2006; Melin, 1997). Thus, 

this idea of landscape partitioning including socio-economic issues (hence ES) in 

EN planning is not recent. Indeed, dealing with trade-offs between nature 

conservation and food production was already brought forward by EN planners 

(Bennett and Mulongoy, 2006; Melin, 1997) . Yet, EN framework could gain 

importance in land management thanks to the ES concept. Biodiversity conservation 

priority networks could benefit from ES supply evaluations by enhancing the role of 

conservation areas but also those with lower conservation value but still important 

for the network as buffer or corridors (Lanzas et al., 2019). However, it can be seen 

that some approaches to map multifunctional networks do not evaluate ES supply 

consistently by taking only into account ES not endangering nature conservation 
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actions and putting aside others such as food production (Capotorti et al., 2019b; 

Lanzas et al., 2019; Liquete et al., 2015). This can be explained by the chosen 

approach or aims of the study. For instance, focusing on regulating and maintenance 

to identify network elements with conservation purposes (Liquete et al., 2015). 

Areas with opposed objectives to nature conservation should be mapped and 

considered for any multifunctional network planning. This issue could be tackled by 

moving forward to a more flexible definition of zones in EN planning and 

developing a real gradient of conservation vs. exploitation (Lanzas et al., 2019). This 

may move EN concept toward multifunctional EN framework. 

We saw that multifunctional networks planning are mainly performed in urban  

context (Capotorti et al., 2019b; Rodríguez-Espinosa et al., 2019),while EN concerns 

principally rural and natural areas (Bernier and Théau, 2013). But integration of EN 

planning in urban and peri-urban areas of paramount importance as most cities have 

nature conservation stakes in their close environment (Beckline and Yujun, 2014; 

Borgström et al., 2012). Due to the benefit of integrating nature and biodiversity in 

cities supplying an important amount of ES (Hamel et al., 2021; Hobbie and Grimm, 

2020), multifunctional ENs could be easily implemented to reconnect urban and 

peri-urban populations to rural and natural ones. This may help to conserve urban 

and peri-urban biodiversity while reducing the permeability to nature of cities. This 

is also the case for intensive agricultural and forestry areas where improving ES 

supply could be an argument to improve connectivity within those areas by defining 

zones sharing conservation and exploitation stakes. 

4.4. Conclusion 

 

What emerges from this literature review is that EN et GI concepts share a lot of 

features. Although GI framework is newer, old EN concepts such as buffer zones are 

still relevant and proposed as important component within multifunctional network 

planning (Lanzas et al., 2019). Moreover, dealing with trade-offs between nature 

conservation and production has already been tackled by both EN and GI planners. 

It can be said that EN planning, and GI strategy are largely compatible. GI can be 

considered as multifunctional networks connecting the different conservation areas 

and not independent GI only aiming for ES supply (Rodríguez-Espinosa et al., 

2019). EN are networks planned principally focusing on biodiversity conservation 

and we have seen that an important part of recent studies focus on developing 

methods to map the most accurate corridors (Duflot et al., 2018a; Ersoy et al., 2018). 

In parallel,  methodological research on ES evaluation is still in course (Boeraeve et 

al., 2020b; Maebe et al., 2019). However, a certain amount of papers build 

multifunctional network while putting biodiversity conservation as a top priority 

assuming that a well-functioning network of ecosystems supply better quality ES 

(Cannas et al., 2018; Liquete et al., 2015; Niemelä et al., 2010). This allows 

understanding that EN concept has not been superseded at all but has just evolved 
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regarding consideration of ES. By including ES into EN planning, connectivity and 

nature conservation issues have now a chance to be put in the center of society’s 

interest. 

Multifunctional networks are maybe oversimplifying connectivity issues or ES 

supply evaluation, but they offer promising avenues for EN research by mixing both 

conservation issues and human needs thanks to trade-off analysis (Newton et al., 

2012). In the future, it could be interesting to see multifunctional network planning 

based on trade-offs analyses performed on results from more complete corridors 

mapping or ES supply evaluation. 

 

 

 

 

 

 


